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Abstract

The thesis comprises four main chapters on chemical reactions and Kinetics of
some of the processes involved in the global mercury cycle. In the first chapter, the UVA
irradiation of aqueous acidic mercuric chloride in the presence of large excess of Fe(III)
organic diacid complexes results in partial reduction of the mercuric ion to elemental
mercury. The pseudo-first-order rate constant (k) for photoreduction reaction is pH-
dependent. Similar results were obtained using visible irradiation although the rates were
ca. 10 times slower.

The mechanism of photoreduction is inferred to involve reaction of Hg(II) with a
secondary photoproduct, the strongly reducing radical anion CO,". No other previous
reports have suggested the involvement of this radical in mercury reduction. In the
presence of dissolved oxygen, competition for CO,” between Hg(II) and O, reduces the
rate and efficiency of mercuric ion reduction. The O, /HO, products do not reduce
Hg(II). On the contrary, their disproportionation leads to the formation of H,O, which
causes a slow reoxidation of Hg(0).

In the second chapter, the reaction rate of UVA photoreduction of Hg(I) ions by
fulvic and humic acids was found to have higher values in the pH range of 5 to 6 which
is relevant to most aquatic environments, within this pH range, speciation calculations
show that most of Hg(Il) will bind to DOC. The effects of environmentally relevant
parameters such as Hg(II)/ HS ratio, and chloride concentration were investigated and the
likely mechanism identified.

The interaction of DOC with Hg species is not only limited to photoreactions but
also the complexation reaction affects the bioavailability and speciation of Hg. This was
the topic of the last two chapters. The kinetic stability of Hg-HS and MeHg-HS
complexes was characterized by different combined techniques; the competitive ligand
exchange method (CLEM) combined with inductively coupled plasma-mass spectrometer
(CLEM-ICP-MS) and the tangential flow ultrafiltration (TFUF) combined to CLEM-
ICP-MS. The Hg-HS complexes can be described by at least two kinetically
distinguished components; the more inert (slow) with a dissociation rate constant in the

order of 107 s'l, and a labile component with a dissociation rate constant in the order of
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1073 s, protons (H") was found to compete with Hg2+ for the strong binding sites, Hg/HS
concentration ratio also was an important parameter, when [Hg**] was high then the
strong binding sites was saturated and the excess Hg bound to the weak sites. For the
MeHg-HS species, our work demonstrates that this complex contains more than two
kinetically distinguished components but the more inert ones have similar kinetic
dissociation and it was difficult to separate them. Even though we spiked our model
solutions with high initial concentration of Hg species (> 1pg/L), our final results show
that only 240-440 ng/L. were found in the kinetically more inert components.

The distributional speciation shows that more than 50% of Hg-HS and MeHg-HS
complexes were found in the colloidal phase of the size fractions > 30 kD. Detailed
kinetic analysis show that the kinetically inert species were predominantly found in the
size fractions of < 5kD. This support the observation that for the low levels of Hg and

MeHg in nature, most is associated with low molecular weight DOC.
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Résumé

La thése se comporte de quatre chapitres principaux sur les réactions chimiques et la
cinétique de certains processus impliqués dans le cycle global du mercure.

Dans le premier chapitre, l'irradiation UVA du chlorure d’acide de mercure
aqueux en présence d’un grand excés de complexes organiques du diacide de Fer(Ill) a
comme conséquence la réduction partielle de 1'ion mercurique au mercure élémentaire. La
constante du taux de pseudo-premier-ordre (k) pour la réaction de photoreduction est
dépendante du pH. Des résultats semblables ont été obtenus en utilisant l'irradiation
visible bien que les taux ait été approximativement 10 fois plus lentes. Le mécanisme de
la photoreduction implique la réaction de Hg(II) avec un photoproduit secondaire, I’anion
radicalaire réducteur fort CO, . Aucun rapport ultérieur n’a suggéré la participation de ce
radical dans la réduction de mercure. En présence de 'oxygéne dissous, la compétition
pour le CO;" entre Hg(Il) et O, réduit le taux et l'efficacité de la réduction de I’ion de
mercure. Les produits O, /HO, ne réduisent pas le Hg(Il). Au contraire, leur
disproportionement a la formation de H,O; qui cause une réoxidation lente de Hg(0).

Dans le deuxiéme chapitre, le taux de réaction de photoreduction AUV des ions
de Hg(Il) par les acides fulvic et humiques s'est avéré avoir des valeurs plus élevées dans
I’intervalle de pH 5 a 6 ce qui est appropriée a la plupart des environnements aquatique,
dans cette marge de pH, les calculs de spéciation montre que la majeure partie de Hg(II)
se coordonne avec le COD. Les effets des paramétres environnementaux appropriés tels
que le rapport de Hg(II)/HS, et la concentration en chlorure ont été étudiés ainsi que
’identification d’un mécanisme probable a ce phénomene.

Dans le troisiéme et le quatriéme chapitre noﬁs avons étudié l'interaction du COD
avec des espéces de mercure, qui ne se limite pas seulement a la photoreaction mais
également a leur complexation ce qui affecte la disponibilité biologique et la spéciation
du mercure. La stabilité cinétique des complexes Hg-HS et MeHg-HS a été caractérisé
par la combinaison de différentes techniques; la méthode d'échange de ligand compétitive
(CLEM) combiné avec la spectrométrie de plasma-masse inductivement couplé (CLEM-
ICP-MS) et l'ultrafiltration de flux (TFUF) a combiné avec CLEM- ICP-MS.

Cinétiquement les complexes de Hg-HS peuvent étre décrits par au moins deux



composants distingués; un composant plus inerte (lent) avec une constante du taux de
dissociation de l'ordre de 107s™ et un autre composant labile avec une constante du taux

-1

de dissociation de l'ordre de 10? s, On a trouve qu’il y a une compétition entre les

protons (H") et les ions Hg®* pour la coordination avec les accepteurs forts, le taux de
concentration de Hg/HS était un paramétre important dans le processus, quand [Hg2+]
étaient hauts alors les accepteurs forts ont €té saturés et l'excés Hg bondissent aux
emplacements faibles. Pour les espeéces de MeHg-HS, notre travail montre que ce
complexe contient plus de deux composants cinétiquement distingu€s mais les plus
inertes ont une dissociation cinétique semblable et il était difficile de les séparer. Quoique
nous marquions nos solutions modéeles avec la concentration initiale élevée des espéces
d'’hectogramme (> 1pg/L) mais nos résultats finaux montrent que seulement 240-440
ng/L ont été trouvés dans les composants cinétiquement plus inertes.

La distribution de spéciation que plus de 50% de complexes Hg-HS et de MeHg-HS a été
trouvé dans la phase colloidale du kD des fractions de taille >30kD. L’analyse cinétique
détaillée montre que les espéces cinétiquement inertes ont été¢ principalement trouvées
dans les fractions de taille de <SkD. Ce qui confirme I’observation pour les bas nivaux de

Hg et MeHg dans la nature, la plus part étant associe avec des molécules de faible poids
COD.
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Chapter 1

General introduction

1.1 Thesis rationale

In this first section we provide an overview with details in following sections. Mercury as
Hg’ is known to have a relatively high volatility compared to other trace metals; even
Hg(II) associated with chloride, sulfide and oxide has some volatility. Because of the low
solubility of Hg” in water and favorable Henry’s law constant, evasion of Hg from soil and
water into atmosphere has been recorded. The atmosphere represents a large reservoir of
Hg with a long residence time (1-2 years). Indeed, Hg' is subject to long-range atmospheric
transfer.

From the atmosphere, dry and wet deposition takes place onto land and water
surfaces. Most of Hg in the atmosphere found in the elemental form (Hg®). The high water
and snow contents of Hg create the impression that Hg must be oxidized to the more
soluble form Hg(II) before deposition. In one part of this work, we investigate the kinetics
of oxidation of Hg(0) by HOCI and OCI’, which are important species in aerosol droplets
especially in the marine environment.

After deposition onto the surface of water, different processes occur that affect the
speciation of Hg in aquatic systems. The evasion of Hg back to the atmosphere is
significant at midday in the summer. Investigations refer to photochemical reduction of the

Hg(Il) to Hg(0). Various candidates are hypothesized to play the role of photoreducing



agent. Iron species are commonly present in freshwaters, and Fe(IlI) complexes with
organic carboxylates are photosensitive compounds. When exposed to radiation of suitable
wavelength, they undergo ligand-to-metal charge transfer, resulting in an excited state
which decomposes with formation of Fe(Il) and highly reducing organic radicals. These
radicals play an important role in the reduction of Hg(Il). The aim of one part of the
research is to study the photoreduction of Hg species by UVA irradiation of aqueous
solutions contain Fe(IIl) oxalate complexes and Hg(II). Knowing that the carbdxylate
group is one of the major functional groups in humic materials, ferrioxalate is therefore a
model for the role of iron-humic complexes in the photoreduction of mercuric ion.
However, humic substances (HS) also play an indirect role in the photoreduction of Hg(II)
species. Upon irradiation, different reactive oxygen species and the hydrated electron are
produced. In this research, we investigate the role of HS in photoreduction of Hg(II), along
with the effects of environmentally relevant parameters such as pH , Hg(II)/HS ratio, and
chloride concentration.

In addition to the photochemical role of DOC, complexation reaction with both
Hg(1) and MeHg" are very important in the aquatic environment and play a key role in the
speciation of Hg(Il), and this, in turn, affects the bioavailability and mobility of different
Hg species. The majority of the research work on the complexation of Hg species with
DOC concentrates on thermodynamic properties. The kinetics of dissociations of Hg-DOC
and MeHg-DOC complexes have received little attention. The purpose of our work in this
area is to fill the gap in the knowledge about the kinetics of Hg-DOC species and try to

relate these results to the observed thermodynamic constants.



The size distribution of Hg-DOC and MeHg-DOC complexes is a factor that affects
the bioavailability of Hg species. The high molecular weight fractions (HMW) of DOC are
more bioavailable and they are utilized by bacteria more rapidly than the low molecular
weight fractions (LMW). The distribution of some functional groups like hydroxylates is
also affected by the size fraction, and this in turn results in a range of complexation
strengths of DOC toward metal ions. In this research area, we investigate the kinetics of
Hg-DOC and MeHg-DOC binding in different size fractions with some emphasis on the
effects of pH and concentration ratio of Hg to DOC.

The mercury cycle in the environment is very complex and different transformations
occur simultaneously under the same conditions. Examples include the methylation of Hg
and demethylation of MeHg, photooxidation and photoreduction, evasion and deposition.
As a result, different mechanisms are involved in this cycle. The general purpose of this
work is to provide some information and knowledge about these processes and the

environmental parameters that affect these reactions.

1.2 Chemistry of mercury

Mercury (Hg) is a naturally-occurring metal in the environment. Usually it is found in the
earth’s crust in the form of cinnabar (HgS), either in a red or amorphous black form. Major
deposits of HgS are significant in Spain, Slovenia and Italy.! The element constitutes only
0.5 ppm (average value) of the earth’s crust and it is 62" in order of abundance.” The
preparation of mercury from cinnabar (HgS) ore is very simple. The ore is ground up and

heated to high temperature (~600 °C) in the presence of oxygen. Mercury vapour escapes



from the ore and is trapped by condensation. After treatment with acid and using vacuum
distillation, the product appears as a shiny, silvery metallic liquid at room temperature.
1.2.1 Some physical and chemical properties

Mercury belongs to group IIB of the periodic table with an atomic number of 80 and an
average atomic weight of 200.59 g/mol. It has seven stable isotopes: 196Hg, 198Hg, 199Hg,
200 201Hg, 202Hg  and **Hg. The most abundant one is 202Hg (29.86%), while %Hg
represents only 0.15 % of all stable Hg isotopes.'

As a liquid, metallic mercury has a high specific gravity, weighing 13.6 times as
much as an equal volume of water.! Mercury freezes at a temperature of -38.89 °C, which
makes it the only liquid metal at room temperature. It has a boiling point of 356.58 °C, and
a high vapour pressure of 1.2 x 10 3 mmHg at 20 °C.%2 Because of its high volatility, and
low solubility in water (~3.3x10” mol/L),>* mercury is subject to long range atmospheric
transfer processes.

The three ionization potentials for the mercury are 10.43, 18.65 and 34.3 eV.’ The
third value is very high; this indicates that mercury forms complexes mainly in the

oxidation states (I) and (II) . Hg(III) is not yet well-characterized.’

1.2.2 Uses

Mercury and its compounds have many applications in the industrial and pharmaceutical
industries as well as other fields. As a liquid metal, mercury is used in electrical switches in
thermostats and alarm clocks. Because of its high thermal expansion coefficient, it is
extensively used in thermometers. Another application is the use of mercury as an electrode

in the production of chlorine gas and caustic soda.



Amalgam, which is an alloy formed from the reaction of metallic mercury with
other metals like silver, tin or gold, is used in dental fillings. Also, the gold mining
operation may use mercury to extract gold from ores. Mercury vapor is used in UV and
fluorescent lamps.

Mercury salts, such as the oxide, chloride, and sulphide, as well as different
organic forms, have many applications. For instance, mercuric chloride (HgCl, was used as
an insecticide, bactericide and disinfectant. Mercuric sulphide (HgS), in one of its forms, is
used as a pigment (red coloring agent). Mercuric oxide (HgO) has been used in skin
ointment as an antifungal agent. It has been reported that the skin-lightening creams
contain high levels of mercuric compounds.6 Mercurous chloride (Hg,Cl,) is widely used in
electrochemistry as the calomel electrode. Mercury and some of its compounds are used as
a catalyst in organic synthesis, polymerization and manufacturing.

Even though considered to be the most toxic forms of Hg species, organomercury
compounds have some applications and uses in our daily life. Merbromin (known as
Mercurochrome) and Thimerosal (Figure 1.1) are used as an .':mtiseptic7 and vaccine
preservative,7’8 respectively. Organic mercury compounds were employed in antisyphilitic
drugs and laxatives.” Methoxyethyl- and phenylmercuric bromide or acetate were used as
pesticides, and as fungicides in seed dressings and paints. Methylmercury was also used as
a fungicide.

It is worth mentioning that some applications and uses of mercury and its

compounds have been canceled or banned due to their high toxicity.



HgOH

_ O
COO"Na* NaO O
SHQ-CH 2CH3
Br / Br
COONa
Thimerosal Mercurochrome

Figure 1.1 Molecular structures of the organo-mercury compounds Merbromin

(Mercurochrome) and Thimerosal.

1.2.3 Mercury compounds

Mercury has two common oxidized forms: mercurous (Hg'") and mercuric (Hg®"). The
mercurous form exists as a dimer (Hg22+) with a metal-metal bond. It can be prepared by
mixing Hg(l) with Hg(0), or by the reduction of Hg(Il). The dimer (Hg*")

disproportionates to Hg(0) and Hg(II) according to equation 1.1 .
Hg,?* = Hg’+ Hg* (1.1)

Mercurous halides have been shown to have almost a linear structure (X-Hg-Hg-
X).!° The stability order of these compounds depends on the electronegativity and size of
the ligands, as shown below: "

ngFz > Hg,Cl, > HgoBry > Hgolh.



Solid mercurous iodide (HgyI,) is the least stable. It undergoes dissociative vaporization

(equation 1.2)."!

Hegolos) = Hglyg) + He'g (1.2)

l

Hglag)

Oxoanions form complexes with Hg'* like Hga(BrOs), and Hgy(Cl05),.'? The azide
complex Hg>(N3); is also known."

The mercuric ion (Hg?") has an ionic radius of 116 pm (assuming hexaaqua
complex), which is close to that of Ca®* (114 pm), and both are doubly charged. However,
Hg”" is considerably more polarizing and so its compounds have more covalent bond
character. In mercuric chloride (HgCl,), the Hg-Cl bond has only 23% ionic character.!*
This implies that when mercuric chloride is dissolved in water it remains largely
undissociated. As a soft acid, the mercuric ion (Hg?") tends to bind to soft ligands with
sulfur donor atoms. But it also forms complexes with stable Hg-C bonds known as
organomercury compounds. Preparation of this category of compounds has been reported
in the literature.>>'® As an example, methylmercury chloride (MeHgCl) is a linear
molecule, with an Hg-C bond length of 2.06-2.12 A, '"'* In general, the Hg-C bond is very
stable in many different chemical environments,'® but it can be ruptured with mineral acids

according to equations 1.3 - 1.4

CH;HgCH; + HX — CH, + CH;HgX (1.3)



CH;HgX + HX — CH, + HgX, (1.4)

where X= halide. The acid cleavage of aryl-Hg bonds is much easier than that of alkyl-Hg
bonds."
Mercury clusters are also known. Examples include Hgs;*" with a triangular (Dsp)

2122 and Hg,** with a nearly linear structure.?

structure,?’ Hg;>" with a liner (Duy) structure,
These clusters are prepared as a result of the disproportionation reactions of Hg,Cl, or

Hg,F, in the presence of elemental mercury and a suitable ligand.

1.3 Mercury in the environment

Mercury is widely distributed in the environment. The total amount of mercury present in
the troposphere and in natural water bodies has been estimated to be 6.0 x10° and 1.1 x10’
kg respectively.24 Both natural and anthropogenic sources contribute to the total input of
mercury into the environment. In 1983 the estimated anthropogenic emission of Hg to the
atmosphere was ~ 3.6 x 10° kg/yr while natural emissions were 2.5 x 10° kg/yr.?* Natural
sources include volcanic activity, degassing and erosion of soil and emission from ocean
and other water bodies. The main anthropogenic sources are coal burning,’® mining
activities, especially gold mining,”’ ore roasting and processing, waste incineration and

some industrial activities.2®



1.3.1 Mercury in the atmosphere

In the atmosphere, mercury is mainly found in the elemental form, Hg(0)28, whose
residence time in the atmosphere is estimated to be about 1 year.2**’ This long lifetimes has
led to long—range atmospheric transport and global mercury pollution.

The ocean receives 90% of its mercury through wet and dry deposition from the
atmosphere.31 It is hypothesized that Hg(0) in the atmosphere is first oxidized to the more
soluble form Hg?" before deposition. Ozone (O;) is reported to have the ability to oxidize
Hg(0) in the atmospheric aqueous phase (fog and cloud droplets) 32 and in the gas phase3 3

(equations 1.5-1.6).

Hgo(aq) +O3@q —> HEO @9+ 02y k=4.7x10 Mls! (1.5)

Hgo(g) + 03 = HgO n+ O k=3x10 2 em’molecule” st (1.6)

Chlorine species such as OCl" and HOCI were reported to oxidize Hg(0).>* This
may implicate the sea salt aerosol in Hg(0) oxidation. The ‘OH radical is produced
photochemically in the atmosphere and is reported to be a daytime oxidant for Hg(0) in

35-37

both gas and condensed phases (equations 1.7 - 1.8).

‘OH + Hg® — ‘HgOH (1.7)

‘HgOH + H,0 + O; — Hg(OH), + H + Oy (1.8)



Because it is rapidly photolyzed by solar irradiation, the nitrate (NO3") is known as
a nighttime oxidant,?* The kinetics of its oxidation of Hg(0) has been investigated.*® The

chemical reaction is shown in eq. 1.9.

Hg’ + NO3 9 — HgO ( + NOz g (1.9)

After the oxidation of Hg(0), the Hg(II) produced in cloud and water droplets may
undergo reduction. Sulfite (SO32') was found to reduce Hg(II) through the formation of the

HgSO; complex. 3

1.3.2 Mercury in the aquatic environment

The chemical form of Hg in the aquatic environment is strongly influenced by the pH,
concentration of organic and inorganic complexing ligands as well as their complexation
stability constants toward Hg, and the temperature, which is an important factor in the
methylation of Hg.***

In oceanic water, 10-30 % of the dissolved Hg is found in gaseous form and mainly

as Hg(0).** This indicates an oversaturation of the water relative to the atmosphere, and

leads to evasion of Hg(0), which is an important part of mercury cycling. Hg(0) in aquatic

45,46 47-50

systems may be produced by either biotic™™ or abiotic reduction of Hg(II), but the
exact mechanisms of such processes are still unclear.

The most abundant forms of Hg in the aquatic environment are Hg(II) species,
Hg(II) is either truly dissolved or adsorbed to particulates species. Distribution coefficients

depend on pH, ionic strength, and the concentration of DOC. For example, the

10



concentration of dissolved mercury in the Mediterranean Sea represents on average 70% of
the total Hg (0.8 pM),*! while in lakes, the particulate Hg concentration ranges from 0.09-
1.7 pg g! and the dissolved Hg from 0.16-3.6 ngL™.>* These latter implies that the

particulate phase plays an important role in the speciation and transportation of Hg in

53- 3

aquatic systems, 55 especially in fresh and coastal water systems. >

The speciation of dissolved Hg(Il) in aquatic systems is regulated by chloride (CI’),
hydroxide (OH"), sulphide and bisulphide (Sz' & HS") and DOC. In sea water, chloride
complexes with the formula [HgCl,,]z'n were found to be the predominant Hg(Il) species,’ 3
while in freshwater, dissolved Hg(II) was mainly found associated with DOC.>*®

Organomercury compounds are also found in aquatic environments. The fraction of

total Hg that is MeHg is very low in marine water compared to freshwater.’ 3% Methyl- and

60,61 62,63

dimethylmercury are thought to occur naturally in water due to biotic”  and abiotic
methylation of Hg(Il). The literature contains many reviews on the methylation process of
Hg(Il) in aquatic system.(""66 However, human activities are also involved in the total input

of MeHg .

1.4 Photochemistry of mercury

Photochemical reactions are important in the mercury cycle and can be classified as either
direct or indirect. In direct photoreactions, the species of interest absorbs the radiation. This
causes an activation of the molecule followed by bond cleavage, fragmentation or charge
transfer. In contrast, target molecules are inert toward irradiation (no absorption) in indirect

photoreactions. Irradiation causes excitation of another species, the sensitizer, which in turn

11



initiates chemical reactions of the target molecules in the same environmental
compartment.

1.4.1 Basics of photochemical processes 6768

Electromagnetic radiation is a type of energy that is transmitted through either space or
vacuum with no a requirement for a supporting medium. It is defined as a stream of
discrete particles or wave packets of energy known as photons. The energy of each photon

is proportional to the frequency of the radiation, according to equation 1.10.

E_hv, v_c/2 (1.10)

where E is the energy, A is Planck’s constant, ¢ is the velocity of light, v is the frequency
and 1 is the wavelength. The electromagnetic spectrum covers a broad range of
wavelengths. At one end, it is highly energetic with very short wavelengths (A ~10" em
for gamma radiation). At the other end, it is low in energy with long wavelengths (A ~ 10°
cm for radio frequency). Different chemical processes can be induced by absorption from
different electromagnetic regions. For example, absorption in the infrared region causes
vibrational excitation of molecules, while absorption in the UV-VIS region results in
electronic transitions. In organic molecules, electrons in bonding (&, 6) and non-bonding
(n) molecular orbitals are involved in these transitions. The most common are n—#* and
n—n*, while n—6* and 6—e¢* transitions are more energetic, the d-d and f-f electronic

transitions and charge transfers are common in transition metal and lanthanide complexes.

12



When a beam of radiation in the UV-visible range passes through a sample
containing molecules represented by (A), the following actions are possible:

1) If the energy of the incident radiation is less than the energy required for an
electronic transition of the molecule (A), then the light is transmitted without any
absorption. As an example, water molecules in the vapor phase do not absorb above ~ 180
nm, which implies that, any radiation with A > 200 nm can pass through water vapor if
other possibilities like refraction, reflection or scattering are eliminated.

2) If the energy of the incident radiation is sufficient to cause an excitation of the
molecule, then excited state A" is produced. This state has a very short life time 10%-107s.
The energy gained is degraded into heat or re-emitted as radiation; the latter phenomenon

can be either fluorescence or phosphorescence (equations 1.11 - 1.13)

o
A > A (1.11)
A" > A + heat (1.12)

A" > A+hn (fluorescence or phosphorescence with Av, < hv)) (1.13)

3) If excitation of the molecule leads to its decomposition into smaller molecules or
produces radicals, or it causes some chemical changes, then this is known as a direct
photochemical reaction (equation 1.14). The excited molecule also can lose the extra
energy by collisions with another molecule, and this may lead to excitation of that molecule
(equation 1.15). Chemical changes that occur in molecule D which did not absorb radiation

(equation 1.16) represent the indirect photochemical reaction of D.

A* > B+ C (radicals, bond cleavage, chemical changes) (1.14)
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A*+D — A+D" (collision with another molecule) (1.15)

l

BorC+D — chemical changesin D (1.16)

Thus, availability of light with sufficient energy is necessary but not sufficient for a

photochemical reaction to occur, since the absorption of light can lead to other processes.

1.4.2 Direct photochemical reactions of Hg species in the aquatic environment

1.4.2.1 Elemental form Hg(0)

In the gas phase, elemental mercury Hg(0) is found in the atomic form. It has an
intense absorption line at 254 nm,* and it also emits at the same wavelength.%® This means
that upon irradiation of Hg(0) in the gas phase, absorption and fluorescence emission occur

without any net photochemical reaction.( equation 1.17)

Excitation Emission

Hg’ + hv (A=254nm) —— (Hg")" — Hg"+hv (A =254mnm)  (1.17)

In the liquid phase, the absorption line of Hg(0) is broadened. This phenomenon
may be due to collisions of mercury atoms with surrounding solvent molecules.”® The
absorption peak of Hg(0) in aqueous solution was observed at 255 nm.”

At ambient temperature, the metal atoms in solution tend to bind to each other to
form clusters, colloid particles or even precipitates. Such processes cause serious
interference in atomic absorption and emission. Combined with the low solubility of Hg in

water in the range of 58-63 pg/L,>* the details of Hg(0) photolysis in water are not easily

interpreted .
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In aquatic systems, solar irradiation has a wavelength of A > 290 nm. Since Hg(0)

does not absorb in that region, direct photooxidation of Hg(0) is not possible.

1.4.2.2 Mercurous form Hg(I)
In aqueous solutions, the mercurous ion is found as a dimer, Hg,?", and is stable
only in acidic medium. It disproportionates to Hg”* and Hg’ in the presence of o-donor

ligands such as CI, CN” or OH". The diaqua complex Hg,(H,O),*" has an intense

absorption maximum at 237 nm,”"”

and other two absorption bands at 214 nm and 204
nm.”! The absorption of Hg,(H,0),>" is due to an electronic transition from the ¢ bonding
to ¢* anti-bonding molecular orbital of the Hg- Hg bond. Absorption therefore leads to

dissociation of the Hg,”* molecule (equation 1.18)"!

. 237 nm .
Hgy™ (a9 — 2 Hg (ag) (1.18)

Because ng2+ is found in equilibrium with its disproportionation products
(equation 1.19),” the Hg* formed from equation 1.18 reacts with Hg® to produce another

short lived intermediate (equation 1.20):

Hg,** = Hg’+Hg™ (1.19)

Hg' +Hg® > Hg," (1.20)

Both intermediates (Hg" and Hg,") react with dissolved oxygen in aqueous solution

to produce O, (equations 1.21 - 1.22).74 which leads to the formation of H,O,.

15



Hg"+0, » Hg” + 0, (1.21)

Hg' + 0 —» Hg* + 0y (1.22)

The result of the direct photolysis of Hg,** is the production of Hg(II) and Hg(0).
However in the presence of Hg(Il), self-regeneration of Hg,™ is observed upon
irradiation.” Those reactions may not be very significant in the aquatic environment

because they occur outside the wavelength range of the solar irradiation that reaches the

earth’s surface.

1.4.2.3 Mercuric form Hg(Il)

With a filled d'° electronic configuration, Hg(II) is not expected to show a d-d
electronic transitions. Hg(IT) forms complexes with linear, trigonal planar and tetrahedral
structures and coordination number of 2, 3 and 4 respectively.’® Mercuric halide complexes
with the general formula [HgX,] 2 are well- known, where X = CI', Br "orI "andn =2,
3 or 4. Solutions of these complexes absorb significantly in the region 200-250 nm (Table
1.1). In aqueous solution, the absorption maxima of these complexes may deviate by
several nanometers from those reported in organic solvents. Irradiation of mercuric halide
complexes with light of an appropriate wavelength results in reduction of Hg(II) and
formation of X, radical anions.”” The mechanism involves ligand—to—metal charge transfer

(LMCT). Halide complexes of Hg(II) are important in sea water.
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Table 1.1 Absorption maxima of some mercuric complexes and their extinction

coefficients.
Mercuric species Absorption maxima g x 107
(A, nm) M'em?
HeClL ~200 2.1
HgCly ¥ 240 21.2°
HgCl” ¥ 234 41.8°
HgBr, ¥ ~200 9.0°
232 4.5°
HgBr; ' 260 18.0°
HgBr” ¥ 250 37.0°
Hgl, * 211 19.0°
266 5.2°
Hgly * 217 35.0°
256 22.8°
301 16.1°
Hel,” @ 273 37.9°
329 22.4°
HgS,” ™ <330°
Hg(OH), " <350°

a In acetonitrile, b In methanol, ¢ In water
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Other Hg(II) compounds, such as Hg(OH), and HgS, are also photosensitive. UV-
irradiation of aqueous solutions of Hg(OH), and HgS results in the formation of Hg(0).”
The mechanism of Hg(OH), reduction was suggested by Nriagu, 7 and is shown below

(equations 1.23 - 1.24) :

hv
Hg(OH), ——> [Hg(OH),]’ —> ‘Hg(OH)sq(unstable) + “OH (1.23)

2 Hg(OH) —> Hgo + Hg(OH), (disproportionation) (1.24)

1.4.2.4 Organomercury species (methyl and dimethylmercury)

Methylmercury chloride (CH3;HgCl) absorbs from the electromagnetic radiation
below 310 nm.* It has been reported that direct UV irradiation of aqueous solutions of 10-
100 pg/L MeHgCl results in the formation of elemental mercury (Hg®) and Hg,Cl, with
C,Hg as the major organic product.®* The proposed mechanism involves a cleavage of the

Hg-C bond and formation of a C-C bond (equations 1.25 -1.27)%.

CH;HgCl + hv —> "CH; + HgCl (1.25)
2 'CH; ——> C,H; (1.26)
2 ‘HgCl —— HgyCly (1.27)
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Based on a theoretical justification, Tossel'’also proposed that the first step in the
photodecomposition of methylmercury is cleavage of Hg-C bond, but with ultimate
production of Hg(II) and Hg(0).

It has been shown that solar irradiation of lake water leads to photodecomposition
of methylmercury.85 The rate was found to be first order in the concentration of MeHg", but
the end products were not identified.®® For the photodecomposition of dimethylmercury, a
mechanism was proposed by Nriagu.79 Cleavage of the Hg-C bond and the formation of

C,Hs via the production of methyl radical ("CHj;) was involved.

1.4.3 Indirect photochemical reactions of Hg species in aquatic environment

Other than MeHg", most Hg species in the aquatic environment does not absorb solar
irradiation efficiently. This implies that their photoreactions are most probably of the
indirect type. Species like DOC, .nitrate (NOj3") and inorganic metal oxides (MxO) have

been suggested as candidates to initiate indirect photoreactions of Hg species.

1.4.3.1 The role of DOC

UV-irradiation of DOC results in changes in chemical structure of the humic and
fulvic acids that are the major constituents of DOC, producing transient species in the
aquatic environment. Ejection of an electron from DOC to produce a hydrated electron
was proposed by Fisher and co-workers.® In support of this hypothesis, it was reported that
photolysis of some organic compounds with carboxylic and polyhydroxy aromatic moieties
(which are common in DOC) led to formation of hydrated electrons.*”® As a reducing

agent, the hydrated electron is able to convert Hg2+ to Hg” and further to the elemental
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form, Hgo. A recent study utilized the hydrated electron mechanism to explain their
findings of photoreduction of the Hg?* in lake water.*

In aqueous solution, the hydrated electron with a lifetime of 1.5 ps % reacts with
dissolved oxygen to produce superoxide (O;’) which in turn produces hydrogen peroxide
(H,0,). By exposing surface and ground water to sunlight, H,O, was photochemically
generated and its concentration was found to be related to the total organic carbon (TOC)
concentration. *°

In surface water, various transient oxidant species are produced by the photolysis of
DOC. These include the hydroxyl radical (OH),”' singlet oxygen '0,,% and hydrogen
peroxide(Hzoz).93 Hydroxyl radical (OH) is one of the most reactive photochemical
products in the aquatic environment. It is produced by the photolysis of nitrate (NO;") and
DOC,” and can be scavenged by DOC.*** 1t plays an important role in the oxidation of

Hg’ in water.”*® Gardfeldt et al.”’ proposed a mechanism for Hg® oxidation by hydroxyl

radical ‘OH in aqueous solution (equations 1.28-1.29)

Hg’ + OH —— "HgOH (1.28)

‘HgOH +‘OH ——> Hg(OH), (1.29)

Another possible path is shown in equation 1.30:

2 ‘HgOH —— Hgy(OH), —— Hg’ + Hg(OH), (1.30)

‘HgOH may also react with dissolved oxygen (equation 1.31):
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‘HgOH + O, + H,0 ——> Hg(OH), + H'+ 0y’ (1.31)

Homolytic cleavage of the O-O bond in hydrogen peroxide (H»O,) leads to the
formation of hydroxy! radical "OH (equation 1.32). Due to the fact that the absorption
coefficient of H,O; in the range 200-300nm is low, either a high concentration of H,O, or
highly energetic UV below 200nm is needed to efficiently form ‘OH. However thermal

oxidation or reduction of Hg species by H»O, is possible (equations 1.33-1 34)%

H,0, + Av (A< 350 nm) —> 2 ‘OH (1.32)
H,0, +2H" +Hg" —— Hg*" +2H,0 (1.33)
H,0, +2 OH + Hg®* — > Hg"+2H,0+ 0, (1.34)

Olefinic moieties in DOC also can play a role in the photochemistry of Hg. It has

been reported that, in aqueous solution, Hg*" can readily add to the C=C group of

cyclohexene (equation 1.35). 100

Hg“L
O + Hg 10 O: . (1.35)
OH

The equilibrium in the above reaction is disrupted by UV-irradiation at 230 nm,

leading to the formation of Hg22+ (equation 1.36). Prolonged irradiation led to the

formation of metallic mercury. '%°

21



Hg*

2 A =H2(3)0 nm o + Hg22+ A =230 nm HgO (1.36)
OH ™ OH

DOC containing conjugated olefin can form a complex by addition of Hg2" that will
absorb from electromagnetic radiation at longer wavelength (red-shift). It may then absorb
solar radiation such that Hg®* can be reduced. This represents another route for the

photoreduction of Hg2+ in the aquatic environment.

1.4.3.2 The role of nitrate

Nitrate occurs naturally in soil and water. It is the primary source of nitrogen for
plants. Surface water may contain elevated concentrations of nitrate due to the extensive
use of nitrogen fertilizers in agricultural areas. Nitrate absorbs at 200 nm with a high molar
extinction coefficient (¢ = 9900 M cm™),'®! while it absorbs weakly at 310 nm (¢ = 7.4 M’
Tem™). At the latter wavelength, nitrate absorption of solar radiation leads to the formation

of hydroxyl radical ‘OH (eq. 1.37),'%%!® which is a known oxidant for Hg’. %%

hv H,0
NOy —— [NO;]" — NO;'+ 0" —— NO,"+OH+OH  (1.37)

1.4.3.3 The role of inorganic metal oxides as photocatalysts
Mercury in the water column is found either in the form of a truly dissolved species

or associated with colloidal or particulate materials. In fresh water systems, a considerable
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fraction of Hg species is found in the particulate phase.'® Silica, clay, sediment and calcite
are constituents of the particulate phase.'®>'% Insoluble metal oxides and sulfides like ZnO,
Fe;03, TiO,, HgO, AL,Os3, ZnS and MnO; also contribute to the particulate phase.m5 Some
of these oxides and sulfides have semiconducting properties, and work as
photocatalysts.m'109 For example, when TiO; is excited by radiation with energy higher
than its band gap (3.2 eV), an electronic transition occurs to the conduction band, leaving

behind a positive hole in the valence band (equation 1.38 )."'%'"!

TiO; + hv ——> TiO, (h™ + €) (1.38)

In natural water, a significant fraction of heavy metal ions is adsorbed on the
surface of particulate materials.'"”” Some of the adsorbed metal ions can be reduced by
capturing the electrons released from the metal oxide surface. For example, Fe(IlI), Hg(II),
Cr(VI) and Cu(Il) are reported to be reduced upon irradiation in the presence of a TiO,
suspension.113 115 The positive hole (h*) oxidizes a water molecule ( equation 1.39) or other

available organic compounds.'!!1115

H,0+h" — 'OH+H' (1.39)

In the presence of organic compounds, It has been reported that the photoreduction
of metal ions is enhanced.''® This implies that, in natural water, DOC plays an important
role in the photocatalytic reduction of adsorbed Hg(lI). DOC forms a layer that covers the
surface of metal oxide particulates. The oxidation of such organics leads to suppression of

electron-hole recombination in the photocatalyst. This process makes the released electron
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more efficient for metal ion reduction. Dissolved oxygen in the water competes efficiently

for the electron released from the photocatalyst. Its reaction produces superoxide and

hydrogen peroxide (equations 1.40 - 1.42).17
0, +te — Oy (1.40)
0,"+H" =HOy (1.41)
2HOy —— H,0,+ 0, (142)

Various applications have been documented in the literature for the purification and
removal of Hg(I) from water using TiO, as a photocatalyst.''®'"® In natural water, other
oxides such as Fe;O3, ZnO, SiO, and MnQO;, individually or as mixtures maybe involved in

the photocatalytic reduction of Hg(Il). This research area is poorly studied or documented.

1.5 Humic substances in the aquatic environment

1.5.1 Formation of humic substances

Humic substances are formed as organic products by the decomposition of plant
materials and the decay of animal and microbial remains.'**?! The incomplete
mineralization of the dead biomass “plant and animal tissues” results in accumulation of
microbial refractory components which become a source material for a process called
humification, in which humic substances are produced through multiple steps of oxidative

degradation along with biological and enzymatic processes.
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Various pathways have been suggested for the transformation of the source
materials into humic substances (HS). One is the partial biodegradation of lignin (an
important part of plant structural material). Oxidative degradation leads to the formation of
humic acid (HA). Further oxidative degradation results in the formation of fulvic acid (FA).
Another possible route is the reaction of modified lignin with amino compounds or proteins
to form HS. This pathway is known as the lignin theory.'?* The polyphenol theory suggests
condensation or polymerization reactions. Biodegradation of lignin could produce
polyphenol, which is oxidized by enzymatic catalysis to quinine. The latter polymerizes
with amines or amino acids to produce HS.'20 123

While the plants play an important role as the source material for the formation of
HS in terrestrial and freshwater systems, microorganisms like phytoplankton also
contribute to marine DOC. It was proposed that the release of unsaturated lipids by algae,
and the free radical cross-linking of those lipids are partially responsible for the formation
of marine humic materials.'**

It is evident that the HS formation mechanism is affected by conditions such as the
climatic, geography, physical and biological circumstances. The role of lignin is very

125

important as a starting material for HS production. © A recent study showed that the

structure of HS reflects its origin from lignin.'?

1.5.2 Molecular structure
It is very difficult to specify a definite structure for the HS because of its
heterogeneity and molecular irregularity. This originates from the complexity of the

starting (mixed) materials that enter the humification process to produce HS.
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Various analytical methods have been used to identify HS. Partial success was
achieved by identifying chemical fractions or units, as well as some functional groups. The
pyrolysis products of HS identified by gas chromatography (GC) include simple aromatic
compounds like benzene and toluene, substituted phenols, thiophene, C,-C3; carboxylic
acids, pyrrole and C;;-C;s saturated and unsaturated hydroca.rbons.127 The degradation of
the carboxylic functional group of HS during pyrolysis was the driving force to develop,
modify, and use non-degradative spectroscopic techniques like IR and combinations of

solid state *C and 'H NMR.'? As a result, various species were identified in HS including

128 129

amino acids,'?® glucosamine,'” carbohydrates'*® and long chain fatty acids.”*' Thus HS
contains a variety of functional groups classified as acidic, basic or neutral. Carboxylic and
phenolic functional groups represent the most abundant acidic groups, while amine and
amide groups are the main basic groups.'*? Ketones, aldehydes, ethers and esters groups
represent the neutral components. All of these functional groups are distributed in both the
aliphatic and aromatic moieties of humic substances.

Several HS structures have been suggested in consistent with some of the elemental
analysis, parts of NMR data, the titration analysis and the acidity of carboxylic groups.

Model structures for humic!®

and fulvic acids® are shown in Figures 1.2 and
1.3.respectively.

It is worth noting that sulfur and phosphorus are not represented in these structures,
even though sulfur has been quantified in different humic substances, and reduced sulfur
groups play an important role in the binding and chemistry of soft metal ions in the aquatic

environment, especially mercury. Phosphorus (P) is also expected to contribute to the HS

mass.
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Figure 1.2 Structural model for humic acid (adapted from reference 133.)
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Figure 1.3 Structural model for Suwannee River fulvic acid (adapted from reference 134).
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1.5.3 Chemical properties

In the aquatic environment, humic substances constitute a major part of DOC. They
are heterogeneous mixtures of organic compounds, and their chemical composition and
molecular structure vary depending on their source and location. In general, it has been
reported that the carbon content of humic substances contributes more than 50% of their
total mass, while nitrogen contributes only 0.8- 6 % and sulfur 0.1- 4% of the total mass. 135
Solid state *C-NMR has been used to determine the distribution of carbon

functional groups in HS. For Suwannee River fulvic acid, the aromatic and aliphatic carbon

contents are 23.3% and 33.6%, respectively.136 The aromatic moieties are the locations of
the 7 electrons and are responsible for the UV-absorption. Quinone, as a part of the

aromatic system, is believed to be responsible for the redox properties of HS."

Aliphatic structure, which mainly includes carbohydrates, sugar acids and amino
acids, is the main part of HS that is biodegradable. '*® It was reported that the carbohydrate
of the aliphatic structure are involved in metal ion complexation.”® However, acidic
functional groups, which mainly consist of carboxylic and phenolic groups, are the most
abundant complexing sites for metal ions. The acid-base properties are essential factors that
influence the complexing ability of HS toward trace metal ions.'*"2 The high content of
the humic material in both carboxylic and phenolic groups leads to two acid dissociation
constants, Ky and Ky, For Suwannee River fulvic acid, pKaj covers a range from 3.7-5.0,
143 which means that at pH > 5 the carboxylic groups will be fully deprotonated. The value

14
5,143

of pKaz is reported to be > 9. implying that only at pH > 9.5 will the phenol groups be

fully deprotonated.
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Chapter 2

Experimental procedures

2.1 Preparation of reagents and solutions

Milli-Q deionised water (18.2 MQ-cm) was used in the preparation of standards
and working solutions. All glassware and Teflon bottles were soaked with 10% HNO;

and rinsed thoroughly with deionised water prior to use.

2.1.1 Hg(Il) solutions

A known weight of red HgO (Aldrich, 99.99%) was dissolved in concentrated
HClO4 (Analar, 70%). Diluted stock solution was prepared in 0.2 M HCIO, and titrated
with 0.05 M KSCN (Baker ACS reégent) to the ferric alum endpoint, ' which was
determined by the appearance of the light red-brown color of Fe(SCN)**, (equations 2.1-

2.3).

Hg>* + SCN = Hg(SCN)" (2.1)
Hg(SCN)" + SCN™ = Hg(SCN), (2.2)
Fe** + SCN” — Fe(SCN)* (2.3)

The stock solution of Hg(Il) is stable for a couple of months, however, diluted

working solutions were prepared on a daily basis.
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In one set of experiments (Chapter 3), HgCl, (EMD Chemicals, 99.5%) was
prepared in diluted H,SOs. Its concentration was checked against a certified 100 ppm

atomic absorption standard (VWR) in nitric acid.

2.1.2 Elemental Hg’ in aqueous solution

An aqueous solution was bubbled with argon for 30 min to remove dissolved
oxygen. A chromous tower was used to remove oxygen from the argon. A drop of
metallic mercury (Aldrich, 99.99%) was washed 3-4 times with 0.1 M HCIO, followed
by deionized water, placed in the argon-saturated solution and stirred overnight.’

The concentration of Hgo(aq) was determined colorimetrically with dithizone
(Sigma), according to a standard method.® To 50 ml of the Hg” solution, 1 ml of 1%
KMnO4 and 1ml concentrated H,SO,4 were added, then the solution was boiled for ~20
min to ensure complete oxidation of Hgo, Iml of 2% K,S,0s was added. After cooling,
the pink color was discharged by few drops of hydroxylamine hydrochloride
(NH,OH.HC), then the pH of the solution was adjusted to 7 by phosphate/carbonate
buffer. In a separatory funnel, the solution was extracted with chloroform solution
containing 6 pug/L of dithizone. The orange Hg-dithizone complex was collected and the
multiple extracts were combined. The absorbance of the complex at 495 nm was
measured and the concentration of Hg”* was calculated from a calibration curve (Figure
2.1) obtained by spiking aqueous solutions with known amounts of Hg** which were

treated by the same procedure. The concentration of Hgo(aq) measured in this way, (2.0 +

0.2) x 107 M, agrees well with its reported solubility.*
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Figure 2.1 Calibration curve for Hg®* using dithizone as a complexing

colorimetric reagent.
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2.1.3 Methylmercury “MeHg”

Solid methyl mercury chloride (Aldrich) was used as a starting material to
prepare stock solutions. The Hg-Cl bond in CH3;Hg-Cl has 62% ionic character,’ thus an
aqueous solution of CH;HgCl will contain an appreciable concentration of CH;Hg". In
addition, the reaction to form methyl mercury hydroxide at 25 'C is exothermic and

spontaneous from thermodynamic considerations (equations 2.4-2.5). ¢

-AH (kJ mol!) AS (I.mol'K)

CH;Hg" + OH" — CH;HgOH 35.8 55.7 (2.4)

CH;Hg" + CH;HgOH — (CH:Hg), OH'  16.1 9 (2.5)

We prepared our stock solution in aqueous alkaline solution (0.5N of NaOH).
Under thes conditions CH;HgOH and (CH3;Hg),OH" are present. of. The concentration of

the working solution was checked against a standard solution by using an ICP-MS.

Safety considerations: Methylmercury is a very toxic compound; it causes
kidney damage, and causes neurological damage. Direct contact with skin could cause
death. This material must be handled with extreme caution, using appropriate clothing

and gloves in well-ventilated fume hood.
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2.1.4 Humic substances “HS”

Suwannee River fulvic acid standard (1S101F) and Leonardite humic acid
standard (1S104H-5) were obtained from the International Humic Substances Society
(IHSS). A stock solution of fulvic acid (FA) was prepared in deionized water by
dissolving a precisely weighed amount. The stock solution of humic acid was prepared in
0.1 M of NaOH that was itself prepared by diluting a standard solution (VWR). Stock
solutions of HS were kept in dark bottles in the refrigerator. Working solutions were

prepared by proper dilution from stock solutions.

2.1.4.1 Chemical properties of HS
The results of elemental analysis, in %(w/w) of a dry, ash-free sample, as well as

% H,0 and ash content as % (w/w) inorganic residue, are shown in Table 2-1 .

Table 2.1 Elemental compositions* of Leonardite humic and Suwannee River fulvic

acids.
Sample %H,;0 %Ash %C  %H %0 %N %S
Leonardite HA 72 2.58 6381 37 3127 123 076
Suwannee River FA 88 046 = 5244 431 4220 072  0.44

* Elemental analysis by Huffman Laboratories, Wheat Ridge, CO, USA.



The *C NMR of the HS shows the distribution of carbon atoms in various
functional groups. The % integrated peak areas along with the chemical shift of each

group are shown in Table 227

Table 2.2 Integrated peak area in '*C NMR for fulvic and humic acid solutions.

Functional group  Carbonyl  Carboxyl = Aromatic  Acetal = Heteroaliphatic Aliphatic

Chemical shift, ppm 220-190 190-165 165-110 110-90 90-60 60-0
Sample

Leonardite HA 8 15 58 4 1 14
Suwannee River FA 7 20 24 5 11 33
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The acidic content of humic substances arises mainly from carboxylic and
phenolic functional groups. Their amounts are presented in Table 2.3.® The logarithmic

values of the acid dissociation constants are also presented. 8

Table 2.3 Carboxylic and phenolic group contents of HS and their acid dissociation

constants.

Sample Carboxylic Phenolic pKa1 PKaz
mol kg! C mol kg'C

Leonardite HA 7.46 2.31 4.59 9.72

Suwannee River FA 11.44 291 3.80 9.52

46



2.1.5 Other chemicals

Potassium iron oxalate trihydrate (Alfa Aesar) and ferric ammonium citrate
(Sigma-Aldrich) were used to prepare ferrioxalate and ferric citrate solutions,
respectively. Both solutions were freshly prepared (as needed) in the dark and stored in
dark brown bottles wrapped in aluminum foil.

Sodium hypochlorite solutions were made by diluting a commercial aqueous
solution containing about 4% active chlorine (Aldrich), and were standardized by titration
with Na,S,0; (Sigma, 99%) in the presence of potassium iodide (Aldrich, 99%). The

chemical equations which describe this titration are shown below (equations 2.6-2.7).

OCI'+H,0+21 — CI'+20H + L, (2.6)

L +28057 = 21 + 8406 (2.7

For the quantification of metal ions in water samples, certified standards were
used: Zn(1II), Pb(Il), Cd(II), and Cu(Il) (AA standards, Certipur ™

Duolite GT-73 resin (16-50 mesh, protonated form, Sigma) was soaked in Milli-Q
deionised water for 24 hours before use. Chelex100 (100-200 mesh, Na form, Bio-Rad)

was washed with deionised water prior to use.

2.2 Instruments and equipments
2.2.1 Photoreactor
A Luzchem LZC-4V photoreactor was used in photolysis experiments. The

machine is equipped with a carousel capable of holding 16 samples (10 mm diameter

47



quartz test tubes). The irradiation chamber is approximately (30 x 30 x 22 c¢cm). Several
switches allow the choice of specific lamps. The side irradiation was performed with an
array of either 4 UV-A lamps (average irradiance 1.41 = 0.08 mW/cm?) or 6 visible
lamps (average illuminance 868 + 30 foot candles). Radiation intensity was measured
with a power meter at the carousel position. An airflow cooler controls the temperature

inside the chamber to within 3-4 'C above room temperature.

2.2.2 Cold Vapor Atomic Absorption Spectroscopy (CV-AAS)

A Varian M-6000A CETAC Technologies CV-AAS instrument was used for
quantitative measurements of inorganic mercury (Hg2+) in aqueous solutions. A 5 %
SnCl, solution (Sigma) in 15% HCI was used as the reducing agent. Solutions of Hg:Z+
and SnCl, were mixed by a peristaltic pump, Hg®" was reduced to Hg” according to

equations 2.8-2.9:

2Hg?" + Sn”* — Hg,** + $n** (2.8)

Hg,?* +Sn?* — Hg’ + Sn** (2.9)

The Hgo produced was separated from the liquid in a gas liquid separator. The
mercury vapor was swept in to the sample cell using high purity nitrogen as the carrier
gas. Its absorbance was measured at 254 nm.

For the determination of Hg2+ in aqueous solution, a calibration curve from 1 to
15 ppb (Figure 2.2) was prepared using an Hg(II) standard solution (VWR). The

detection limit was around 0.20 ppb.

48



2.2.3 Ultrafiltrator

The Tangential Flow Ultrafiltration Technique (TFUT) was used for partitioning
water samples into different molecular weight (MW) size fractions. A PALL Tangential
Flow Centramate™ Ultrafiltrator was attached to a peristaltic pump (Masterflex L/S
standard drive model No. 7520-00), which was operated at low pressure (< 10 psi) and
directs the flow of the solution parallel to the membrane cassettes (OMEGA).
Membranes have a surface area of ~ 0.09 m* and are made of polyethersulfone.

Membranes with molecular weight cut-offs (MWCO) of 500-kilo Dalton (kD),
300 kD, 30 kD, 5 kD and 1 kD were used sequentially. Molecules with sizes smaller than
the (MWCO) penetrate the membrane, and are called the filtrate. After each filter change,
deionized water was passed through the entire filtration system for cleaning. Membranes
were stored in 0.1 M NaOH solution, and soaked in D.I. water, for at least 12 hours

before use.
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Figure 2.2. Calibration curve for Hg(Il) using CV-AAS.
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2.2.4 ICP-MS & CLEM Reactor

Inductively coupled plasma—mass spectrometery (ICP-MS) was used for
quantitative determinations and the kinetic dissociations of trace metal ions (Cu(ll),
Zn(ID), Pb(II), Cd(II), Hg(IT) and MeHg" ) in water samples. The ICP-MS machine used
was ELAN6100DRC (PERKIN-ELMER). Argon was used as the ICP gas. It has high
ionization energy (15.76 eV) and is chemically inert. An external radio frequency is fed
into a tightly wound coil, where it generates an intense alternating magnetic field. When
an electrical spark is passed momentarily through the argon gas, some of the argon atoms
are ionized and the resultant cations and electrons are accelerated toward the magnetic
field of the RF coil. Stable high temperature plasma (6000 K in the analytical zone and
10000 K in the atomization zone) is generated. Aqueous sample solutions are introduced
to the plasma as a fine aerosol by a nebulizer, which undergoes instantaneous
evaporation, atomization and ionization. Some of the formed ions will pass through the
skimmer cone orifice at the plasma-MS interface and accelerated by a high voltage
potential gradient. They pass through a series of focusing lenses into the mass analyzer,
operated at high vacuum. The quadrupole mass analyzer is able to separate and identify
ions according to their m/z values. The operational parameters of the ICP-MS are shown
in Table 2.4.

For quantification of metal ions in aqueous solution, calibration curves were
obtained directly using ICP-MS (Figures 2.3-2.8). For the kinetic dissociation
experiments, a Teflon reactor (Figure 2.9) was used. The solution from the reactor was

pumped to the nebulizer by means of a peristaltic pump.
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A 5 ppm gold standard was passed through the system for washing and cleaning

after analysis of Hg-containing samples.’

Table 2.4 Operational parameters for ICP-MS and data acquisition (instrument

settings)

Parameter Value
Nebulizer gas flow 1 L/min
Auxiliary gas flow 1.3 L/min
Plasma gas flow 15 L/min
Pulse stage voltage 1100V
Lens voltage 57V
ICP-RF power 1200 W
CeO/ Ce <0.03
Detector working mode Pulse and analogue
Scan mode Peak hop
Dwell time 50 ms
Detected signal Counts/ s
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Figure 2.9 Teflon reactor used in CLEM experiments. (Adapted from ref.10)
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2.2.2.5 Other equipment and software

A UV-visible spectrophotometer (Cary 300) was used to record electronic spectra
in 1 cm square quartz cuvettes, with a resolution of 1 nm and a scan speed of 100
nm/min.

A pH meter (Thermo Orion model 525A) was used for pH measurement and
adjustment; it was equipped with a combined Thermo Orion glass electrode and a
(Ag/AgCl/0.1 M KCI) reference electrode. The pH meter was calibrated using two
standard buffers at pH 4 and pH 9 to establish a linear response in these pH regions.

Sigma plot 8 (Systat Software Inc) and Kaleidagraph 3.5 (Synergic software)

were used for non-linear curve fitting of kinetic data.

2.3 Procedures

2.3.1 Photolysis experiments

Working solutions of ferrioxalate, ferric citrate or humic substance were prepared
daily in the dark and stored in dark brown bottles wrapped in aluminum foil. Addition of
mercuric ion to these solutions was accomplished in flasks wrapped in Al foil, and the pH
was adjusted as necessary with dilute aqueous solutions of H,SO4 or NaOH. Solutions
were then transferred to 10 mm diameter quartz test-tubes, capped with white rubber
septa (Aldrich). They were placed in a carousel and irradiated with either UVA or visible
radiation (Luzchem LZC-4V photoreactor). During each photochemical experiment, the
quartz tubes were removed from the photoreactor at timed intervals and stirred with a
Teflon-coated magnetic stirbar. 200 pL aliquots were removed (Eppendorf pipettes) and

diluted to 10 mL with acidified Milli-Q water (H,SO4, pH 3). The diluted samples were
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sparged with nitrogen or argon for at least 20 minutes to remove volatile Hg(0) formed
during irradiation. (Longer sparging times gave similar results.) The remaining Hg(II)
was determined with a Varian M-6000A mercury analyzer.

In order to quantify the elemental mercury formed during irradiation, some
samples were not sparged with an inert gas. Instead, they were analyzed directly from
plastic Falcon tubes, omitting the addition of SnCl, and using a new gas-liquid separator
never exposed to SnCl,. The blank reading, obtained with a 20 ppb standard solution of
HgCl,, was always at least an order of magnitude lower than that of the 2 ppb Hg(0)

standard, prepared in a Teflon bottle under argon.

2.3.2 CLEM experiments

The Hg-HS and MeHg-HS model solutions were prepared so that the initial
concentrations of Hg(I) or MeHg" ranged from 1-10 pg/L and HS (either Suwannee
River fulvic acid or Leonardite humic acid) concentrations ranged from 1-20 mg/L, at pH
5 and pH 9. Samples were 4-6 L in volume and prepared in Teflon bottles (2L capacity).
After equilibration for 4-6 hours, samples were fractionated using a sequential
ultrafiltration procedure (PALL Tangential Flow Centramate™ Ultrafiltrator).

From each size fraction an aliquot of 250 ml was kept in a Teflon bottle in the
refrigerator for the CLEM kinetics experiment. Another aliquot of 40 mL was acidified
with HNO;, preserved by the addition of gold standard,” and used for the distributional
speciation.

In CLEM experiments, 250 ml of specified size fraction was transferred to the

Teflon reactor. The solution was pumped to the ICP-MS by means of peristaltic pump.
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The abundances of six ‘Hg isotopes were monitored until a maximum and stable response
was achieved. 2.5 g of solid, spherical beads (particles) of resin (Duolite GT-73) was
added to the solution in Teflon reactor. This resin is known to adsorb Hg species very
efficiently. Since its particulates cannot pass through the filter (0.45 um) only complexed

mercury (Hg-HS) in the solution is detected by ICP-MS.

2.3.3 Oxidation of Hg in aqueous solution

Addition of methylene blue to a freshly-prepared solution containing 0.080 pM
CI(D) resulted in partial bleaching of the blue color of the indicator, the extent of which
corresponds to the concentration of CI(I) present. Likewise, addition of methylene blue
immediately after mixing 0.080 uM CI(I) with 0.22 uM Hg(0) resulted in the same
amount of bleaching of the methylene blue color by CI(I). However, when methylene
blue was added some time after the onset of reaction between Hg(0) and CI(I), less
bleaching resulted. The intensity of the methylene blue spectrum therefore depends on
the time elapsed between mixing and quenching. Since the reaction between methylene
blue and CI(I) is fast (complete upon mixing) compared to the reaction of Hg(0) with
CI(1), this technique allows us to probe the kinetics of the rate-determining oxidation of
Hg(0).

Temperature control was established by immersing reagents and reaction mixtures
in a constant temperature recirculating water bath (VWR Scientific). Air-free solutions of
Cl(I) were mixed with saturated aqueous solutions of Hg(0), such that Hg(0)q) was in

excess. Aliquots withdrawn at measured time intervals were quenched by the addition of
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1.3 uM methylene blue. The visible spectrum of the unbleached methylene blue was

recorded immediately.
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Chapter 3

Photochemical reduction of aqueous mercuric chloride and reoxidation in the

presence of ferrioxalate and air

3.1 Introduction

Widespread low-level mercury contamination now exists because of its release into the
air through human acttvities such as mining and coal burning'. Mercury contamination of
pristine areas results from long range atmospheric transport as well as natural geological
weathering of mercury-containing minerals in the soil and sediments. Some of the
mercury deposited by precipitation into lakes or waterways is converted to
rnethylmercury.24 An alternate transformation of mercury which can occur after
deposition is reduction to volatile Hg(0), which then reenters the atmosphere due to its
low water solubility.” The removal of Hg through photoreduction reduces the quantity
available for methylation and, as a consequence, bioaccumulation. For this reason, it is
important to understand the dynamic chemical behavior of mercury in atmospheric and
surface waters.

Various biotic and abiotic processes have been proposed to be responsible for
mercury reduction.’ Recent evidence points to the importance of photoreduction, since
DGM (dissolved gaseous mercury) formation correlates with diel cycles of solar
irradiation, and Hg(0) is the principal form of DGM.” Various biotic and abiotic

processes could be responsible for this reduction, including photosensitized DOC.H!" or
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12,13 14,15

other coordinated organic acids, sulfide complexes, band photobiological and
bacterial activity.®'®

Zhang and Lindberg reported that Fe(Ill) spikes induced photochemical
production of DGM, approaching a plateau with increasing exposure time."” Complexes
of Fe(III) with chelating ligands such as oxalate, citrate, and malonate are photosensitive
in aqueous solution. Upon absorption of a suitable photon, they undergo ligand-to-metal
charge transfer, resulting in an excited state which decomposes with formation of Fe(II)
and highly reducing organic radicals. Fe(Il) is then reoxidized slowly by dissolved Os.
The iron cycle in natural bodies of water can produce different reactive oxygen species
such as "'OH, HO,/O," and H202.18'23 Iron photoreactivity plays an important role in
cycles of other metals, including the reduction of heavy metals.?*

Chelating ligands such as oxalate and citrate have been detected in atmospheric

water droplets.zs’26

Their sources include incomplete combustion and photooxidation of
hydrocarbons in the gas phase and in atmospheric water droplets. A recent study showed
that hydroxyl radical attack on ethylene or acetylene in the gas phase produces glyoxal
and gloxalaldehyde, respectively. After hydration in cloud water, further hydroxyl
radical attack leads to the formation of gloxylic acid, which is oxidized to oxalic acid.”’
Typical oxalate concentrations in atmospheric water range from 1.5 to 13.8 uM,? but
higher concentration levels to 5 x 10* M have been reported.”” In western Pacific rain,
the range of concentration of the various diacids is 36 to 959 nug/L and represents 3% of
the TOC.?® Furthermore, 40% of the DOC of North Carolina rain comes from various

organic acids, including acetic, formic, oxalic, lactic, malonic, maleic and succinic acid.*®

Fe(I1I) in surface water is readily complexed with these acids, especially the diacids.
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Ferrioxalate may well play a direct role in the photoreduction of mercury. The
carboxylate group is a known functional group in humic materials, which themselves
have a strong influence on mercury bioavailability and the mercury cycle. Since iron is
commonly present in freshwaters, ferrioxalate is therefore a model for the role of iron-
humic complexes in the photoreduction of mercuric ion.

The rate and mechanism of photoreduction of Hg(II) in aqueous solution were
investigated in the presence of UVA and visible light using ferrioxalate as a
photosensitive source of reducing radicals. In addition, the influence of dissolved oxygen

and chloride concentration was also investigated.

3.2 Photolysis of ferrioxalate

The photochemistry of Fe(C20,4);> is well-known, and is the basis for a chemical
actinometer. Light absorption results in the formation of Fe(Il) and the oxalyl radical

anion C,04, equation 3.1.
Fe(C204)3> + hv — Fe(ll) + Co04" + 2 C04” (3.1)
The affinity of Fe(Il) for oxalate is much less than the affinity of Fe(lIl), resulting
in the rapid release of oxalate into solution. Fe(Il) is detected as the strongly absorbing

complex Fe(phen)32+ at 510 nm by addition of 1,10-phenanthroline, providing a

convenient method of monitoring the progress of the photochemical reaction. The oxalyl
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radical anion C,0," undergoes rapid decarboxylation to CO,”, according to equation

323

C,05" > CO, + COy”  ky=2x10°%s" (3.2)

The latter is a strong reducing agent, E°(CO,/CO;”) = -2.0 V. In the presence of

air, it reacts with dissolved O, to form superoxide and, ultimately H,0,, equations 3.3-

3.5.

CO;" + 0, » CO; + O k3=24x10°M'g! (3.3)
CO," +12 0, + H" > CO, + HO ke=1x10° M5! (3.4)
0, + H S HO; —» 120, + 1/2H,0, (3.5)

In the absence of O, the CO,” radical anion reduces Fe(CzO4)33', generating a second

equiv. of Fe(Il), equation 3.6.
CO," + Fe(C204)5 — CO, + Fe(Il) + 3 C,04” (3.6)
The efficiency of Fe(II) formation is strongly wavelength-dependent, as expected.
A 4.0 mM aqueous solution of ferrioxalate at pH 4.0 was completely photolyzed in 5

minutes of UVA irradiation in the Luzchem photoreactor, Figure 3.1. In contrast, visible

irradiation required 60 minutes to completely convert 4.0 mM ferrioxalate to Fe(II).
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Figure 3.1. Formation of Fe(Il) during irradiation of an air-saturated 4.0 mM Fe(C,04);*
solution at pH 4 (H,SO4) by UVA light (open circles) and visible light (filled circles).
The inset shows the calibration plot at 510 nm due to Fe(phen);®* used to calculate the

photochemical yield of Fe(II).
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3.3 Rate law for photoreduction of Hg(II)

If we represent the ferrioxalate reactant by R and the products by P, then for the
photochemical reaction (equation 3.6), the quantum yield (®;) at any wavelength A is
defined by equation 3.8.

R+hv—> P 3.7)

Moles.of .product." P."

= 3.8
2 Moles.of .photons.absorbed (3:8)
The rate of this photochemical reaction is given by equation 3.9: 32
- d[R
__u = Z ¢ R I 1 (3.9)

dt 7

Where I; is the average rate of light absorption by R which is related to incident light

intensity I, by equation 3.10:

-&,[R1b
1, =1,(1-10 (&) )D (3.10)
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where D is the surface area of the cell that the light passes through (cm?) divided by the
volume of the irradiated solution (cm’), € is the molar absorptivity of the reactant at the
specific wavelength (), I, is measured at the same wavelength (A) in einsteins.cm?.s™, and

b is the light path length (cm) which is equal to 1 under our experimental conditions.

By substitution of equation 9 into equation 8 then we get equation 3.11.

_CZJE‘R] =Y #1010 D=3, a-10""
) A

where k, represent the product of the constants in the equation (k,= @, I, D). At high initial
reactant concentration [R] (optically dense solution, € [R] b >2),3 then the rate of the
photoreaction is a function of k¢ only, this refers to zero order reaction. However for an

optically thin solution (¢ {[R] b <0.05),* equation 3.11 converts to equation 3. 12

—d[R]
dt

= ¢,1,1-10"%"D ~ 23033 £, .6, R] (3.12)
A A

~ Zkl[R]

where k; represents the product of the constants in the equation. The rate of the
photoreaction is now a function of [R], this situation corresponds to first order reaction.
Under our experimental conditions the Fe(C204)33' concentration ranges from 400 to 500

uM, and the value of the product € [R] extends from < 0.05 to > 2. This wide range of
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£ [R] values is due to the large variation in the molar absorptivity (g) of Fe(C204)s> over
the UVA and visible region. As a result, our data may obey either zero- or first-order
kinetics. Figure 3.1 shows that for the first 3 data points in the visible irradiation
experiments, the reaction rate has zero-order character (straight line), while if we consider
all the data sets, the photolysis rate is better fitted to first-order reaction kinetics. The same
behavior was observed for the UVA experiments.

If we assume that the radicals produced from the photolysis of ferrioxalate are
responsible for the reduction of Hg(Il), then this reaction is controlled by the diffusion
rates. This implies that the observed rate of photoreduction of Hg(Il) could be either first-

or zero-order. We fitted all of our experimental data to first-order rates equation.

3.4 UVA photoreduction of Hg(Il).

UVA irradiation of an air-saturated aqueous solution containing 4.98 uM mercuric chloride
at pH 3.0 for 20 minutes resulted in a negligible change in the concentration of Hg(II).
Addition of 100 uM ferrioxalate also produced insignificant reduction of Hg(II) under
UVA irradiation for 20 minutes. However, when the concentration of ferrioxalate was
increased to (500) uM, a rapid decrease in the concentration of Hg(II) was observed, Figure
3.2. Loss of Hg(II) may be due to its reaction with the primary photoproducts Fe(Il) and
C,04", or with the secondary photoproducts CO,” and O, /HO,. Fe(Il) is a very slow
reductant towards Hg(I[)**, and is unlikely to react on this timescale. A bimolecular
reaction of the oxalyl radical anion (C,04) with Hg(II) cannot compete kinetically with its

rapid unimolecular decomposition. Therefore we attribute the reduction of Hg(Il) to a
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secondary photoproduct. The CO," radical anion is a strong reducing agent, E°(CO,/CO;™)

=-2.0 V, equations 3.13-3.14 .
He(Il) + CO," —> Hg(l) + CO, (3.13)
2 Hg(I) S Hg(0) + HgdD (3.14)

In contrast, O, /HO; is thought to be unable to reduce Hg(II)(vide infra).3 4

The rate of photoreduction is strongly pH-dependent, Figure 3.3. At pH 1.0, the
reaction is complete after 20 mins irradiation. At pH 2.0, only 10 mins irradiation is
required to attain a stable value of [Hg(Il)]. At pH 3.0 and 4.0, the photoreaction is
complete in 5 mins, consistent with the time required for complete photolysis of the
ferrioxalate at this pH (vide supra). The pseudo-first-order rate constants kops for UVA
photoreduction are (0.65 + 0.04) min™ at pH 3.0 and (0.59 + 0.03) min™ at pH 4.0. In
contrast, kqps = (0.25 + 0.02) min” at pH 2.0.

The dependence of the rate of photoreduction on pH can be explained by acid-base
equilibria. At pH <3, oxalate is protonated (oxalic acid, pKa = ) and no longer binds to
Fe(II). The formation of species less photoreactive than Fe(C;04);> is therefore more
significant at low pH (Figure 3.4). In light of this effect, and given their relevance to
environmental conditions, all subsequent experiments were performed at pH > 3.

Photoreduction of the mercuric ion does not proceed to completion, even after
complete photolysis of a 100-fold excess of ferrioxalate. The amount of residual Hg(Il) is

slightly pH-dependent, Figure 3.3, with twice as much remaining at pH 1-2 (0.8 pM) than

at pH 3-4 (0.4 uM).
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Figure 3.2. Reduction of air-saturated Hg(II) at pH 3 (H,SO4) under UVA irradiation in
the presence of 100 pM Fe(C204)5> (open circles) and 500 pM Fe(C204)s> (filled

circles).
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Figure 3.3 Reduction of air-saturated Hg(II) under UVA irradiation in the presence of
500 uM Fe(C,04);> at pH 1.0 (filled circles), 2.0 (open circles), 3.0 (open squares) and

4.0 (filled squares).
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Figure 3.4 Speciation of 0.5 mM Fe(Ill) in the presence of 1.5 mM oxalate as a function

of pH.
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3.5 Formation of Hg(0)

Photoreduction of Hg(I) was confirmed by monitoring the production of Hg(0) at pH 3.0
during UV-A irradiation of a 5.0 uM solution of Hg(Il) in the presence of 500 uM
ferrioxalate, Figure 3.5. The expected yield of Hg(0) is 4.6 uM, based on the measurement
of 0.4 uM residual Hg(Il) (vide supra). After 5 mins irradiation, 3.6 uM Hg(0) was
detected. The measured yield of Hg(0) is therefore ca. 80%. However, at this
concentration the solubility of Hg(0) is exceeded by about one order of magnitude,3 >
therefore most is present not in solution but in colloidal form. Incomplete recovery of
Hg(0) may be due to its adsorption on the walls of the quartz tubes, or evasion into the
headspace of the reaction solution due to its high volatility and low solubility. The

formation of other reduced forms of Hg such as the insoluble Hg,Cl,, is also possible.
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Figure 3.5. Comparison of Hg(Il) loss (o) and Hg(0) formation (e)during UVA
irradiation of an air-saturated solution containing 5.0 pM Hg(II) and 500 uM Fe(C,04)3>

at pH 3.0 (H2S04).
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3.6 Visible photoreduction of Hg(II)

Photoreduction can also be achieved with visible irradiation. The absorption of ferrioxalate
extends into the visible region of the spectrum as far as 550 nm.*® The rate of visible
photoreduction is ca. 10 times slower than the rate of UVA photoreduction and is weakly
pH-dependent in the range 3.0 < pH < 5.0, Figure 3.6. The difference in ability of UVA
and visible irradiation to induce reduction of Hg(Il) is evident from a comparison of
Figures 3.2 and 3.5. This effect is expected based on the differing rates of photolysis of
ferrioxalate under these conditions, Figure 3.1. A substantial amount of Hg(II) is not

reduced at pH 5 (2.0 uM), compared to pH 3-4 (0.8 uM).

3.7 The effect of dissolved oxygen

The level of dissolved oxygen is a very important parameter in water quality. The
concentration of oxygen in air-saturated water at 25°C is 0.25 mM. !° Under-saturation of
oxygen in water bodies can be a consequence of the presence of chemical oxidizing agents
or biological activity. Oxygen deficiency was observed to increase in colored water spiked
with Fe(IIl) upon light irradiation,®” presumably due to photolysis of iron complexed to
DOC. In the presence of air, Hg(II) must compete with O, for CO,”. At high enough levels
of dissolved oxygen, most CO,” will be diverted to reaction (3.3). Under the acidic
conditions used in this study (pH < 5), superoxide is protonated to form HO, (pK, 4.8).
Since neither O, nor HO, are thought to be capable of reducing Hg(II),*® the expected

effects are to decrease the yield and the rate of Hg(0) formation.
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In order to explore this hypothesis, we irradiated argon-saturated aqueous mixtures
of ferrioxalate and mercuric ion in the absence of O,. Efficient reduction of 5.0 uM Hg(II)
was observed even with concentrations of ferrioxalate which were ineffective in the
presence of air. Thus UVA irradiation of a 50 uM ferrioxalate solution caused 87%
reduction of Hg(Il) to Hg(0), while irradiation of a 5.0 uM ferrioxalate solution caused
72% reduction of Hg(II), Figure 3.7. The inability of an acidic 100 uM ferrioxalate solution
to generate Hg(0) in the presence of air, Figure 3.2, conflicts with an earlier suggestion that
0,"/HO, can reduce Hg(IT)."

Hg(0) is not reoxidized in irradiated argon-saturated solutions. However, Hg(0) in
(initially) air-saturated solutions which were irradiated for long periods of time (> 20 mins)
suffered eventual reoxidation to Hg(II), Figure 3.8. Under conditions such that Hg(II)
cannot compete with O, for CO,", the fate of the O, /HO, photoproduct is
disproportionation to H;O,, equation 3.5 When both H,O, and Hg(0) are formed,

reoxidation of Hg(0) is a possibility,* equation 3.15.

Hg(0) + H;0, + 2H' — Hg(ll) + 2 H,0 (3.15)

Alternately, Hg(0) may be oxidized by hydroxyl radicals generated by the Fenton

reaction,* equation 3.16

Fe(I) + H,0, — Fe(lll) + OH" + OH (3.16)
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Figure 3.6. Evolution of air-saturated Hg(II) under visible irradiation in the presence of

500 pM Fe(C,04)s> at pH 3.0 (open circles), 4.0 (filled circles) and 5.0 (open squares).
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Figure 3.7. Evolution of Hg(Il) in an argon-saturated solution at pH 3 (H,SO4) under UVA

irradiation in the presence of 50 pM Fe(C,04)s> (open circles) and 5.0 pM Fe(Cy04)s>

(filled circles).
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Figure 3.8. Evolution of air-saturated Hg(II) under UVA irradiation in the presence of 500

pM Fe(C204)s> at pH 3.0 (H2S04).
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3.8 Effect of oxalate

Since oxalate is liberated during photolysis of ferrioxalate (eq 3.1), the photochemistry of
mercury-oxalate complexes must also be considered. UV irradiation (A > 290 nm) of an

aqueous solution of HgC,04 was reported to result in formation of Hg(0),*® equation 3.17.

HgC,0; + hv — Hg(0) + 2 CO, (3.17)

However, continued irradiation of the ferrioxalate/Hg(II) mixture after the complete
photolysis of ferrioxalate (i.e., longer than 10 mins) did not result in further reduction of
Hg(1l), as shown by the steady state regions in Figures 3.2, 3.3, 3.5, and 3.6.

In an additional control experiment, a mixture 1.5 mM HC,0O4 and 5 uM Hg(Il) at
pH 3.0 was irradiated with UV A radiation. A slow loss of Hg(II) was observed, Figure 3.9,
consistent with the results of a recent study.’® However, the rate is much slower than in the

presence of Fe(III) under similar pH conditions.

3.9 The effect of chloride

Concentrated aqueous solutions of HgCl, (0.02 M) are reported to undergo photoreduction
of Hg(Il) when irradiated with UV.* However, addition of 1 mM chloride ion to an air-
saturated ferrioxalate/Hg(II) mixture at pH 1.7 resulted in a dramatic slowing of the rate of
photoreduction, Figure 3.10. The effect increases slightly with increasing chloride
concentration up to 0.1 M. Complexation of Hg(Il) by chloride may raise the redox

potential for the Hg(II)/Hg(0) couple.
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The effect of chloride is less significant at higher pH values. For example, at pH 4
the addition of 1 mM chloride had no significant effect on the rate of photoreduction of 5
uM Hg(I). These observations suggest that the formation of HgCls™ and HgCl> under
acidic condition may inhibit the photoreduction of Hg**. Compared to HgCl,, both HgCly
and HgCl,~ absorb efficiently at longer wavelengths (red shift), and this absorption leads to

ligand- to-metal charge transfer as shown in equations 3.18-3.19:.

hv
2HgCL® —2{Hg'ClL*1— CI'+ HgCly (3.18)
CL+CI' > Cly” (3.19)

The radical anion (CL") is reported to react with oxalate,*® Production of this

radical anion decreases the ability of the oxalate radical to generate the CO,” which is

necessary to reduce Hg*"
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Figure 3.9 Comparison of the rates of evolution of Hg(Il) upon UVA irradiation of an air-
saturated solution containing 5 uM HgCl, at pH 3.0 (open circles), and in the presence of

1.5 mM HC,O4 (open square), or 500 pM Fe(C204)s> (triangle).
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3.10 Photoreduction of Hg** using ferric citrate

Many iron(IIl) polyhydroxylate complexes are photosensitive. We hypothesized that
compounds other than ferrioxalate would have the ability to reduce mercuric chloride
compounds upon photolysis. To test this hypothesis, we used UVA to irradiate solutions of
0.7 mM ferric citrate containing 5 pM of HgCl, at pH 3-5. The Hg(Il) concentration was
reduced to a steady state within 5 minutes (Figure 3.11). This implies that such Fe(III)

complexes may play a role in the reduction of mercuric chloride complexes. The proposed

mechanism of ferric citrate photolysis is shown in Scheme 1.4
?H
Fe3* ( ‘OZCCHZ-(IZ-CH2C02' )
COZ- hv
C|)H
( "O,CCH,-C-CH,CO5 )
Fe2" +
C
N

0] (o}

I

CO, + ("0,CCH,-C-CH,CO;")

| ne

l

Hg(0)

Scheme 1. Mechanism of Fe(IIl) citrate photolysis.
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The results of photoreduction at pH 5 are complicated by the precipitation of Fe(OH)s;.

fa)
= )
- —

0 1 T 1
0 5 10 15 20

Time/ minute

Figure 3.11 Evolution of air-saturated Hg(II) under UVA irradiation in the presence of

500 uM Fe(III) citrate at pH 3.0 (filled squares), and pH 5.0 (open circles).
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3.11 Conclusions

UVA irradiation of aqueous acidic mercuric chloride in the presence of a large excess of
ferrioxalate results in partial reduction of the mercuric ion to elemental mercury. The
pseudo-first-order rate constant k for photoreduction reaction is pH-dependent, as is the
amount of residual Hg(II). Similar results were obtained using visible irradiation, although
the rates are ca. 10 times slower. However, in the environment, intensity of visible radiation
is 10 times greater it penetrates to much greater depths. Consequently, photoreduction by
visible radiation may be more important. The mechanism of photoreduction is inferred to
involve reaction of Hg(II) with a secondary photoproduct, the strongly reducing radical
anion CO;". In the presence of dissolved oxygen, competition for CO,” between Hg(II)
and O, reduces the rate and efficiency of mercuric ion reduction. The O,"/HO, products do
not reduce Hg(I). On the contrary, their disproportionation leads to the formation of H,O,
which causes a slow reoxidation of Hg(0). Addition of chloride ion decreases the rate of

the reduction of Hg(II), via the formation of anionic chloride complexes.
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Chapter 4
Photoreduction of Hg(II) by UV A irradiation of humic and fulvic acids

4.1 Introduction

Humic substances (HS) are naturally occurring, heterogeneous, organic polyelectrolytes.'
They constitute a major part of the total organic carbon (TOC) in the aquatic
environment. The TOC consists of two operationally defined phases: particulate (POC)
and dissolved (DOC). The latter is defined as the fraction that can pass through 0.45 um
ﬁltefs, and consists of two fractions: non-humic and humic. The non-humic portion is
composed of lipids, polysaccharides, and proteins, while the humic portion consists of
fulvic (FA) and humic (HA) acids.? Detailed classification of the TOC is shown in Figure
4.1. Aquatic FA has molecular weight (MW) distributions that range from 500 to 2,000
Daltons.>® It is soluble in aqueous solution at all pH values. On the other hand, aquatic
HA has a higher MW distribution range of 2000 to more than 10,000 Daltons™ and
precipitates in aqueous solutions of pH < 2.

The concentration of DOC in natural freshwater samples of rivers and lakes is in
the range of 0.1 to 100 mg C/L.} and is more commonly from 1 to 10 mg C/L.° Humic
substances (HS) constitute 50-90% of the DOC.,? and impart a yellowish-brown color to
the water. Peat water or what is known as colored water contains high levels of DOC.

DOC plays an important role in the bioavailability, bioaccumulation, mobility,
speciation and toxicity of contaminants ( metal ions and organic pollutants) as a result of

10-12

its complexation ability toward metal ions, and its interactions with organic
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pollutants.”*'*  The interactions of DOC with metal ions are not only restricted to
complexation; DOC also has the ability to reduce some ions, such as Fe(III),15 Mn(IV),16
V(V),!” and Hg(ID)'*"® to lower oxidation states . Some of these reduction reactions are

enhanced in the presence of solar radiation, as a result of HS photoactivation.

TOC

>(.45um <0.45 pm

Non-Humic Humic materials
Biomolecular compounds

Carbohydrates , Proteins, Amino acids, /
Polysaccharides,Resins ,Waxes, Lipids ~ Fulvicacid ~ Humic acid

Figure 4.1 Classification of TOC in water systems.
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FA and HA are the major chromophores found in DOC. Exposure of DOC to UV
or visible radiation can induce various photochemical reactions. For example, light-
activated FA or HA in oxygen-saturated aqueous solutions can be deactivated to ground
states by electron or energy transfer. In some cases, reactive oxygen species are

20,21 . . .22 . 23, 24
produced.” These include peroxy radicals ROO,,™ hydrogen peroxide H,O,,

superoxide 0, Zsinglet oxygen '0,,%%?" and hydroxyl radical HO" 21t is reported that the

hydrated electrons e (5 are also produced.”® UV-irradiation of DOC also results in
changing the chemical structures of HA and FA, releasing of C0,*%nd CO? 1,32 produces

smaller organic molecular weight (MW),** amino acids and ammonia ** and short chain

fatty acids such as oxalic, formic, acetic and malonic acids>*3¢

are examples of chemical
structural changes of DOC.

Ozone (O;3) depletion from the stratosphere leads to an increase in the intensity of
UV-radiation that reaches the earth’s surface. DOC in water bodies works as a shield to
reduce the penetration of UV-radiation by absorbing the incident light. Several studies
have shown a positive correlation between the concentration of DOC and Hg”* in the
aquatic environment.*’*! Increasing intensity of UV-radiation that penetrates and strikes
the water surface will thus significantly affect the speciation and availability of Hg and its
compounds.

Methyl mercury is the most toxic form of Hg and the only form to accumulate in
the food chain. It was found to be photodegraded in surface water.*> The rate of
photoreduction was highest in the top 10 cm and decreased with water depth.*? Direct

photoreduction of MeHg" species is possible. MeHgCl, for example, absorbs in the range

of 200-315 nm,43 and part of this absorption is located within the range of solar
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irradiation that reaches the water surface (> 290 nm). However, DOC may induce the
indirect photoreduction of MeHg. It was reported that the production of OH radicals as a
result of DOC irradiation could be an important pathway for MeHg" photodegradation in
surface water.**

In natural waters, the reduction of Hg(II) by HS can be photoinduced.ls’ 45.46 This
leads to the formation of Hg(0), which has very low solubility in water'”> ** and high
volatility (equations 4.1-4.2). Both are determinant factors in the evasion of Hg(0) to the
atmosphere. Flux rates of 1 to 20 pmol Hg(0) m? h' from lakes have been
measured.*** This evasion leads to long range atmospheric transport and global

dispersal of elemental Hg(0).

Helo = Helg) K=3.3x107 mol.L" 4.1)

Hee = Helag K =2.56x 10 mol.L" .atm™ 4.2)

The ability of HS to reduce Hg(Il) in aqueous solution was the subject of several
studies.“*>1*2 The evolution of elemental Hg was first characterized by Albert ef al. '®
However, there are conflicting reports on the role of DOC in the photoreduction of
Hg(II). Positive and negative relations between DOC and dissolved gaseous mercury
have been reported in literature.*>**°!53 The origin of the inconsistencies may be the

variable nature of DOC and other environmentally relevant parameters.**
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The aim of the present study is to characterize the abiotic UVA photoreduction of
Hg(1I) ions in the presence of Suwannee River fulvic acid and Lonardite humic acid. A
comparison between the UVA and dark reduction and the effects of environmentally
relevant parameters such as pH, Hg(II)/HS ratio, and chloride concentration are

investigated, as well as possible mechanism(s) involved.

4.2 Spectrophotometric characterization of humic substances

Aqueous solutions of humic and fulvic acids at ~ 5 to 10 mg/L have noticeable yellow to
brown colors due to absorption.in the visible region. Their absorbance in the UV-region
is even more intense. Due to different contents of chromophoric groups, humic acid tends
to have a higher absorbance than fulvic acid at the same mass concentration (Figure 4.2).
The absorbance for both acids is slightly enhanced at higher pH values because of proton
dissociation. The Beer-Lambert law is obeyed for DOC concentrations of 3-100 mg/ L in
the range 220 — 450 nm.>

Irradiation of an HS solution results in spectral changes, as a result of the
interaction of HS with UVA which leads to the activation of HS. Various photochemical
processes are induced,* and as a consequence, alterations in the functional groups and
intramolecular interactions of HS. Breaking of chemical bonds in HS structure may also
be involved. In natural water bodies, the interaction of DOC with solar radiation leads to
a reduction in water color, a phenomenon which is known as photobleaching. It is more
significant during summer months.”’” Another phenomenon due to the interaction of solar
radiation with HS is photomineralization, in which the DOC concentration decreases as a

result of formation of “inorganic carbon”, CO and CO,.} 83032 yahitalo ef al. > reported
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that UVA contributes to 68% photomineralization of DOC in a humic lake. The decrease
in DOC content is slow. Dahelén er al. % reported a decrease of 0.83 mg/L out of 15.9
mg/L DOC after 89 hours of UVA irradiation (5.1 W m™).

Under our experimental conditions, UV spectral changes in HS upon UVA
irradiation were also very slow. Absorbance changes in the UV region 200-400 nm, were
more pronounced than in the visible. After 48 hours UV A irradiation, the absorbance of
humic acid was reduced by 28% at 300 nm and by 32% at 400 nm. For fulvic acid, the
absorbance was reduced by 32% at 300 nm and by 30 % at 400 nm. The absorbance ratio
Ea/E3 (Aaso / Ases) increased for both acids; this may imply a decrease in aromaticity and

molecular size of HS. These data are presented in Table 4.1.
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Figure 4.2 UV-visible spectra of Suwannee River fulvic acid and Leonardite humic acid
in aqueous solution at concentration level of 10 mg/ L and pH 5, after 0, 24 and 48 hours

of UVA irradiation (I= 1.4 mW/ cm?), respectively.
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Table 4.1 Some spectral changes for fulvic and humic acids at pH 5 during UVA

irradiation.
UVA Wavelength / nm Absorbance
Irradiation time 250 300 400 ratio

/ hours Abs. Change% Abs. Change% Abs. Change%  E,/E;

A- fulvic acid 10 mg/L
Initial “0” 0.202 0 0.108 0.00 0.018 0.00 547
24 0.177 12.58 0.086 20.001 0.015 12.05 6.16
48 0.160 20.75 0.073 3255 0.013  30.59 7.14

B- humic acid 10 mg/L
Initial “0” 0.455 0.0 0.324 0.0 0.111 0.0 2.78
24 0.404 11.3 0.267 17.5 0.088 21.0 3.12
48 0.368 19.1 0.232 28.8 0.075 31.9 3.33

* The absorbance ratio (Azso / Ases)
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4.3 Dark “electrochemical” reduction of Hg (II) by HS

An aqueous solution containing 5 x 10 M Hg (II) and 10 mg/L Leonardite humic acid or
Suwannee River fulvic acid was kept in the dark at 23-25°C for 27 hours. The
concentration of Hg (II) was continuously monitored during this time. A very slow
reduction of Hg(1I), presumably producing Hg(0), was observed at pH 8 (Figure 4.3). The
experimental data were fitted to pseudo-first order kinetics (excess HS compared to
Hg(ID)). The rate constant (k) for the reduction of Hg(II) by humic acid (kyx= 2.9 x 107
min™) is slightly higher than that for fulvic acid ( kea= 1.8 x 10° min™). The efficiency of
this process after 27 hours is low. Of the initial 5 x 10 M Hg(ll), only 25% was reduced
by humic acid while 20 % was reduced by fulvic acid. Changing the pH of the solution
from basic to an acidic (pH 8 to pH 5) under the same conditions (i.e;10 mg/ L of HS in
dark) caused the rate of reduction and the efficiency ( % reduced Hg(Il) relative to initial
Hg(II) ) to increase. The rate constant was found to be kys= 4.1 x 10 > min” and the
reduction efficiency reached 30% (Figure 4.4).

The reduction potential versus the neutral hydrogen electrode was estimated to be
0.7 V for humic acid,” whereas it was 0.5 V for fulvic acid.®*** Comparing these values
with the standard potential reduction of Hg(II),0.85 V, demonstrates that spontaneous
reduction of Hg(II) is possible. The half cell equations are shown in equations 4.3 to 4.5.
In good agreements with our results, it was reported that the addition of 2.77 x 10% M of
Hg(II) solution to a fulvic acid solution (10-25 mg/L) at pH < 5 led to the formation of
brown precipitates in the presence of alumina.*® This implies the formation of Hg(0)

which is easily adsorbed by alumina.
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Figure 4.3 Kinetic profiles for the dark reduction of 5x10"* M Hg(II) by 10 mg/L each of

humic (open circle) and fulvic (closed circle) acids at pH 8 and 23-25 °C.
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Figure 4.4 Kinetic profiles for the dark reduction of 5%x10"° M Hg(II) by 10 mg/L humic

acid at pH 5 (closed circles) and pH 8 (open circles), both at 23-25°C.
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FA(Red) - FA(Oxd) + ne” + mH’ E°=-0.5V 4.3)
HA(Red) — HA(Oxd) + ne” + mH" E°=-0.7V (4.4)

Hgp + 2¢” —> Hg(0) E°=+0.85V 4.5)

The extent of reduction depends on the reducing capacity of the humic and fulvic
materials. Figure 4.5 compares dark of Hg (II) by 5 and 10 mg/L humic acid at pH 5. The
rate constant (k) was 3.56 x 10 ~ min™ with a reduction efficiency of ~ 20 % with 5mg/L
humic acid, while (k) was 4.12 x 10  min™ and the efficiency was ~ 30 % when 10 mg/L
humic was used.

Concentration levels of HS used in these experiments are relevant to those of
natural waters. We found that the dark reduction is highly depend on Hg(II)
concentration. At low Hg(II) concentrations (< 5 x 108 M) the reduction of Hg(Il) was
not readily detectable (Figure 4.6). As a consequence, dark or thermal reduction of Hg(Il)
in aquatic environment may be important only in highly contaminated areas such as in

gold mining tailings or when accidental spills occur.
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Figure 4.5 Dependence of the extent of dark reduction of Hg(II) on HS capacity: 5 x 10°

M Hg(I1) reduced by 5 (closed circle) and 10 (open circle) mg/L humic acid at pH 5.
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Figure 4.6 Effect of initial Hg(II) concentrations on the dark reduction of Hg(Il) at
constant humic acid concentration of 10 mg/L and pH = 5. Initial [Hg"*] is A- 5x 10° M

B-5x10"Mand C-5x 108 M.
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4.4 Photoreduction of Hg(II) by humic substances

Aqueous solutions of HgCl, do not absorb in the UVA region: HgCl, has an absorption .
peak at 200 nm with an extinction coefficient (&) of 2100 M'em™ in acetonitrile.®® This
implies that the UVA can not produce any direct photochemical reaction of HgCl, in
aqueous solution. However, in the presence of humic or fulvic acids, chemical reduction
of Hg(I) was more efficient and faster than in the control dark reduction. As shown in
Figure 4.7, after 27 hours of UVA irradiation of aqueous solution containing 5 x 107 M
Hg(Il) and 5 mg/L fulvic acid at pH 5, the initial Hg(II) concentration was reduced by
87%.

In order to determine the rate law of the reaction, we assumed that fulvic acid is
the sole UVA absorber in the system. The relatively high initial fulvic acid concentration
which remains essentially unchanged during the reaction, and under constant UVA
irradiation intensity, causes the rate law to obey pseudo-first order kinetics. For an
aqueous solution of 5 x 107 M Hg(Il ) and 5 mg/L fulvic acid at pH 5, the pseudo-first

order rate constant “kq,s”° was found to be 1.12x 10 2 min™ .

4.4.1 Effect of pH
The rate and efficiency of the photoreduction of Hg(Il) by HS was found to be pH

dependent, Figure 4.8. At either extreme pH, the reaction is less efficient. At low pH

values, some the negatively charged complexing sites of HS become protonated,
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decreasing the charge on the HS. This leads to aggregation and colloidal formation,
which could cause UV absorption to increase, and its penetration of the solution to
decrease. This effect is more pronounced with humic acid of high molecular weight,
since it starts to precipitate at pH < 2. At high pH, formation of Hg(OH), may occur. It
has low solubility in aqueous solution and it is photolytic(ally) unreactive.

The maximum reduction efficiency and highest reduction rate constants was found at pH

5 to 6 (see Figure 4.9).
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Figure 4.7 Kinetic profile for the reduction of Hg(II) by 5 mg/ L fulvic acid at pH 5

under UV-A irradiation.
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Figure 4.8 Kinetic profile for the reduction of Hg (II) by 5 mg/ L fulvic acid at different

pH values under UVA irradiation. m pH 3, ApH 5 and © pH 8.
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4.4.2 Effect of HS and Hg(II) concentrations

The rate and efficiency of photoreduction are affected by the fulvic acid concentration in
the range1-10 mg/L. The photoreduction reaction kinetics is shown in Figure 4.10. The
pseudo-first order rate constants are linearly proportional to the initial fulvic acid
concentrations, Figure 4.11. The overall second-order-rate constant is calculated to be k=
2.0x 10 > min" .mg” L.

When the fulvic acid concentration exceeds 10 mg/L, values of ko deviate
slightly from linearity. For humic acid, linearity in the plot of kg versus concentration
was achieved only at lower concentrations below 5 mg/ L.

The dependence of the photolysis rate on the initial concentration of HS was also
observed for the photodegradation of tetraphenylborate and diphenylboric acid.®
However, the initial Hg(I) concentration may also be a factor in this process, especially
at the very low levels. We examined the effectiveness of photoreduction at 1x10® M
Hg(II) using ICP-MS (with operating conditions have been defined in Chapter 2). All
forms of Hg species are atomized and detected. The result is shown in Figure 4.12. It

implies that photoreduction occurs in the presence of HS even at very low Hg(II) levels.
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Figure 4.10 Kinetic profiles for the UV-A photoreduction of Hg(II) by different initial

fulvic acid concentrations: ® 1 ppm © 3 ppm ¥ 5 ppm and A 10 ppm, all at pH 5.
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Figure 4.12 Kinetic profiles for the UVA photoreduction of 9.8 nM Hg(II) by 5 mg/L of

fulvic acid at pH 5, using ICP-MS for detection.
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4.4.3 Effect of chloride

When chloride in the form of KCl(,q was added to an aqueous solution of 0.5 pM Hg(II)
and irradiated at pH 5 in the presence of 5mg/L fulvic acid, both the efficiency and the
rate of reduction decreased. The pseudo-first-order rate constant for the photoreduction
of 0.5 uM Hg(II) decreased from 1.08 x 107 to 6.0 x 10” min".mg”.L when 0.4 mM CI’
was added, and overall consumption of Hg(II) decreased from 87% to 70 %. This is
represented in Figure 4.13. The effects of chloride in reducing photoreduction
efficiencies and rates may be explained by the simultaneous photooxidation of Hg(0)** or
the formation of chloro-mercury complexes.

For a set of experiments at variable initial concentrations of fulvic acid and fixed
concentrations of 0.4mM, and 0.5 pM Hg(ll), the second-order rate constant was
decreased. The results of these experiments are shown in Figure 4.14.

The effect of chloride was more pronounced in acidic medium. Table 4.2 shows
the effect at two different pH values. Since the formation of chloro-mercury complexes is
not pH-dependent, the effect of chloride may be explained as the enhanced rate of

oxidation of Hg(0) in the acidic medium.
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Figure 4.13 Kinetic profiles for the UVA photoreduction of 0.5 uM Hg(Il) in the
presence of 5 mg/L of fulvic acid at pH 5, with 0.4mM chloride(open circle) and without

added chloride(triangle up).
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Figure 4.14 Dependence of pseudo-first-order rate constants for UVA photoreduction of
0.5 uM Hg(I) at pH 5 on fulvic acid concentration, without added chloride (closed

circles) and with 0.4 mM chloride (open circles).
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Table 4.2 Effect of 0.4 mM Cl- on the pseudo-first-order rate constants and second —

order rate constants for the UVA photoreduction of 0.5 uM Hg(II) at pH 5 and 8.

fulvic ki x10% , min" atpH5 k;x10% in min! atpH 8
mg/L
¢ No chloride 0.4mM CI" Nochloride 0.4mM CI
1 2.2 1.2 1.2 1.05
3 7.2 4.6 3.7 3.04
5 10.8 5.9 6.7 5.85
10 18.5 14.0 10.3 9.56
second -order rate constant 20 1.4 1.04 0.93

10%k , min".mg".L
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4.4.4 Effect of Oxygen

Patel-Sorrentino et al. ©’ found that DOC photodegradation rate in natural water samples
was greater in the presence of oxygen compared to samples in which oxygen was
removed by nitrogen bubbling. We compared rates of Hg(II) photoreduction in an air-
saturated solution and one bubbled with argon, both with 5 mg/L. Photoreduction
efficiency was lower when the solution was air-saturated (Figure 4.15). After UVA
irradiation for 1 hour, the efficiency of photoreduction 0.5 pM Hg(Il) in air was 39%,
while it was 48% under argon. This indicates that the oxygen may act as a quencher of
the photoreduction either directly or via a reactive oxygen species produced during

photolysis.
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Figure 4.15 Concentration Hg(1II) after one hour of UVA irradiation of 5 uM Hg(II) and

5 mg/L fulvic acid at pH 5, under air and argon atmosphere.
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4.5 Reaction of Hg(II) with dimercaptobenzene, an organic S-donor ligand

Thiophenolic and sulphidic groups in HS exhibit strong complexation ability towards
Hg(Il) ions. They play an important role in stabilization of Hg(II). Although the total
sulfur content of HS is very low (<5%), and is the fraction of reduced sulfur, the low
level of Hg(Il) in the aquatic environment favors the complexation with these specific
strong binding sites of HS. At high concentrations of Hg(Il), O-donor sites of HS may
also be involved.

Reaction of Hg(II) with thiolates gives complexes with the general formula
Hg(SR)y, in which R may be aliphatic or aromatic and x =2-4. When x =2, the oligomer
formation is more likely. We examined the complex formation between Hg(Il) and
dimercaptobenzene using UV-Visible spectrophotometry. Hg(II) may interact strongly
with both sulfur atoms to give complexes with various coordination numbers as shown

below.

. Hg™2

Under argon saturation and in acidic solution, dimercaptobenzene is stable. The
UV-Visible spectrum of this compound is shown in Figure 4.16. Upon addition of
aliquots of 0.53 mM Hg(Il) to 0.03 mM dimercaptobenzene solution, the spectrum
changed and a bathochromic shift was observed. The absorption at 227 nm decreased,

while that at 355 nm increased. This change was maximized at metal: ligand ratio of 1:2.

122



This implies complex formation where x = 2, and a coordination number of 4 for Hg(II).
The result of spectrophotometric titration is shown in Figure 4.17. The formation of a
complex which absorbs at 355 nm makes it more susceptible to solar irradiation. We
attempted to explore the effects of UVA irradiation on the complex. However, the
solution becomes cloudy (milky). This may be due to the formation of polymer, or the

oxidation of the dimercaptobenzene compound by trace amounts of oxygen.
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Figure 4.16 UV-Visible spectrum of 0.031 mM dimercaptobenzene in aqueous solution

at pH 5.
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Figure 4.17 (a) Evolution of the UV spectrum of an aqueous solution of
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the absorbance at 355 nm versus the molar ratio Hg(II)/dimercaptobenzene.

125



4.6 Speciation of Hg(IlI) in the presence of HS

Various complexes of Hg(II) can co-exist with in natural waters, the fraction of each
complex being dependent on the concentrations of the competing ligands and their
formation constants (K values), as well as the pH of the medium. Different Hg(II) species
have different chemical properties. Speciation calculations were performed using
Mathematica 4.2. This program calculates the distributional speciation of metal ion

species in presence of competing ligands. Our calculations are based on the following

parameters.

K, = [HgHS} [Hg™] [HS]=5.01x 10" (4.6)%
K, = [Hg(OH),)/ [Hg™*] [OHP =5.13x 102! 4.7)
K3 =[ Hg(OH);]/ [ Hg(OH),] [ OH =0.2 (4.8)
K4 = [HgCLY [ Hg? [CIT* =3.23 x 10 12 4.9)
Ks = [HgCly'}) [HgCly] [CT] = 6.7 (4.10)
Ks= [HgCl%)/ [HgCl  [CI] =13 (4.11)
K= [HgCIOH)/[Hg"*}[CI] [OH] =4.68 x 10 (4.12)

Equilibrium constants for equations 4.1-4.2 are from Martel and Smith.®® These

equations predict that in lake waters with low chloride concentrations most of Hg(II) at
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neutral pH will exist as Hg(OH),. However, the dominant species in sea water is HgCl,.
In both cases, we assumed the absence of strong competing ligands like DOC and sulfide.

In the calculation of Hg distributional speciation, we assumed that the formation
constant K for reaction of Hg with humic substances (HS) is independent of pH, even
though there is evidence to show that K increases at higher pH. We used the low K value
for Hg-HS interactions, which is valid only in the case of high Hg/HS ratio. Under our
experimental conditions where [Hg™] is 10-100 pg/L, this approximation is valid. The
speciation calculation shows that whith 10 mg/L fulvic acid and 1 uM chloride, 99% of
the Hg(IT) will be complexed to HS in the pH range 3-5. This fraction drops to 79% when
chloride concentration increases to 0.4 mM. However, Hg(OH), was the predominant
species at pH > 7 in both cases mentioned above.

It is important to note that for the high K, value for the Hg-HS complexation
reaction, log K = 28.7, 7 the speciation calculation predicts that most of Hg(Il) ( >
99.9%) will be complexed to HS even at high pH values. In natural waters where the

Hg/HS ratio is very small, most of Hg(II) will be strongly associated with DOC.

4.7 Possible mechanisms of Hg(II) photoreduction

Irradiation of aqueous solutions of HS in the presence of dissolved oxygen leads to the
formation of various reactive oxygen species (ROS). The enhanced efficiency of
reduction of Hg(I) under an inert gas atmosphere( argon) shows that (ROS) do not play a
significant role in this reaction. Absorption in the UV-VIS by organic compounds such as

carboxylic and polyhdroxyl aromatics can lead to the formation of hydrated electrons.”!
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Such functional groups are important constituents of HS. Consequently, irradiation of HS
could produce hydrated electrons that reduce Hg(II) under suitable conditions.

Under our experimental conditions, the dependence of the pseudo-first-order rate
constants on the initial concentration of HS is consistent with the hypothesis that the
hydrated electron is the reducing species. There is a linear relationship between the
photoreduction rate of Hg(II) and the fulvic acid concentration up to 10 mg/L fulvic acid.
Above 10 mg/L, the rates decline, implying that the hydrated electrons may be trapped by
fulvic acid aggregates. However, the dependence on pH is not consistent with this
hypothesi,s since the formation yield of hydrated electrons e(,q) showed little pH effect
in the range of 4-8,% yet we observed higher reduction rates in the range pH 5 to 6. The
reduction of Hg(Il) should be enhanced significantly when the solution is argon-
saturated, because oxygen molecule competes with Hg(II) for the hydrated electron. We
observed only small increase in the reduction efficiency.

A third possible mechanism similar to that of the photodecomposition of the
Fe(IlI) polyhydoxylate complexes, requires that Hg(II) be complexed to the HS before
reduction takes place. The mechanism of such a process is shown in Scheme 4.1. In this
mechanism, one electron transfer from ligand to metal produces Hg(I). This ion
disproportionates to produce Hg(0). The other important point is that the decarboxylation
process produces CO, and an organic radical which attacks either the Hg(I) or the
uncomplexed Hg(Il)in the solution. If this is the correct mechanism for the
photoreduction of Hg(Il) then at pH > 7, the formation constant K for the Hg-HS

complex must be high enough to compete with formation of Hg(OH),.
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Scheme 4.1 Mechanistic steps for complexation and photoreduction of Hg(II) ions.

DOC + Hg(Il) —» [DOC-Hg(1I) ] complex

N9 '
C/ \“~‘ //
C g Y +  He(D)
e N (H \
é"’

[DOC-Hg(II) ] complex

l 2
l , Hg(I) + O,”

2
Decarboxylation
+ Radical stabilization processes 0,

Hg(0) + Hg(I)

In the 3rd chapter, we showed that the CO,- with its high reducing capability,
(E°(CO,/CO,7) = -2.0 V), was able to reduce Hg(II). The UVA irradiation of HS leads to
decarboxylation of the HS and release of CO,. This is another route for the reduction of

Hg(ID).
4.10 Conclusions

Humic substances play an important role in the speciation of Hg(Il) ions in the aquatic
environment. They have the ability to reduce Hg(Il) ions in the dark (thermally) with
very slow reduction rates, if Hg(Il) is present uMn levels. This level of Hg(Il)

concentration is expected only in heavily polluted water such as runoff from gold mine
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tailings. However, the photoreduction of Hg(II) ions was found to be significant even at
very low levels of Hg(II). The rate and efficiency of photoreduction are decreased in the
presence of chloride. The optimum pH values for photoreduction were found to be in the
range of 5 to 6, which is relevant to most aquatic environments. In this pH range, most of
the Hg(II) will bind to DOC, and this may explain the enhanced photoreduction.

The complexity of HS and its ill-defined chemical structure make it difficult to
assign a specific mechanism for the photoreduction, but our evidence supports the

hypothesis that the Hg (II) ions must be complexed to HS before reduction.
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Chapter 5

Kinetic studies of the speciation of Hg(II) and MeHg" complexes with natural

ligands in aquatic systems

5.1 Introduction

In natural waters, the chemical speciation of mercury is influenced by
environmental factors such as pH, temperature, and the concentrations of organic and
inorganic complexing ligands. In addition, the conditional stability constants for Hg(II)
complexation play a significant role. DOC, sulfide (S%), hydroxide (OH") and chloride
(CI) are the most relevant competing ligands for complexation of Hg’" and MeHg" in
aquatic environments.

As a soft Lewis acid, Hg®* tends to form strong complexes with sulfur donor
ligands. For instance, in anoxic water, soluble mercury sulfide complexes such as
Hg(SH),, HgSzz', and Hg(SH)(OH) predominate.m The formation of insoluble HgS tends
to occur at relatively high pH. The fraction of each complex depends on the sulfide
concentration and the pH of the water. Organic compounds that contain reduced sulfur
are unstable in oxic water since reduced sulfur atoms are oxidized when dissolved
oxygen levels increase. However, their complexation with metal ions such as Cu(II) and
Zn(ll) leads to stabilization.*®This stabilization effect may also be relevant to Hg(II)
complexation.

In seawater, due to the complexation of DOC by abundant calcium (Ca’") and
magnesium (Mg2+) ions,’ the high concentration of chloride ions (salinity 35%) along
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with the low concentrations of DOC(ca 0.2 mg C/L).? the formation of various chloro-
mercury complexes such as HgCl,, HgCls3, and HgCl42' is enhanced. In contrast, in
freshwater systems, the speciation of Hg(ll) is largely dominated by DOC,’ at levels of
2-20 mg C/L. Many studies illustrate that a high percentage of Hg(II) present in natural
water is complexed to organic ligands.'*"*

Methylmercury (CH3Hg") is one of the most toxic forms of mercury in the aquatic
environment. It has been reported to be 20-30 % of the total Hg in freshwater systems."
However, recent data from our laboratory showed that it can range from 1-80% of total
Hg. This form is bioaccumulated in the food web, and represents more than 90% of total

Hg in fish.'® The sources of MeHg" in surface water may include atmospheric

deposition,'” inputs from watershed,'® leaching from wetland areas' and in situ

20,21 22-24

production, including biotic*>*! and abiotic**?* methylation of Hg*". Both processes are
affected by temperature, pH, DOC concentration and alkalinity.” It is also reported that
MeHg" is photo-2° and biodegradable.?” The speciation of CH;Hg" is largely affected by
DOC concentration.**?*

The presence of chemical functionality in DOC gives it the ability to bind various
metal ions in natural waters.” Carboxylate and phenolate groups contribute to ~90% of
the acidity of DOC, while thiols and other acidic functional groups are present in low
concentrations. DOC is considered to be a polydentate ligand and can bind to metal ions
through a variety of different binding sites. Reduced sulfur groups of DOC play a major
role in binding of Hg(II),3 032 MeHg" * and Cd(n.*

Complexation of DOC in freshwater plays a key role in the speciation of Hg(II),

and this, in turn, affects the bioavailability and mobility of Hg species. On one hand, Hg-
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DOC complexation leads to leaching of Hg from soil and sediments into lakes,>>~®

increasing the concentration of Hg(Il) in water bodies. On the other hand, this
complexation may reduce the bioavailability of Hg(II) to aquatic organisms.3 739

In order to describe the binding behavior of HS towards metal ions, a variety of
models have been proposed.4042 Some assume that HS contains different classes of
binding sites. Carboxylic and phenolic groups provide distribution affinity constants
toward the same metal ion. Furthermore, at low concentrations of some metal ions,
complexing sites with sulfur (S) and /or nitrogen (N) atoms plays a significant role in
metal ion binding.**** Other models propose that the interaction of metal ions with HS
could lead to variation of the charge on the HS. As a result, the electric field around the
HS particles changes, and this influences further ion binding. In one of the models, HS is
described as a gel with the electrostatic potential distributed throughout the gel volume.*
Another model* describes HS as a rigid sphere with multidentate binding sites positioned
on its surface. HS is also described as a monodentate ligand which interacts with various
metal ions in a 1:1 stoichiometric ratio.***!

Hg-HS complexes and other metal complexes (M-HS) are generally considered
to be macromolecular complexes which can be partially characterized by thermodynamic
stability functions. Literature values for conditional stability constants, K, for Hg-HS
complexes vary widely (Table 5.1). This variation is due to several factors: 1) different
types and compositions of HS; 2) different methods used; 3) variable ratios of Hg/HS;
and 4) the way in which the concentration of HS is expressed. If we assume that the

complexation reaction has a 1:1 stoichiometry (equation 5.1), then the conditional

stability constant is calculated from equation 5.2.
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K

Hg+HS = Hg-HS (5.1)
[He-HS]

K=— — (5.2)
[Hg] [HS]

In these equations, charges have been omitted for simplicity. [Hg-HS] is the
concentration of Hg complexed HS, and [HS] is the concentration of free HS. Different
methods are used to express the concentration of HS (a-d, table 5.1). The same treatment

is also applied to the complexation of CHsHg" by HS (Table 5.2).
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Table 5.1 Reported values for the conditional stability constant of the Hg-HS complex.

Method used HS-Source pH Ionic strength and other logK’
or type experimental conditions
EDLE ¥ Diverse aquatic ~7 0.1 M NaClOQ, 28.7*
+2 —
[Hg“]=0.1pg / mg DOM 29 5.23.5°
EDLE " Aquatic Florida 7 0.1 M NaClO, 28.5°
low Hg/HS ratio
Everglades ( < lug Hg/ mg HS) 23.2°
49-56 0.1 MNaClO, 10°
high Hg/ HS ratio
(~ 10pg Hg/ mg of HS) 10.7°
CLE-SPE* Waste water 6.6-7.4 [Hg7=0.22-026 ng/L
treatment plants DOC=10-14 mg/ L > 30*
Potentiometric * Soil fulvic acid 3 0.1 M NaNO;
d
[Hg?]<15x10° M
4 5.08¢
Competitive ligand Aquatic Florida 6 I=0.06 10.6-11.8°
and Dy, 13 Everglades, both 0.04 M Phosphate buffer
low and high CI=0.01 M 22.4-23.8?
sulfidic contents [Hg"}= 6 nM
sites [DOCI=10°-10° M
Reducible Hg fractions Aquatic 7.5 Phosphate buffer 21-23.9*
using different (rivers, lakes, bogs) 0.025 M as Phosphorus
reducing agents 9
(BH,", Sn(Il), Cu0)14 [Hg ] up to 20 nM
Adsorption and Peat Soil 2.98-3.4 1=0.5M, 22.4-23.5¢
desorption, using Electrolytes:
KBr,q) as the stron KBr, AI(NO3);, KNO;, 31.6-32.2%
competing ligand.1 [Hg+2]= 2-4 pmole/ kg(C).
GFC’ Diverse; 8.0 1=0.02
Rivers, Lakes, peat 18.3-21.1°

[Hg™] not given.
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Table 5.2 Reported values for the conditional stability constant of the

MeHg-HS complex
Method used HS-Source  pH=+0.2 Ionic strength and other logK
or type experimental conditions
CLE with various Organic Soil 35-3.6 1=0.01-1MKCLKBrorKI. 16.1-16.7*
halides: SOC=303-330 g/kg.
CI'Br and [MeHg] = 9.15-9.76 ng/ g soil.
Equilibrium Dialysis " Aquatic 7 1=0.1 M KCIO,. 12.15-13.07¢
(lakes) [MeHg]= 0.5-100 ng/ L. .
[HS]= 1 mg/L 13.02-14.56
(data fitted to 2-binding sites)
CLE with different Or_ganic peat 3 I=0.01 M in KBr or KCl 16.3*
halides soil [MeHg] ~ 10 * M
- - a
Briandl 3.4-3.8 MeHg / Org Srequced ~ 10 7 16.5
4.3 16.7°
7 14.5°
Equilibrium Dialysis ®®  Diverse; 5292 I=E1mM 10.39-10.54
River, Peat, and
Sol [MeHg] range ~0.1-1.2nM 12 .39-14.77
[HS]= 1 mg/L 14.47-14.96

Data fitted to 3-binding sites

The following definitions apply to Tables 5.1 and 5.2

EDLE: Equilibrium dialysis ligand exchange, CLE-SPE: Competitive ligand exchange

followed by solid phase extraction, GFC: Gel filtration chromatography, Dew: Octanol-

water partition-coefficients, SOC: soil organic carbon.

a: Molar concentration of fully deprotonated thiol sites; b: Molar concentration of

carboxylates; ¢: Mass concentration of humic substances, i.e. K has L.Kg" units; d: Mass

concentration of humic substances as carbon; e: Molar concentration of humic substances

using the number average molecular weight.
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The chemical equilibria involved in the complexation of Hg by HS have been
studied in great detail. Table 5.1 shows that when the Hg/HS ratio is low, the conditional
stability constant is high, with a range for log K between 25 and 31.

In aquatic environments, metal complexes with humic substances (M-HS) are
constituents of a complex and dynamic colloid system.* Both the thermodynamic and
kinetic stability of M-HS complexes influence the accumulation and bioavailability of
metal species. In a dynamic system like fresh water, kinetic speciation provides valuabie
details about the kinetic distribution of different M-HS species, and hence bioavailability.

In this work, we studied the kinetics of dissociation of Hg-HS and MeHg-HS
complexes by means of a competitive ligand exchange method (CLEM), using Duolite
GT-73 as the solid competing ligand. During the CLEM experiments, ICP-MS was used
to follow changes in the Hg(I) concentration. Different isotopes of Hg were used to

cover a wide range of its concentrations.

5.2 Theory

To characterize the kinetic speciation of mercury and methyl mercury bound to
humic substances, we used a competitive ligand exchange method. This method depends
on stripping the metal ions from the natural ligand complex system by forming a new
complex with the competing ligand. The method was proposed by Olson and Shuman.*
They presented a comprehensive approach to resolve the dissociation kinetics of

heterogeneous metal-HS complexes. As a result, the concentrations of kinetically
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different species with respect to dissociation rate constants can be determined. Various
modifications and applications for this model have been published.’'**

The complexation of metal ions with HS is reported to occur on a time scale of
minutes.”>® Nevertheless, our samples were equilibrated for 4-6 hours. The
complexation reaction of Hg with HS is shown in equation 5.3, in which k, and kg4 are the
association and dissociation rate constants, respectively. The charges have been omitted

for simplicity.

kq
Hg-HS f Hg + HS (5.3)

a

Because different binding sites are available in HS, the complexed Hg can be
represented by Hg-HS,, Hg-HS,... and Hg-HS; for i binding sites. For each complex, a
different kinetic behavior is expected.

By swamping the sample solution that contains Hg(II) and HS (previously
equilibrated) with an excess of a suitable resin, Duolite GT-73 in our study, the Hg(II)

released by dissociation will be trapped by the resin according to the following equations:

Hg +2(aq) + Resin —» Hg-Resin (5.4)
ky

Hg-HS; + Resin © Hg-Resin + HS; (5.9
ko
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ks

Hg-HS; + Resin f Hg-Resin + HS; (5.6)
2
ki
Hg-HS;+ Resin € Hg-Resin + HS; (5.7

1

The rate of reaction of free Hg?*, equation 5.4, is expected to be very fast since
the resin (Duolite GT-73) is known to form a very strong complex with Hg(II) through
thiol binding sites.”’ For other reactions represented in equations 5.5 to 5.7, in which the
Hg(Il) is complexed to HS, the rate will depend on the binding strength of each site
toward Hg(II). Even though the reactions are shown as equilibria, the excess of resin

added shifts the reactions to the right, so the overall reaction is irreversible, equation 5.8.

ki
Hg-HS; + Resin (Excess) & Hg-Resin + HS; (5.8)

When the [Resin] >> [Hg] and [Resin] >> [Hg-HS], and under the condition where Hg-
Resin interaction is very strong, and dissociation of Hg from the resin is negligible, then
the representative reaction 5.7 will be the rate determining step since it will be the
slowest reaction. If the kinetics of the dissociation reactions of the Hg-HS complexes are
considered as first-order or pseudo-first-order, then the amount Ci(f) of the complex Hg-

HS; at any time is given by equation 5.9.
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Cio=Cie " (5.9

If each complex dissociates simultaneously and independently, the total concentration of

all complexes C, at any time ¢, is given by a summation (equation 5.10).

n

Cy =Y. Ci(0) e Nt (5.10)
1=1

where n is the number of different ligand sites. For a continuous range of dissociation
constants, equation 5.10 may be converted to the integral form. In our work, sites which
are kinetically similar considered as a single site. Therefore, our results represent the

minimum number of discrete sites available.

5.3 Method Validation

The competitive ligand exchange method has many applications in the field of analytical
chemistry, including kinetic speciation. In the literature, most of the applications for
kinetic speciation were carried out for Ni(II), Cu(Il), Cd(II), Co(II) and Zn(II) ions, either
in natural waters or in model solutions with a variety of humic substances’!*>>38:3,
Because of the lack of the information regarding Hg-HS dissociation kinetics, it is

important to validate the method with a well-known chelating ligand toward Hg(II) such

as ethylenediaminetetraacetic acid, EDTA..
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EDTA, represented as H,Y, is a strong chelating agent known to form 1:1
complexes with Hg”* with high thermodynamic stability constants. The complexation

reaction is shown in equation 5.11.

K
Hg™ g+ Y ap & [HeYT” (5.11)

At 20 °C, the above reaction (5.11) has a log K value of 21.7 % for the completely
jonized species [Y]". This means that a high fraction of Hg?" will be complexed to
EDTA at high pH in the absence of other strong competing ligands. Upon the addition of
excess of Duolite GT-73 resin to a solution containing [HgY]*, the uptake of Hg can be
explained by two pathways: disjunctive, in which the Duolite GT-73 resin traps the Hg2+
released from the thermodynamic equilibrium of [HgY]* complex and adjunctive, in
which the resin reacts directly with [Hg-EDTA] complex. In general, both pathways will
contribute to the observed rate constant. Hering et al® found that the disjunctive
pathway predominates at high loadings, which was the case in our application.

Under our experimental conditions, 5 nM Hg(II) was mixed with 50 nM EDTA at
pH 5 and pH 9. Solutions were left to equilibrate for 24 hours, and then 2.5 g of Duolite
GT-73 Resin was added to 250 ml of the Hg-EDTA solutions. The change in Hg**
concentration of the solutions was continuously monitored on real time by ICP-MS, in
which the Hg isotopes 202Hg, 20Hg, PHg, 201Hg, 198Hg, and 2("‘Hg were simultaneously
quantified. The results of the dissociation kinetics of [Hg-EDTA] at pH 9 are shown in

Figure 5.1. In this figure, the isotopes 1%8Hg and °'Hg are not shown because they are
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superimposed on 204Hg and 'Hg, respectively. For other kinetic experiments, only the
most abundant isotope 202Hg is presented in the figure(s). The analytical results are
expressed in terms of standard deviations to take into account contributions from other
isotopes. A comparison of the dissociation kinetics of the [Hg-EDTA] complex at pH 5
and 9 is shown in Figure 5.2.

[H,Y]* and [HY]® are the predominant species of EDTA at pH 5, while at pH 9
it is [Y]". Consequently, it is expected that at pH 9, Hg”* would be more strongly
complexed with EDTA.

The kinetic components and their rate constants were extracted using a biphasic

fitting, equation 5.12.

Y = ae K'¥ 4 pe K2X (5.12)

a and b are constants; k; and k, are the dissociation rate constants of different

components.
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Figure 5.1 Dissociation kinetics of Hg-EDTA complexes using Duolite GT-73 as the
competing ligand and ICP-MS to measure the dissociation kinetics.
[Hg™'] =1 pg/L (~ 5 nM), [EDTA] = 50 nM, [CI] =10 nM, the solution at pH 9 and

T=23°C. « ®Hg, 0 ®Hg, » "®Hg, » 2“Hg
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Figure 5.2 Comparison of dissociation kinetics of Hg-EDTA complexes at two pH
values using Duolite GT-73 as the competing ligand and ICP-MS of 2*’Hg to measure the
dissociation kinetics. [Hg?*]=1 pg/L (~ 5 nM), T =23°C, [EDTA]=50nM and o pH 5,

+ pHO.
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Figure 5.2 shows that at both pH 5 and pH 9, there are two kinetically
distinguishable components of Hg species: a labile component that is trapped by the resin
within the first 900 s (kg ~ 3.5 x 10? s™") and an inert component that starts to dissociate
slowly after 900 s (kg ~ 4.5 x 10™ s™"). The fraction of the inert component was higher at
pH 9. This reflects the stronger complexation with [Y*], which is the predominant
species of EDTA at this pH. These results (Table 5.3) confirm that the Duolite GT-73
resin is a good competing ligand for studying the kinetic dissociation of Hg-HS

complexes.
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Table 5.3 Kinetic components of the Hg-EDTA complex at two different pH values and
23 °C, as measured by ICP-MS. [Hg”"] = 1 ug/L (~5 nM), [CI] = 10 nM, [EDTA] = 50

nM.

pH Ci/% ki /107 sT C,/% ka/10°s"
5 54+5 4.01 +0.06 45+ 4 3431024
9 35+5 3.23 £0.09 66+ 3 5.76 £0.35

k; and k; are the dissociation rate constants of the rapidly dissociating and the slowly
dissociating components, respectively. C; and C, are the relative concentrations of the
rapidly dissociating and the slowly dissociating components, respectively. The
uncertainties are represented by the standard deviation of the results for the six isotopes

of Hg used in this work.
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5.4 Kinetic speciation of Hg-HS complexes

Compared to EDTA which forms strong complexes with Hg(I[) with known stability
constants, humic substances (both FA and HA) form [Hg-HS] complexes with
conditional stability constants over wide ranges due to the reasons discussed previously
in section 5.1. At concentration ratios of 0.02 — 1.0 pg Hg(Il) per mg DOM and at pH 7,
the complex formed between Hg and DOM has a high conditional stability constant (log
K= 28.5)."! In our work, we examined the kinetic species formed when a 1 pg of Hg as
HgO solution was added to a 1 mg fulvic acid solution at pH 5. The results of the kinetic
speciation are shown in Figure 5.3.

Analysis of the data by non-linear regression to equation 5.12 shows that the Hg-
FA system has at least two kinetically distinguishable components. Prior to 900 seconds,
the initial rapid decrease in Hg concentration implies a weak or labile Hg-FA complex.
This component has kg of 2.5 x 102 s, and it contributes 74% of the initial Hg(ID)
concentration. Free Hg(II), found as the hexaaqua complex, can not contribute
significantly to the labile component because it is trapped by the resin with a higher rate
constant than that determined for the first component. Under our experimental
conditions, the speciation calculation assumes complete Hg(II) complexation by humic
substances(HS), excluding any Hg(H,0)¢>" complex. The second component becomes
predominant after 900 seconds. The slow dissociation refers to a less labile or more inert
Hg-FA complex or complexes. It has a kg value of 5.34 x 10° s, and contributes only

25% of the initial Hg(II) concentration. These results are presented in Table 5.4.
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Figure 5.3 Dissociation kinetics of Hg-FA complexes in model solutions of Suwannee
River fulvic acid using Duolite GT-73 as the competing ligand and ICP-MS of **Hg to
measure the dissociation kinetics. [Hg2+] =1pug/L(~5nM),FA=1mg/L, T =

23°C,and pH 5.
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Table 5.4 Kinetic components of the dissociation of the Hg-FA complex in model

solutions of Suwannee River fulvic acid measured by ICP-MS at pH 5.0 and T = 23 °C.

[Hg']=1 pg/L, [FA] =1 mg/L.

[Hg)/[FA] Ci/% k;/10°s” C2/% ka/10° s
pg/mg
1 74+5 2.51 £0.07 25+3 534+1.0

k; and k, are the dissociation rate constants of the rapidly dissociating and the slowly
dissociating components, respectively. C; and C; are the relative concentrations of the
rapidly dissociating and the slowly dissociating components, respectively. The
uncertainties are represented by the standard deviation of the results for six Hg isotopes

used in this work.
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5.4.1 Effect of [Hg]/[FA] concentration ratio

The effect of [Hg]/[FA] ratio was studied by keeping the Hg(II) concentrations
constant at 1 pg/L (~ 5 x 10”° M) while varying the FA concentration from 1 to 20 mg/L.
Figure 5.4 presents the effects of FA concentration on the dissociation kinetics of Hg-FA
complexes at pH 5 and T = 23 °C. At least two kinetically distinguishable components
are observed. The fraction of the slower (more inert) component increases with
increasing FA concentration. The fit results are summarized in Table 5.3. The fraction of
the kinetically slow component with kg = 4.5 x 10” s increased from 25% to 46% when
the fulvic acid concentration was increased from 1 to 10 mg/ L, while only a slight
increase in this fraction was obtained when the fulvic concentration raised to 20 mg/L
compared to 10 mg/L. The rate constants for the slow and fast components did not
change significantly by varying the FA concentrations at the same pH. This indicates that
we are probing the same binding sites of the fulvic acid.

From the information provided in Tables 2.1 and 2.3, the concentration of
carboxylate groups in 1mg/L of the Suwannee River fulvic acid model solution was
estimated to be 5.9 uM. Almost all of the carboxylate functional groups (pKa; = 3.8) are
expected to be ionized at pH 5. Under our experimental conditions, Hg(II) has a lower
molar concentration by 3-fold than that of carboxylate, implying that Hg(II) should be
complexed predominantly with this functional group in the absence of strong competing
ligands. However, Hg(I) has a stronger affinity toward reduced S-donor ligands than for
O-donor ligands. FA contains both S and O donor sites, and the concentration of O-sites
is much greater than that of S-sites. For 1 mg/L. FA used in this study, the total S content

was calculated to be 125 nM. It has been reported that only 35% ©* or 48% * of the total
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sulfur in Suwannee River FA is in the reduced form. As shown in Table 5.5, we found
that 250 ng/L. and 440 ng/L of Hg(Il) complexes are kinetically more inert (slow) in the
presence of 1 and 5 mg/L fulvic acid, respectively. If it is assumed that only one sulfur
atom is complexed to each Hg atom (1:1 mole ratio), and the binding of Hg to S-donor
sites is responsible for the kinetically inert fractions, then only 1.0% to 2.8% of the
reduced sulfur atoms are involved in the Hg(II) complexation.

The low abundance of reduced S-sites compared to O-sites may result in the
mixed bidentate complexation of Hg”". Xia er al.*! provide evidence to support the
hypothesis that Hg** binds to soil humic acid in a two coordinate fashion. The proposed

model which fits their EXAFS data is shown below.

SR

S/ 2.38A ng.oon
\
CR

R represents various organic groups in HS. In this model, both sulfur and oxygen atoms

are bound to Hg. However, Hesterberg et al.*

reported that at high molar ratio of
Stota/Hg(II) in soil humic acid, a high fraction of the Hg atoms were bonded to two S-
atoms and a smaller fraction were bound to S and O atoms simultaneously.

When the FA concentration was raised from 10 to 20 mg/L, the fraction of Hg(Il)
bound to the strong sites (kinetically more inert) did not increase significantly. This can
be explained by conformational changes in the HS. The changes could be driven by the

high concentration of HS and by the ion binding, which in turn affects the size and shape

of the humic substances. Metal ion binding shields the charges of the HS which causes
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conformational changes in HS. ® increasing the concentration of HS will not necessarily

result in an increase in metal ion binding.(’4
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Figure 5.4 Influence of the Hg(II) to FA ratio on the kinetic speciation of the model
solution of Hg(IT) and Suwannee River fulvic acid at pH 5.0 and T = 23 °C. Duolite GT-
73 is used as competing ligand, Hg** = 1 pg/L (~5 nM), m FA=1 mg/L, v FA = 10 mg/L

and o FA =20 mg/L.
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Table 5.5 Effects of the [Hg?"J/[FA] ratio on the dissociation rate constants of Hg-FA

complexes and their distributions in aqueous solution at pH 5 and T =23 °C,

[Hg™']=1 pg/L.

[Hg)/[FA] Ci/% ki /10°, s C2/ % ky/10° 8™
pg/mg

1 74+5 2.51+0.07 25+3 534+1.0

0.1 55+7 2.56 +0.03 44 +5 424+ 0.83

0.05 50+3 2.41 +£0.06 49+ 4 4.02 +0.96

k; and k; are the dissociation rate constants of the rapidly dissociating and the slowly
dissociating components, respectively. C; and C, are the relative concentrations of the
rapidly dissociating and the slowly dissociating components, respectively. The
uncertainties are represented by the standard deviation of the results for six Hg isotopes

used in this work.
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5.4.2 Effects of pH

The kinetic dissociation of Hg-HS components is greatly affected by the pH of the
medium. Under acidic conditions, the proton (H") competes with Hg(Il) for the
complexing sites. Figure 5.5 shows a comparison of the kinetic dissociation of Hg-FA
complexes at pH 5 and 9. The results show that the fraction of the kinetically more inert
component increased with increases pH. It contributes 25% of the initial Hg(Il)
concentration at pH 5 and 65% at pH 9. This illustrates proton competition with Hg(II)
for the strongly complexing sites.

As shown in Table 5.6, raising the concentration of FA from 1 to 10 and even to
20 mg/L under the same initial conditions (pH 9 and [Hg®"] = 1 pg/L) did not result in
any increase of the fraction of the kinetically more inert component. This effect was also
observed at pH 5 for a high initial concentration of FA. It should be noted that at pH 9 all
of the phenol functional groups (pK, < 9) should be deprotonated. This would result in a
further increase of the O-site density compared to the S-sites and this may be another

factor which limits the formation of the inert component.
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5 Dissociation kinetics of Hg-FA complexes at two pH values using Duolite
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Table 5.6 Dissociation rate constants of Hg-FA complexes and their distributions in

aqueous solution at pH 9, T =23 °C, and at constant [Hg*"] =1 pg/L.

[Hg)/[FA] Ci/% ki /10° s C/% ko /10°s™
pg/mg

1 36+4 2.86 +0.09 65+ 4 6.25+0.33

0.1 37+6 2.87 £ 0.06 63 +5 6.42 +0.46

0.05 40+5 2.55 +0.04 59+3 5.32£0.46

k; and k; are the dissociation rate constants of the rapidly dissociating and the slowly

dissociating components, respectively. C; and C, are the relative concentrations of the

rapidly dissociating and the slowly dissociating components, respectively. The

uncertainties are represented by the standard deviation of the results for six Hg isotopes

used in this work.
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5.4.3 Comparison of kinetic speciation of Hg(Il) complexation with FA and HA

Both FA and HA are major fractions of DOC in freshwater. FA has a higher carboxylic
and phenolic content. According to Tables 2.1 and 2.3, an aqueous solution of 1 mg/L. FA
used in this study contains 5.9 pM carboxylic groups, 1.5 uM phenolic group and 0.125
puM sulfur, while a solution of 1 mg/LL. HA used in this study contains 4.4 uM carboxylic,
1.36 uM phenolic groups, and 0.220 uM sulfur.

The sulfur content of HA is higher than that of FA. Thus, if we assume that the
amount of reduced sulfur is correlated positively to total sulfur, then the kinetically more
inert component (slow) which results from the Hg-S complexation in humic acid should
contribute to a higher fraction of the initial Hg(II) compared to FA. However, if the Hg
complexation by the carboxylate functional groups leads to the Kkineticaily inert
component, then the fraction of this component will be higher in FA compared to HA.

To test the previous hypothesis about the role of reduced sulfur in the formation
of kinetically more inert (slow) components, solutions containing 1 pg/L Hg?* and 1
mg/L. Leonardite humic acid were prepared at pH 5 and 9. After equilibration, the
dissociation kinetics was measured (Figure 5.6).

At least two kinetically distinguishable components were observed in the system.
This result is the same as for Hg-FA complexes, but the fraction of the slower (more
inert) component is different. For the Hg-FA complex, contribution of the kinetically
more inert component was 25% of initial Hg(II), whereas, it contributes 35% in the Hg-
HA complex. This increase is attributed to the higher S-content of HA compared to FA.
Both carboxylic and phenolic group contents of HA is less than that of FA, ruling out the

possibility that the kinetically inert component could be formed from a chelating structure
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of multiple oxygen donors. At pH 9, there is no kinetically significant difference between
the components of the Hg(II) complexes with FA and HA. The results of the kinetic

analysis of Hg-HA complexes are presented in Table 5.7.
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Figure 5.6 Dissociation kinetics of Hg-HA complexes at two different pH values, using

Duolite GT-73 as the competing ligand and ICP-MS to measure the dissociation kinetics.

[HA]=1mg L, [Hg*"]=1 pg/L (~5nM), T=23 °C, o pH 5 and o pH 9.
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Table 5.7 Comparison of the dissociation rate constants of Hg-HA complexes and their
distributions in aqueous solution of pH 5 and pH 9 at T =23 °C. [HA] =1

mg/L (Leonardite humic acid), [Hg>"] =1 pg/L.

pH Ci/% ki /10°s™ Cy/ % k/10° s
5 63+5 3.07 £ 0.09 35+3 7.33+£0.24
9 38+5 4.3 +0.07 62+3 6.76 £ 0.45

k; and k; are the dissociation rate constants of the rapidly dissociating and the slowly
dissociating components, respectively. C; and C, are the relative concentrations of the
rapidly dissociating and the slowly dissociating components, respectively. The
uncertainties represent the standard deviation of the results for six Hg isotopes used in

this work.
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5.5 Kinetic speciation of MeHg-HS complexes

Both Hg2" and MeHg" are considered to be soft acids, and they have a high affinity for
binding to reduced S-atoms. However the complexes formed between MeHg' and HS
have lower conditional stability constants than that of Hg2+. This is clearly shown in
Tables 5.1 and 5.2. The electron donating group (CHj3) reduces the coordination
possibilities of Hg toward S-atoms.

From a kinetic point of view, a solution of MeHg-FA at pH 5, we observed only
one component with kg ~ 10* s™. As shown in Figure 5.7, the dissociation rate constant
of MeHg-FA was found to decrease as the FA concentration increases. This implies that
this curve represents an average of several components. If the system has only one
component, then increasing the FA concentration would not be expected to affect its
dissociation rate constant. However if the system is a mixture of components, then the
fraction of the components is changed as a result of FA addition. Because all of the
components are observed as a single component, the average observed dissociation
constant will change. The results for the kinetic dissociation of MeHg-HS complexes at
different initial concentrations are presented in Table 5.8.

At pH 9 (Figure 5.8), we observed two kinetically distinguishable components.
At this pH, the hydroxide ion competes efficiently for MeHg", so formation of the MeHg-
OH is possible. In aqueous solution, methylmercury hydroxide found as (CH;Hg),OH"
may dissociate faster than the MeHg-HS complex. This explains the observed labile

fraction ( kq of 10 2 s™7) which contributes 60% of the initial MeHg..
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The fraction of MeHg" that bound to the reduced S atom in HS is assumed to be

very low compared to our initial concentration of MeHg" and

Fraction of MeHg remaining in solution, %
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Time / seconds

Figure 5.7 Dissociation kinetics of MeHg-FA complexes in model solution of Suwannee
River fulvic acid using Duolite GT-73 as the competing ligand and ICP-MS for ***Hg to
measure the dissociation kinetics. [MeHg]= 1.7ug/L (~ 8 nM), T=23 °C, and pH 5, ©

FA= 10 mg/L, o FA=5 mg/L.
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Figure 5.8 Kinetic speciation of MeHg-HA complexes in model solution of Leonardite
Humic acid using Duolite GT-73 Resin as the competing ligand and ICP-MS to measure

the dissociation kinetics. HA= 5 mg/L, [MeHg]= 1.7ug/L (~ 8 nM), T=23 °C, and pH 9.
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Table 5.8 The dissociation rate coefficients “k” of MeHg-HS complexes in model

solutions with different initial [MeHg] / [ HS] ratios and at two different pH values, T=

23 °C.
[MeHg] pg/L HSin mg/L  pH+0.2 ki x10°,s7 kox 104 s
1.7 HA 1 5 - 9.4 +2.06
1.7 HA 5 9 3.53 £ 1.12 291+ 1.84

contributes to 60%

1.7 FA 10 5 - 349+1.29
1.7 FA 5 5 - 8.19+£1.76
4.25 FA 10 5 - 7.90+1.57
4.25 FA 5 5 -—-- 11.0+2.14

k; is the dissociation rate coefficients of MeHg-HS component, HS represent the type of
humic substance used; Suwannee fulvic acid (FA) or Leonardite humic acid (HA). The
uncertainties represent the standard deviation of the results for six Hg isotopes used in

this work
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The fraction of MeHg" bound to the reduced S-atoms of HS is low. It has been illustrated
that only thiol groups are involved in the complexation of MeHg" while other reduced S-
groups were not involved even after the saturation of thiol groups.®> However carboxylate
groups of HS are involved in the MeHg" complexation at high MeHg/HS ratio.*” This
complexation is reported to be weak; log K = 3.36 was calculated for the acetate
complexation of MeHg " with 1:1 stoichiometric ratio®

Two *7 and three ** discrete sites with 1:1 stoichiometric ratio were used to
describe and fitting the data for the complexation of MeHg to different HS. However it
has been reported that MeHg" can form a 2:1 and 3:1 complexes with thioglycolate (-

SCHZCOzz') in which 2 or 3 molecules of MeHgJr are bonded to S—atom,66 also it has been

NH,
|
shown that MeHg" form a 1:1 complex with cysteinate(-SCH,CH-COO* ) through S-atom,

with Log K value of 16.6 and another molecule of MeHg" can be complexed through

nitrogen atom resulting in 2:1 complex.®
5.6 Conclusions

From a kinetic point of view, the Hg-HS complexes can be described by at least
two kinetically distinguishable components; the more inert (slow) with a dissociation rate
constant in the order of 10 s, and a labile component with a dissociation rate constant
in the order of 102 s”'. The fraction of each component is greatly affected by different
parameters. Protons (H') compete with ngJr for the strong binding sites with the
competition being more pronounced at low pH values. The Hg/HS mole ratio also is an

important parameter, when [Hg2+] is high then it saturates the strong binding sites and the
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excess binds to the weaker sites. The nature and the composition of HS affects the
binding of Hg**, the more reduced sulfur content the higher fraction of kinetically inert
component of Hg-HS, those parameters also affect the MeHg-HS complexes, while at pH
5 we noticed a one component system with a dissociation rate constant in the order of 10
457 at pH 9 two kinetically distinguishable components were observed, and at higher HS
concentration the dissociation of MeHgHS become slower.

For aqueous solutions containing 1 and 10 mg/L of Suwannee River fulvic acid at
pH 5, the amount of Hg(Il) involved in the kinetically inert components of Hg-HS
complexes is found to be 240 and 440 ng/L, respectively. At higher pH this amount is
increased. This shows that most of Hg?" in aquatic environment will be strongly
complexed to HS in the absence of other strongly competing ligands.

Both of Hg”* and MeHg" show a tendency to complex with HS but it was very
difficult to precisely quantify the amount of MeHg" involved in the formation of the
kinetically inert MeHgHS components; this may be due to the presence of mixed
components with similar rates of kinetic dissociation. This is further refined using an
ultrafiltration technique, in which the dissociation kinetics of MeHg species in different

size fractions was investigated (see next chapter).
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Chapter 6

Size fractionation and kinetic studies of Hg(II) and MeHg" complexes with natural

ligands in aquatic systems

6.1 Introduction

The size distribution of HS is an important aspect of metal ion speciation. In natural
waters, the size fraction of organic complexes can range from small molecules to
particles.! The metals associated with each size class can have different motilities and
bioavailabilities. For example, the residence time of colloidal metal species in the water
column is less than that of truly dissolved metal ions, because of the coagulation and
sedimentation of colloidal metal-humic complexes (M-HS). Aggregation of colloids
represents the principle method of separating metals and HS from water by ultrafiltration
techniques.’

Various methods have been used for the isolation and separation of DOC into
molecular weight (MW) size fractions. There are many ultrafiltration techniques (UF).
Their performance can be influenced by pH, ionic strength, concentration of HS, and the
type of membrane used. A common problem is membrane fouling, caused by the
accumulation of macromolecules (i.e., adsorption) on the surface of the membrane.
Membrane fouling is affected by ionic strength, Ca’" concentration, HS contents, pH and
the type of membrane material. In tangential flow ultrafiltration (TFUF), the solution

moves along the filtration medium surface, while a small fraction of the solution
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permeates the membrane, minimizing membrane fouling. Its ease of use, ability to handle
large sample volumes and applicability to a wide variety of different types of water
samples are distinct advantages of TFUF. Size separation is achieved by using
membranes with different molecular weight cutoffs (WCQO). WCO is defined as the
critical MW of the solute that will be > 90% rejected by the membrane. In practice, the
size of the molecules, rather than their MW, determines the rejection. Hence, the shape
and the conformations of some molecules affect their separations regardless of their MW.

The TFUF technique has been widely-used in size speciation of M-HS complexes
and in DOC fractionation.>* In a review based on more than 30 published papers, Town
et al.’ showed that in different river waters, the size distribution of DOC is 30-33%
greater than 100 kiloDalton (kD) and 66-71% < 100 kD. It has also been reported that 54-
69% of freshwater DOC is < 5 kD and 30-43% is in the range of >5 kD to 0.1 um.%" It
has been shown that the high molecular weight (HMW) fractions of DOC with size > 10
kD are more bioavailable and they are utilized by bacteria more rapidly than the low
molecular weight fractions (LMW).® Carbohydrate moieties and aliphatic groups are
predominant in HMW fraction,” while the LMW fractions of (1-10 kD) contain more
carboxylic functional groups.'’

The number average (M,) and weight average (M,) molecular weight are
commonly used to describe the size distribution of HS. Both terms are defined in
equations 6.1 and 6.2. The ratio of the two termed as the polydispersity (P) of HS and

defined in equation 6.3.
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M, =izl (6.1)

n
(Mi)2 x Fl
M,, = %____ (6.2)
Mi X FI
i=1
M
pP=—" (6.3)
MW

M,; is the molecular mass of the ith component, and F; is the frequency of the component
with mass M;, which is represented by the peak intensity in the mass spectrum or the peak
area in the size exclusion chromatograph.

Various methods have been used to determine these parameters. For Suwannee

River fulvic acid, based on size exclusion chromatography, the values M, = 1260 and M,,
= 2170 (g/mole) were reported.”’ Another study found values of 1360 and 2310 for M,
and My, respectively.'? It has also been calculated that 32.5% of Suwannee River fulvic
acid has a molecular weight distribution of > 3000 Da and 61.9% of < 1360 Da.”?
Electrospray ionization-mass spectrometric (ESI-MS) techniques have reported lower
trends in the molecular weight values of Suwannee River fulvic acid: My, = 591-617 and

M, = 914-936."
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In aquatic systems, the presence of metal ions bound to HS causes changes in the size
distribution of HS. It has been reported that loading of copper, even at low concentration
(3% of HS capacity), led to an increase in the macromolecular fraction of > 50 kD."®

In this chapter, the distributional speciation of Hg-HS and MeHg-HS complexes
in different MW size fractions was characterized using the TFUF technique. The effects
of pH and concentration ratio on the size distribution as well as the dissociation kinetics

for different size fractions are studied.

6.2 Distributional speciation of Hg-HS complexes in model HS solutions

Our results for the distributional speciation of Hg-HS complexes with different MW size
fractions are shown in Table 6.1. For the system which contains 10 pg/I. Hg(Il) and 1
mg/L fulvic acid at pH 5, the percent Hg-HS in the size fraction > 30 kD was 73%,
while 10% was < 5 kD. Upon increasing HS to 10 mg/L under the same conditions, the
fraction of Hg-HS complexes with sizes > 30 kD decreased to 54%, while those < 5 kD
increased to 25%. For the system containing 2.2 pg/I. Hg(Il) and 5 mg/L fulvic acid at
pH 5, the fraction of Hg-HS in the size fraction < 5 kD was 35%. This result suggests that

when the Hg/HS ratio is low, the amount of Hg-HS in the lower size fraction increases.
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Table 6.1 Distributional speciation of [Hg-HS] complexes by size fractionation with

different initial [Hg] / [HS] concentration ratios at pH 5 and 9; T= 23 °C.

Initial Hs, [Hg™] pg/L in filtrate

[Hg”1pg/L mg/l. pH02 <500kD <300kD  <30kD <5kD <1kD
10.82+0.13 FA 1 8.16+0.13 429+0.16 294+031 1.08+0.18 0.31%0.10
10.05+0.11 FA 10 8.48+0.07 6.06+0.13 4.63+021 251+027 0.8920.07
22594012 FA 5 1.56+0.08 1.12+0.04 083+0.07 0.79+£0.06 0.43%0.06
20324008 HA 5 . 0394003 0264004 011+004  <0.06
20240054 HA 5 ; 0.66+0.05 038004 0280031 0.15+0.05
2.00+0.063 HA 1 - 0414003 029+0.05 0.1940.023 0.096% 0.04

*. Limit of detection (LOD) ~ 0.05 pg/L
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For systems which contain humic acid, the fraction of Hg-HS complexes in the
small size fractions (< 5 kD) is lower than in the fulvic acid system, Table 6.1.
When solutions of 2.2 ug/I. Hg(Il) and 5 mg/L humic acid at pH 5 were fractionated, the
percent Hg-HS in the size fraction <5 kD was less than 6%. This component increased
to ~ 14% when pH value was raised from 5 to 9 under the same initial conditions. The
difference in Hg-HS distribution between fulvic and humic acids can be explained by the
higher MW of humic acid and its higher carbohydrate content'® found in the HMW
fractions. These groups bind metal ions.
The effect of pH on the distribution of Hg-HS complexes can be explained by the
conformational changes in the HS. Humic substances have been modeled as spheres that
form colloids at either high concentrations or low pH values, and with linear shapes at
high pH or low concentrations.'” It also has been reported that the proton (H"), divalent
(M?*) and trivalent (M>") metal ions can lead to aggregation of HS resulting in formation
of HMW colloids.’”® The mechanism of coagulation (aggregation) can be explained by
cation shielding of the HS charges, in which the negative charge of HS is compensated by
the bound metal ion, leading to decrease the HS solubility in aqueous solutions. Another
possible mechanism is the bridging of two or more HS molecules by metal cations.'

Table 6.1 shows that a relatively high percentage (50-70%) of Hg-HS was found
in the size fraction > 30 kD. It is noteworthy that some evidence has been provided to
suggest enrichment of Hg in the colloidal phase > 10 kD.?® This is in agreement with our
results, but we also show that Hg/HS ratio plays an important role in the distribution of
Hg-HS complexes. Recently, it has been suggested that metal ions with high binding

strength toward DOC are distributed more in the larger MW size fraction.”! Mercury is
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known to have high tendency to form strong complexes with DOC, ¢ suggesting that

most Hg-HS complexes will be distributed in the higher MW size fraction.

6.3 Kinetic speciation of the Hg-HS ultrafiltrate

Different size fractions of Hg-HS complexes separated by TFUF were studied kinetically
using the CLEM technique. Figures 6.1 and 6.2 show the dissociation kinetics for
different size fractions for two different concentrations of FA at pH 5. Both have the
same initial Hg(II) concentration, 10 ug/L, but different HS concentrations, 1 and 10
mg/L. The results of the kinetic analysis for both systems are presented in Table 6.2. Two
kinetically distinguishable components are observed in both systems. A labile
component with a dissociation rate constant of kg~ 2 to 3 x 10? s is predominant in the
high MW fractions (> 30 kD), while the kinetically inert component with a dissociation
rate constant of kg ~ 2 to 4 x 10° s'is predominant in the low MW fractions of < 5 kD.
For the system containing 1 mg/L fulvic acid, 75 ng and 173 ng Hg(Il) in the 1-5 kD and
< 1 kD size fractions, respectively, are Kinetically inert. For the containing 10 mg/L
fulvic acid, the amount of kinetically inert Hg(II) was higher, with the following
distribution: 140 ng Hg(Il) in the 1-5 kD size fraction and 312 ng Hg(Il) in the < 1 kD
size fraction. In both systems, the kinetically inert species of Hg-HS is found totally in

the < 5 kD size fraction, with 70% below the 1 kD.
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Time / min

Figure 6.1 Dissociation kinetics for different size fractions of Hg-FA complexes at pH 5,
using Duolite GT-73 as the competing ligand and ICP-MS of 22Ho to measure the
dissociation kinetics. [Hg*"] = 10pg/L (~ 50 nM); [FA] =1 mg/L; T =23 °C.

o1kD,05kD, A 30kD, & 300 kD.
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Figure 6.2 Dissociation kinetics for different size fractions of Hg-FA complexes at pH 5,
using Duolite GT-73 as the competing ligand and ICP-MS of 22Ho to measure the
dissociation kinetics. [Hg?'] = 10 pg/L (~ 50 nM); [FA] = 10 mg/L; T =23 °C.

o 1kD,a 5kD, 030kD.
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Table 6.2 Dissociation rate constants and distributions of the size fractions of [Hg-HS]

and [MeHg-HS] complexes in aqueous solution at pH 5 and T =23 °C.

A- [Hg""1=10 pg/L; [FA] = 1 mg/L.

Fraction Ci,% k; x10° s™ C2,% ky x 10°s™
Spiked unfiltered >96 2.43+0.02 <5 —
<300 kD >92 2.46 + 0.04 <7
<30kD > 90 2.38 +0.06 <12
<5kD 75+5 262 +0.032 2343 2.29 +£0.53
<1kD 45+4 2421008 56+3 1.87£0.23

B- [Hg”']=10 pg/L; [FA] = 10 mg/L.

Fraction C, % k; x10° s Cy, % ky x10° s
<5kD 82+3 3.02 +0.04 18+ 4 1.99 + 0.63
<1kD 66 + 4 3.22+0.08 35+3 4.03+023
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6.4 Distributional speciation and kinetic dissociation of MeHg-HS complexes in HS

model solutions

The size distribution of MeHg-HS complexes under various conditions is shown in Table
6.3. Similar to the Hg-HS system, a high percentage of MeHg-HS components is found in
the HMW fractions. For initial concentrations of MeHg of 5 pg/L and HA of 5 mg/L at
pH 5, more than 75% of the MeHg-HS components was located in the size fractions >30
kD while only 15% was present in the size fraction < 5 kD. However, when the pH was
raised from 5 to 9 under the same initial conditions, the percentage of MeHg-HS species
in the size fraction > 30 kD dropped to 42%, while the amount increased to 44% in the
size fraction < 5 kD. This may indicate that the hydroxide ion concentration plays an
important role in the speciation of MeHg in aquatic the environment. In basic medium,
formation of the hydroxide complex MeHgOH is significant. To test this hypothesis, we
studied the dissociation kinetics of these size fractions of MeHg-HS complexes at pH 5
and pH 9, Figures 6.3 and 6.4. At both pH values, there are at least 2 components in the
HMW (>30 kD) size fractions. The dynamic (labile) component has a dissociation rate
constant of k= 1-2 x 10 3 s", and another one with k= 7-9 x 10 * s7'. Below 30 kD, the
dissociation rate constant decreased to 4-5 x 10 s\, In the size fractions < 5kD, two
kinetically distinguishable components were observed: a labile one with kg = 2-3 x 10
s' and an inert component with kg 4-5 x 10 S g1 At pH 9, the labile component
contributes ~77% of the MeHg complexes in the < 1 kD fraction and ~24% of the total
MeHg" in the system. Since theoretical calculations show that the free CH3Hg" can be

found only in gas phase but not in water, > this may imply that the labile component is a
Y in gas p
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hydroxide species such as CH;HgOH,", CH;HgOH (54 or (CH3Hg),OH". The latter is the
predominant form of methyl mercury hydroxide in the pH 4-5 range.”® For both systems
at pH 5 and 9, the inert component in the size fraction < 5 kD represents ~ 300 ng/L
MeHg". The resu_lts of the kinetic analysis are presented in Table 6.4.

The dissociation kinetics of MeHgHS are generally more complex than those of
HgHS. In the HgHS system, two kinetically distinguishable components were observed
that were easily identified in the different size fractions. In MeHgHS, two kinetically
distinguished components were only observed in the < 1 kD size fraction. They were
attributed to the hydroxide form (k = 1-2 x 10? s™) and an inert complexed one (k = 4-5
x 107 s™). In the HMW fraction (> 30 kD), a third MeHgHS component was observed
with k = 5-6 x 10 s™. The possibility that this component resulted from a mixture of the
previous components is reasonable, since some fitting results (Table 6.4 with b sign) can

separate those components.
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Table 6.3 Distributional speciation of [MeHg-HS] complexes by size fractionation at a

constant [HS] concentration of 5 mg/L, at pH 5 and pH 9. T=23 °C.

Initial[MeHg] HS pH+0.2 [ MeHg] pg/L in filtrate
<500 kD <300 kD <30kD <5kD <1kD
ug/l,
502+ 0.12 HA 5 307+£0.13 156+0.06 1.07+0.08 0.76+0.05 0.42+0.07
485+ 0.13 HA 9 4.11+£0.10 3.54+0.11 2.8+0.07 2.17£0.09 1.53+0.08
508+ 020 FA 5 337£0.09 32+0.11 195+0.09 1.19+£0.07 0.71+0.10
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Figure 6.3 Dissociation kinetics for different size fractions of MeHg-FA complexes at
pH 5, using Duolite GT-73 Resin as the competing ligand and ICP-MS of 22Hg to
measure the dissociation kinetics. [MeHg]=5 ng/L, [FA] = 5mg/L, T=23 °C.
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Figure 6.4 Dissociation kinetics for different size fractions of MeHg-FA complexes at
pH 9, using Duolite GT-73 Resin as the competing ligand and ICP-MS of *“Hg to
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Table 6.4 The dissociation rate constants and their distributions of the different size

fractions of [MeHg-HS] complexes in different aqueous solution at T = 23 °C.

Size fraction

Ci, % ki x 103, s Co, % kox 104, s Cs, % kyx 10° s
in KD
A- [MeHg] = 5pg/L, FA = 5mg/L and pH 5
300° >9(° 7.12+2.06
30* > 90° 9.24+ 1.49
30° 73+ 7 1.07 £ 0.56 23+6 1.32+£0.58
5% >90° 42 +0.83
sb 82+7 5.92+1.86 17+5 8.12+1.32
1® 59+ 4 2.93 +0.872 40+ 3 5.1+0.13
B- [MeHg] = 5pg/L, HA = Smg/L. and pH 9.
300* >92¢ 1.08 + 0.06
30° >88° 7.92 +0.56
5% >9(0° 6.27 + 0.40
1® 77 +3 1.97+0.36 2+4 4.6+0.28

a: fitted to one component system, b:

estimated from plateau in the curve fit.

fitted to two component system ¢: percentage
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6. 5 Application to Ottawa River water samples

Water samples from the Ottawa River at Aylmer were collected in August and September
2004. The physical and chemical properties of the samples are presented in Table 6.5.
Because of the very low mercury concentrations in the Ottawa River water samples, which

is below the detection limit of the ICP-MS, we artificially spiked the samples with either

2 ng/L Hg2+ or 4 ng/L MeHg".

6.5.1 Distributional speciation of Hg(I) and MeHg" in the Ottawa River

The results of the size fractionation of the spiked water samples from the Ottawa River
are presented in Table 6.6. As in the model solutions, a relatively high percentage of Hg-
DOC complexes were found in the high MW fractions > 30 kD. Approximately 62% of
the Hg-DOC was found in the size fraction > 30 kD while 20% was found in the < 5 kD
fraction. For MeHg complexes, 48% was found in the size fraction > 30 kD and 31%
below 5 kD. The relatively high percentage of MeHg in the LMW (< 5 kD) is believed

to be due to the formation of MeHg hydroxide complexes.

192



Table 6.5 Physical and chemical properties of Ottawa River water samples.

Parameter Value
pH 7.5
T/°C 18.7-19.1
Color Pale-Yellow
DOC (mg/L) 6.2
Ca®* (mg/L) 8.3
SO4Z (mg/L) 7.4
CI' (mg/L) 2.8
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Table 6.6 Distributional speciation of Hg(I) and MeHg" for different size fractions as a
result of spiking samples of the 0.45 um filtrate of Ottawa River water with Hg(Il) or

MeHg', T =23 °C.

Spiked species / Concentration( pg/L ) in filtrate
concentration (ug/L)

<500 kD <300kD <30kD <5kD <1kD

Hg(1I) / 2.08 + 0.04 1.30+£0.05 1.13+0.03 0.78+0.04 0.41+0.03 0.22+0.05

MeHg' /4.08+0.094 2.68+ 0.05 251+£0.07 2.1+ 0.08 1.28% 0.04 0.97= 0.06
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6.5.2 Kinetic speciation of Hg(Il) and MeHg(I) in Ottawa River water filtrate

The dissociation kinetics for different size fractions from Hg(Il)-spiked Ottawa River
water samples are shown in Figure 6.5. As with the model solutions, two kinetically
distinguishable components were observed (Table 6.7). The labile component had a
dissociation rate constant kg of ~ 2 X 103 s' t0 3 x 103 s'l, similar to that of the model
solutions. However, the more inert component had a higher dissociation rate constant, ky
~ 1.0-2.0 x 10* 5. The presence of other metal ions and cations, or the type and
composition of DOC, may have caused this deviation. It has been reported that in the
presence of 2.5 mM Ca® and pH 7 - 8, the humic substances coagulate.”’ This leads to a
decrease in the complexation ability of DOC toward metals, due to precipitation or
sedimentation.

The amount of reduced sulfur in DOC is probably the most important factor that
affecting the lability of Hg-HS complexes. It may explain differences in kinetic
dissociation between the model solutions and Ottawa River water samples.

The results in Table 6.7 show that Ottawa River water samples have the ability to
strongly complexe 187 ng Hg(II)/L (93 nM kinetically more inert), of which 53% was
found in the 1-5 kD size fraction, 42% in the < 1 kD size fraction and ~ 5% in the 5-30
kD size fraction.

The dissociation kinetics of the MeHg-DOC complex in Ottawa River water are
shown in Figure 6.6. For the system containing 2 pg/L. of MeHg, two kinetically
distinguishable components were observed. The first has kg = 2.36 x 107 s and
constitutes 46% of the total MeHg. The second component constitutes 54%, with a

slower dissociation rate constant of kg = 4.7 x 10%* s,
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Figure 6.5 Dissociation kinetics for different size fractions of Hg-DOC complexes in
mercury spiked water samples from the Ottawa River, using Duolite GT-73 as the

competing ligand and ICP-MS of *Hg to measure the dissociation kinetics.
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Table 6.7 Dissociation rate constants for different size fractions of [Hg-DOC] complexes

in Ottawa River water samples, as a result of spiking the 0.45 um filtrate with 2.08 + 0.04

ng/L Hg2+ as HgO.
Fraction Ci /% k;/10°s! Cy/ % k,/10° s
Spiked of 0.45 um

> 90 1.37+0.06 <10 -
filtrate
<500 KD > 83 1.08 £ 0.05 <15 -
<30KD 75+3 2.37+0.07 24+ 4 20.5+3.4
<5KD 55+3 3.27+0.07 43 +5 144420
<1KD 65+3 1.74 + 0.08 3542 10.5+3.0
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Abundance of MeHg as 202Hg

Time / second

Figure 6.6 Dissociation kinetics for MeHg-DOC complexes in spiked water sample from

Ottawa River, using Duolite GT-73 as the competing ligand and ICP-MS of **Hg to
measure the dissociation kinetics. (m experimental, O calculated)
The 0.45 um filtrate of Ottawa River water samples was spiked with (2.14 + 0.14) pg/L

MeHg".
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The second slow component (kq= 4.7 x 10* s may associate with another slower
component(s). Analysis of the 5 kD fraction (Figure 6.7), which contains 1.28 pg/L
MeHg, shows that a slower component with ks= 8.5 x 10~ s contributes 26% of this
fraction, while 64% of this fraction dissociates faster, with ks=2.19 x 107> s™.

We conclude that, in Ottawa River water samples, MeHg is complexed 50-75% to
DOC; only 8-15 % belongs to the kinetically inert component with kg ~ 10 ° s, The
latter represents 300-350 ng/L. of MeHg, most was found in the 1-5 kD size fraction. A
significant percentage (> 80 %) of the 1 kD size fraction contains the labile component,
with kd~ 102 s™. This represents more than 20% of total MeHg. The high initial
concentration of MeHg used in these experiments (2-4 pug/L) may result in this high
percentage of uncomplexed MeHg; at the low concentrations relevant to natural waters, a

high percentage of MeHg may be strongly complexed to DOC.
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Figure 6.7 Dissociation kinetics for the size fraction < 5 kD of MeHg-DOC in spiked

water samples from Ottawa River, using Duolite GT-73 as the competing ligand and ICP-

MS of **Hg to measure the dissociation kinetics.
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6.5.3 Comparison between Hg(Il) and other heavy metal ions in Ottawa River water

To study the effects of trace metal ions on the dissociation kinetics of Hg-DOC
complexes in Ottawa River water, samples were spiked with Pb(Il) and Cd(Il). Both
copper and zinc were detected at high concentrations without spiking.

The distributional speciation of these metal ions in Ottawa River water samples is
presented in Table 6.8. This table shows that 75, 40, and 35 % of DOC complexes of
Pb(1D), Cd(11) and Zn(II), respectively, were found in the size fractions > 30 kD, while 7,
35, and 49% were found in the size fraction < 5 kD.

It has been shown that the carbohydrate moiety in DOC occurs in the molecular
weight fraction > 10 kD.*?®? Polysaccharides and carbohydrates associate efficiently
with metal jions®® and this may explain the high proportion of dissolved metal ions in high
MW fractions. Various studies have shown that the majority of trace metal ions like Cu,
Zn, and Cd are associated with the colloidal material in natural waters. 3032 However, it
has been reported that the aliphatic character of DOC increases as the MW increases,
while the low MW fraction (< 10 kD) contains more aromatics and carboxylic groups.'®
This implies that the low MW fraction of DOC has the highest affinity toward metal ions.
According to a recent review, the majority of trace metal ions like Cu, Zn, Cd, and Ni in
freshwater systems are found in the size fraction < 1kD. The origin of this apparent
contradiction in the literature may be the difference in the ratio of metal ion to DOC
concentration, the nature of DOC or the presence of other cations such as Ca®* and Mg**

and the pH.
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Table 6.8 Distributional speciation of some metal ions by size fraction, metal ions are

naturally occurring in Ottawa River water samples or artificially spiked

Concentration of metal ions in different size fractions (filtrates), pg/L.

Metal 0.45 pm <500 kD <300 kD <30kD <5kD <1kD
ions filtrate
Cu 3.21 +£0.05 -- - - - -
found
Pb(ID) 2.01+ 0.006 1.07+0.02 0.504 = 0.001 0.18 +£0.001 0.15+0.003 0.13+0.002
spiked
Cd(Il) 1.04+0.001 1.01+£0.01 0.72+0.003 0.63+0.001 0.36 + 0.003 0.064+0.001
spiked
Zn 6.02+0.41 5.6+ 0.29 4.58+0.18 3.90+0.33 294+ 0.25 1.94+0.19
found
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In order to study the kinetic dissociation of these trace metal ion complexes with DOC,
we replaced the Duolite GT-73 by Chelex-100. The latter is a resin based on
iminodiacetic acid. It has been used in different studies of metal speciation in water.> 335
The carboxylate group is a suitable choice for complexing the metal ions in this study.
Figure 6.8 shows the kinetics of dissociation of various metal complexes in the Ottawa
River water samples. It is clear that Hg(II), Cu(Il), and Pb(II) tend to be complexed to a
greater extent than Cd(I) and Zn(Il). This is in good agreement with their affinities to
organic ligands.

Analysis of the kinetic data by non-linear regression to equations 5.10 or 5.12
shows that for Hg(ll), Cu(II) and Pb(Il), there is a major component which dissociates
very slowly. For Cd(II) and Zn(Il), two kinetically distinguishable components are
observed for both metal ions. The results of the analysis are presented in Table 6.9.

If the kinetic stability of a metal ion complexe is directly related to its conditional

stability constants, the affinity of these ions toward DOC is:

Hg(1I) > Cu(IT) > Pb(IT) > Cd(II) > Zn(II).
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Figure 6.8 Kinetic speciation of trace metals in a freshwater sample collected from the
Ottawa River using Chelex-100 as the competing ligand and ICP-MS to measure the
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Table 6.9 Dissociation rate constants and distributions of metal complexes in Ottawa

River water samples, using Chelex-100 as the competing ligand.

Metal Ci/% ki/10°s" C2/% k2/10°s"
Hg(ID) <3 - > 98 9.1+1.5
Cu(ID <3 - > 98 9.8+2.3
Pb(II) <4 - > 95 184 +1.4
Cd(II) 51+3 1.55+0.28 48 + 4 255+ 7.1
Zn(II) 71+ 4 2.88 +0.19 28+5 65.7+10.0
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The two components of Hg-HS reported many times in this work appeared as one
slow component when the GT-73 resin was replaced by Chelex-100. This provides good
evidence that the labile component (fast) observed with GT-73, is mainly formed by (Hg-
O) interactions. This implies that a carboxylate and /or a phenolate complexation of
Hg(II) are dominant. Such strong complexes are relatively weaker than Hg-S complexes,
so GT-73 with its dithiolate functionality can easily trap and replace Hg-O by Hg-S
complexes. This allows the determination of the labile component. The kinetically inert
component is attributed to strong Hg-S complexation in HS. GT-73 may compete with
such ligands depending on their concentration.

Chelex-100 has carboxylate functional groups. The labile Hg(II)-HS component
with Hg-O interactions (carboxylate and phenolate) competes with Chelex-100 for
Hg(II). As a result, the two components of Hg(II) appeared as a single slow component
when Chelex-100 is used.

Our work shows that copper has only one kinetically inert component, with a
dissociation constant of ~9.8 x 10 * s™'. This component represents more than 98% of the

total dissolved copper and is in good agreement with recent studies®*’

showing that the
DOC of freshwaters (lakes and rivers) has a high complexing capacity toward Cu, with
conditional stability constants in the range (log K =7.52 —10.3).

The dissociation kinetics of various metal ion complexes (M-DOC) in the size
fraction < 1 kD show that these complexes are kinetically more inert (slower) compared
to the HMW fractions. The dissociation rate constant for Pb(Il) complexes in the 1 kD

fraction (Figure 6.9), ks=2-5 x 10 s is slower than in the HMW fractions (k= 18.4 x

10° s). Analysis of the dissociation kinetics of Cd(II) in the <1 kD fraction (Figure
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6.10) yields k¢= 2.4 x 10™ s™". Even though this fraction is totally inert but it represents
only 13% of the total inert components of Cd(II)-HS complex. The rest (87%) may be
represented in other fractions. The kinetically inert species of Cd(II) may be a result of
Cd-S interactions. Recently,’® it has been reported that at very low Cd(II) concentrations,
and in the presence of HS, Cd(Il) can form 4 and 6 coordinate complexes. In the 4-
coordinate complexes, two reduced sulfur atoms were involved. However, *Cd NMR

shows that Cd(Il) predominantly form complexes with O-donor ligands in humic

substances.>’

The inert component for Zn(Il) is totally recovered (found) in the 1 kD fraction
(Figure 6.11), with k= 2.5 x 10™ 5™, This result again illustrates the importance of this

size fraction (< 1 kD) in the metal ion complexation.
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Figure 6.9 Dissociation kinetics for Pb(II) in the <1 kD size fraction of Ottawa River
water, using Chelex-100 as the competing ligand and ICP-MS to measure 2%Pb in

solution.
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Figure 6.11 Dissociation kinetics for Zn(Il) in the <1 kD size fraction of Ottawa River
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6.6 Conclusions

The size distributional speciation of Hg-HS and MeHg-HS shows that an appreciable
fraction of these complexes is found in the colloidal phase of > 30 kD. For solutions of
10 mg/L. Suwannee River fulvic acid and 10 pg/L Hg(II) at pH 5, the distribution of Hg-
FA shows 54% in size fraction >30 kD and 25% in size fraction <5 kD. This distribution
is affected by the Hg/HS ratio. When this ratio is low, more Hg-HS is found in the lower
size fractions < 5 kD. The pH of the solution also affects this distribution by changing the
conformational structure of HS. At high pH, more Hg-HS and MeHg-HS are found in the
low size fractions. The formation of MeHg hydroxide complexes is enhanced at high pH
values. For artificially spiked freshwater (Ottawa River), both MeHg" and Hg(II)
complexes of DOC were found at > 50% in the colloidal phase, >30 kD.

From a kinetic point of view, the Hg-HS complexes can be described by two
kinetically distinguishable components. The labile component, with a dissociation rate

constant on the order of 10> s’

is predominant in the HMW size fractions. The inert
component, with a dissociation rate constant on the order of 10° s is predominant in the
LMW size fractions < 5 kD, With 70 % below 1 kD. This kinetic distribution of Hg-DOC
is also observed in spiked Ottawa River water samples.

In the system MeHg-HS, the kinetically inert component was observed in the
fraction < 5kD, but unlike Hg-HS, in the size fraction < 1 kD MeHg-HS is 75% labile.

This may be due to the formation of MeHgOH. In artificially spiked Ottawa River water

samples ~ 23 % of MeHg" is very weakly bound or not complexed at all. Between 300-
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350 ng/L is strongly complexed to DOC and found in the 1-5 kD size fraction, with kg in
the order of 107s™.

In Ottawa River water samples containing various metal ions, we find that Hg(II),
Cu(II), and Pb(II) tend to be complexed to a greater extent than Cd(II) or Zn(Il). This is
in good agreement with their affinities for organic ligands. The LMW size fractions < 5
kD are very important for complexing metal ions. The kinetically inert component (kg=
10s™") of Zn(IT) complexes was totally recovered in the <1 kD fraction. Cd(II) and Pb(II)
complexes are also inert in this size fraction , but the inert fractions are also distributed

in other LMW size fractions.
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