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Abstract

Toxicity testing is moving from animal-based studies to faster, more ethical in vitro
approaches that focus on mechanistic toxicology. The use of bisphenol A (BPA) replacement
compounds is increasing and there is limited toxicity data available for these compounds in avian
species. The overall goals of this thesis were to: a) determine if avian cell lines are suitable
alternatives to primary hepatocytes for chemical screening; b) generate toxicity data for five
BPA replacement compounds: bis(4-hydroxyphenyl)methane (BPF), bis(3-allyl-4-
hydroxyphenyl)sulfone (TGSH), 7-bis(4-hydroxyphenylthio)-3,5-dioxaheptane (DD-70), 2,2-
bis(4-hydroxyphenyl)hexafluoropropane (BPAF) and 4-hydroxyphenyl 4-
isoprooxyphenylsulfone (BPSIP) in three in vitro models: primary chicken embryonic
hepatocytes (CEH), double-crested cormorant (DCCO) embryonic hepatocytes (DCEH) and
chicken LMH cell line; and 3) prioritize two replacements for early-life stage testing (ELS).
LMH cells cultured as 3D spheroids, as opposed to 2D monolayer, had enhanced mMRNA
expression and CYP1A activity and were therefore used for screening. Additionally, an
immortalized DCCO hepatic cell line, DCH22, was established, which may be useful for future
avian toxicity testing. DD-70 and BPAF were the most cytotoxic across the three in vitro models.
TGSH and DD-70 altered expression of genes associated with multiple toxicity pathways, but
not estrogen response, and are potential non-estrogenic replacements. BPAF, BPF and BPSIP are
potential estrogenic replacements. In general, the replacements were more cytotoxic and/or
transcriptionally active than BPA. There was species-specific variability in toxicity; the
replacements were more transcriptionally active in CEH compared to DCEH. LMH spheroids
were more sensitive to estrogenic endpoints than CEH. DD-70 and BPAF were prioritized for

ELS studies based on in vitro results. All of the replacements modulated the expression of genes



related to bile acid regulation in vitro and an increase in gallbladder mass was observed in
chicken embryos after exposure to DD-70 or BPAF. Overall, this thesis evaluated the utility of
LMH cells cultured as spheroids as an animal free alternative for chemical screening, established
a DCCO cell line, and generated novel cytotoxicity and gene expression data for five BPA
replacement compounds in three in vitro avian models and determined ELS toxicity of two

replacement compounds.



Résumé

Les tests de toxicité passent de plus en plus des études sur les animaux a des approches in
vitro plus rapides et plus éthiques, axées sur la toxicologie mécanistique. L'utilisation de
composeés de remplacement du bisphénol A (BPA) est en augmentation et il existe peu de
données sur la toxicité de ces composés chez les espéces aviaires. Les objectifs généraux de cette
these étaient de : a) déterminer si les lignées cellulaires aviaires sont des alternatives appropriées
aux hépatocytes primaires pour la sélection de substances chimiques; b) générer des données de
toxicité pour cinq composés de remplacement du BPA: bis(4-hydroxyphényl)méthane (BPF),
bis(3-allyl-4-hydroxyphényl)sulfone (TGSH), 7-bis(4-hydroxyphénylthio)-3,5-dioxaheptane
(DD-70), 2,2-bis(4-hydroxyphényl)hexafluoropropane (BPAF) et 4-hydroxyphényl 4-
isoprooxyphénylsulfone (BPSIP) dans trois modéles in vitro: hépatocytes embryonnaires
primaires de poulet (CEH), hépatocytes embryonnaires de cormoran a aigrettes (DCEH) et lignée
cellulaire LMH de poulet; et 3) classer par ordre de priorité deux remplacants pour les essais aux
stades de vie précoces (SVP). Les cellules LMH cultivées sous forme de sphéroides 3D, par
opposition aux monocouches 2D, présentaient une expression de I'ARNm et une activitée CYP1A
accrues et ont donc été utilisées pour la sélection. De plus, une lignée de cellules hépatiques
immortalisées de cormoran a aigrettes, DCH22, a été établie, ce qui pourrait étre utile pour de
futurs tests de toxicité aviaire. Le DD-70 et le BPAF ont été les plus cytotoxiques dans les trois
modeles in vitro. Le TGSH et le DD-70 ont modifié I'expression des génes associés a de
multiples voies de toxicité, mais pas la réponse aux cestrogenes, et sont donc des substituts non
cestrogéniques potentiels. Le BPAF, le BPF et le BPSIP sont des substituts cestrogéniques
potentiels. En général, les substituts étaient plus cytotoxiques et/ou transcriptionnellement actifs

que le BPA. Il y avait une variabilité de la toxicité selon les espéces; les substituts étaient plus



actifs sur le plan transcriptionnel chez les CEH que chez les DCEH. Les sphéroides LMH étaient
plus sensibles aux parametres cestrogéniques que les CEH. Le DD-70 et le BPAF ont été
priorisés pour les études SVP sur la base des résultats in vitro. Tous les substituts ont modulé
I'expression des genes liés a la régulation des acides biliaires in vitro et une augmentation de la
masse de la vésicule biliaire a été observée chez les embryons de poulet apres exposition au DD-
70 ou au BPAF. Dans I'ensemble, cette thése a évalué I'utilité des cellules LMH cultivées sous
forme de sphéroides comme alternative sans animaux pour la sélection de substances chimiques,
a établi une lignée cellulaire de cormoran a aigrettes, a généré de nouvelles données de
cytotoxicite et d'expression génique pour cing composés de remplacement du BPA dans trois

modeles aviaires in vitro et a déterminé la toxicité de deux composeés de remplacement aux SVP.
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Figure 4.1. DCH22 cells in two culture conditions grown in 96-well plates: A) 2D monolayer
cells, and B) 3D spheroid.

Figure 4.2. Concentration-dependent effects of PCB-126 exposure on EROD activity in DCH22
2D monolayer cells and 3D spheroids after 24h exposure.

Figure 4.3. Concentration-dependent effects of metyrapone on CYP3A activity (measured as

relative luminescence units [RLU]) in DCH22 2D monolayer cells after 24h exposure.
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Figure 5.1. Principal component analysis of significant genes on the ToxChip array in CEH
following exposure to BPA, BPA replacement compounds (BPF, TGSH, DD-70, BPAF and
BPSIP), and 17 estradiol (E2).

Figure 5.2. Principal component analysis of significant genes on the AestroChip array in CEH
following exposure to BPA, BPA replacement compounds (BPF, TGSH, DD-70, BPAF and
BPSIP), and 17 estradiol (E2).

Figure 5.3. Principal component analysis of significant genes on the double-crested cormorant
ToxChip array in DCEH following exposure to the BPA replacement compounds, TGSH, DD-
70, BPAF and BPSIP, and 178 estradiol (E2).

Figure 5.4. Principal component analysis of significant genes from the ToxChip array in CEH
and DCEH following exposure to the BPA replacement compounds, TGSH, DD-70, BPAF and
BPSIP, and 17 estradiol (E2).

Figure 6.1. Principal component analysis of significant genes on the ToxChip and AestroChip
arrays in A) LMH 3D spheroids and B) CEH following exposure to BPA, BPA replacement
compounds (BPF, TGSH, DD-70, BPAF and BPSIP), and 17p estradiol (E2).

Figure 7.1. Effect of (A) 1,7-bis (4-Hydroxyphenylthio)-3,5-dioxaheptane (DD-70), and (B)
Bisphenol AF (BPAF) on embryonic viability at mid-incubation (embryonic day 11; n= 14-19).
Figure 7.2. Effect of in ovo DD-70 exposure on (A) embryo mass, and (B) gallbladder mass for
all embryos at term (embryonic day 20; n= 4-19/dose group).

Figure 7.3. Effect of in ovo Bisphenol AF (BPAF) exposure on gallbladder mass for all embryos

at term (embryonic day 20; n=5-12/dose group).
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Chapter 1. Introduction
1.1Toxicity Testing
1.1.1Traditional Toxicity Testing

Traditional toxicity testing involves in vivo, whole animal studies, in which animal
models are treated with concentrations up to the maximum tolerated dose of a chemical of
interest to determine apical adverse effects. The endpoints determined in traditional toxicity tests
include lethality, organ abnormality, carcinogenesis, reproductive and development toxicities
(Shukla et al. 2010). Traditional toxicity tests cover a wide range of exposure scenarios; acute (1-
4 days), sub-chronic (7 to 90 days) and chronic (2 years) (Chhabra et al. 2003). In vivo studies
offer the advantage of determining toxicity in a living organism with intact cellular structure,
metabolism, and biological signalling and feedback mechanisms. Since animal toxicity testing
has been used for decades, there are standardized guidelines and international acceptance of the
resulting data (Hartung and Daston 2009). Despite these advantages, traditional toxicity testing
provides very little or no information on the mechanism(s) of toxicity of chemicals (Shukla et al.
2010). Furthermore, in vivo tests in model species are time-consuming, expensive, require large
numbers of animals and are not necessarily predictive of toxicity in humans or wildlife (Hartung
2009). Due to the nature of in vivo testing, these tests are inadequate to evaluate the toxicity of
the large number of chemicals in the environment and there are ethical concerns regarding

animal use.



1.1.2 Avian Toxicity Testing

Birds are widely used as indicator species of terrestrial and aquatic ecosystem health.
High trophic level birds such as raptors and seabirds accumulate high levels of contaminants
through diet and are used for assessing bioaccumulation and biomagnification of environmental
chemicals (Guigueno and Fernie 2017). Exposure to chemicals like dichloro-diphenyl-
trichloroethane (DDT) induced eggshell thinning in many avian species such as peregrines
(Falco peregrinus) and bald eagles (Haliaeetus leucocephalus) resulting in embryo lethality
(Lundholm 1997). Similarly, perfluorooctanesulfonic acid (PFOS) has been implicated in
decreased hatching success in tree swallows (Tachycineta bicolor) and laboratory-based studies
in chickens (Gallus gallus domesticus) (Custer et al. 2012). Many other chemicals have been
found to alter behaviour, decrease reproductive success and increase mortality in birds (Carere et

al. 2010).

Birds have been used to monitor toxicity and changes in concentration of pesticides in the
environment and are used as model organisms in the National Pesticides Monitoring Program in
the United States (Hill and Hoffman 1984). In many avian species, changes in behaviour,
development, physiological abnormalities and reproduction can be observed over a relatively
short span of time following exposure to chemicals (Smits and Fernie 2013). The Organization
for Economic Cooperation and Development (OECD) regulates international guidelines for
toxicity test methods and there are three tests (Test numbers 223, 205 and 206) that determine
the effects of chemicals in avian species as part of ecological risk assessment. The acute avian
oral toxicity test (Test No. 223) determines the lethal median dose (LD50) of chemicals by
administering a single dose of a chemical by gavage in adult birds such as bobwhite quail

(Colinus virginianus) (n=10 birds/concentration) and observing effects and lethality for a period



of 14 days (OECD 2016). In the avian dietary toxicity test (Test No. 205), various concentrations
of a chemical are administered to birds via diet for 5 days, followed by a normal diet for three
days. After 8 days, changes in weight, behaviour, food consumption, and signs of intoxications
are measured (OECD 1984a). In the avian reproduction test (Test No. 206), breeding birds are
exposed to test substances at various concentrations (at least three concentrations, n=20
birds/concentration) via diet for a minimum of 20 weeks. Eggs are collected over a 10 week
period and artificially incubated and hatched. Reproductive endpoints measured include the
number of eggs laid, eggshell thickness, hatchability, embryo viability, developmental
abnormalities, and body weight in 14 day old chicks. Species included in this test are bobwhite
quail, Japanese quail (Cortunix japonica) or mallard duck (Anas platyrhynchros) as these species
are widely available and easy to rear (OECD 1984b). All three tests are expensive, resource
intensive and require large numbers of adult birds. In order to minimize animal use, the acute
avian oral toxicity test was modified to integrate prior knowledge of LD50 values of selected
chemicals in other species; however, the modified test still requires 5 to 20 animals to determine
the LD50 of a single chemical (Edwards et al. 2016). Acute avian oral and dietary tests have
been used for pesticide registration and regulation. In a recent study of 119 pesticides, it was
found that the dietary toxicity test did not generate novel data compared to the oral toxicity test

(Hilton et al. 2019).

An alternative testing strategy to reduce animal use in avian toxicity testing involves the
use of early-life stage (ELS) exposures. The avian embryo is an isolated system that can used to
determine the adverse effects of chemicals of interest without the use of adult birds. Embryonic
development of laboratory model avian species such as chicken (Gallus domesticus) and quail

are well-described (Farhat et al. 2019). Advantages of ELS include the accessibility of eggs of



laboratory species year-round, the limited resources/equipment required (i.e. an incubator,
dremel tool, repeater pipet), and the relatively inexpensive cost (Huss et al. 2019). The cost of an
egg injection study ranges from $2000 to 3000 (Doug Crump, personal communication) per
chemical, the majority comprising technician labour costs, compared to ~$8300 for the avian
dietary test (Hilton et al. 2019). Numerous studies have employed avian ELS testing to
investigate the adverse effects of chemicals such as dioxins, flame-retardants, and heavy metals

on the developing embryo (Farhat et al. 2014; Augspurger et al. 2008; Gilani and Alibhai 1990).

1.1.3 Alternative Toxicity Testing

In 2007, the National Research Council (NRC) released a pivotal report entitled
“Toxicity Testing in the 21st century: A Vision and a Strategy”, which outlined a long-term
vision for toxicity testing. The report stressed the limitations of traditional toxicity testing to
determine the toxicity of new and existing chemicals in the environment (Krewski et al. 2010).
There are a large number of chemicals (~82 000) that are data poor or require testing with an
additional 600 new chemicals being introduced each year (Government of Canada 2019). The
NRC report and subsequent publications emphasized the need to change toxicity testing from in
vivo approaches to tiered-based, in vitro high-throughput approaches, which harness
advancements in molecular biology and information technology to screen and prioritize
chemicals for further testing (Thomas et al. 2013; Krewski et al. 2010). In addition, the report
highlighted that in vitro cell-based approaches would permit determination of dose-response and
mechanistic data of chemicals relevant to toxicity pathways, and reduce the number of animals
required (Kavlock et al. 2011). In vitro approaches are amenable for high-throughput screening
(HTS), allow for high numbers of replicates and are cheaper than animal studies (Hartung and

Daston 2009). Overall, the report suggests a shift in toxicity testing towards a “bottom up”



approach, where molecular interactions and perturbations in cellular pathways are used to predict

adverse effects (Parfett and Desaulniers 2017).

Around the same time as the NRC report was published, the European Union’s
Registration, Evaluation, Authorisation and Restriction of Chemicals (REACH) regulation
framework for chemicals manufactured or imported at more than 1 ton per year came into effect.
The framework also acknowledged the need to accelerate toxicity testing by implementing and
standardizing in silico and in vitro methodologies, minimizing animal use, and incorporating
previously validated in vitro tests such as skin irritation into the toxicity testing framework. It
was estimated that without the use of alternative methods, 4 150 test animals would be required
to determine the toxicity of a single chemical. Under the REACH regulation, animal tests are to

be used only when there are no alternative options available (Schoeters 2009).

In order to meet the challenges outlined in the NRC report, there has been an
international effort to develop and validate alternative methods. The Tox21 program, a
collaboration between four US federal agencies (EPA, FDA, NTP and NCGC), was launched in
2008 to develop and identify in vitro HTS assays that can be used to predict changes in toxicity
pathways of relevance to in vivo toxicity (NIH 2019). Similarly in Europe, EU-ToxRisk and
Safety Evaluation Ultimately Replacing Animal Testing (SEURAT-1) were launched to develop
animal free mechanistic based approaches, biological and chemical read-across, and adverse

outcome pathways (AOP) for chemical safety assessment (Daneshian et al. 2016).

In vitro HTS assays are generally performed on either 96, 384 or 1536 well microplates,
and can be either biochemical (cell-free) or phenotypic (cell-based) in nature. Biochemical
assays usually measure the binding of ligands to receptors in competition with the natural ligand

in purified target proteins (Blay et al. 2020; Mayr and Bozanic 2009). Phenotypic assays utilize



cell lines specific to organs of interest to determine cytotoxicity, gene expression and cell
signalling (Dorval et al. 2018). These assays require small quantities of reagents and test
chemicals and are suitable for automation, cost and time effective for analyzing large numbers of

chemicals, and animal free (Blay et al. 2020).

1.1.4 Importance of Liver for Toxicity Testing

The liver is a complex organ associated with a multitude of physiological processes such
as lipid and cholesterol homeostasis, xenobiotic and macromolecule metabolism, bile acid
synthesis, immune system support and glycogenesis. Due to these important activities, the liver
is an important target organ for toxicity testing (Malarkey et al. 2005). The liver primarily
consists of five cell types: hepatocytes, cholangiocytes, stellate cells, Kupffer cells, and liver
sinusoidal endothelial cells (LSECs). Hepatocytes are the most abundant cell type (70-80% of
liver volume) and perform most of the functions of the liver. Hepatocytes are polarized with the
apical end facing the lumen and the lateral side consists of hepatocytes connected by tight
junctions and desmosomes, and organized in cords. Cholangiocytes are the second most common
type of cells and line the lumen of the biliary duct. Stellate cells are fat reservoirs and form scar
tissue in response to hepatic injury, and Kupffer cells function as hepatic macrophages and
produce cytokines (Trefts et al. 2017). LSECs are fenestrated cells that filter solutes and particles

between sinusoids and the blood (Malarkey et al. 2005).

One of the key toxicological functions of the liver is to metabolize xenobiotic chemicals
using phase | and Il metabolic pathways. Phase | metabolizing enzymes participate in oxidation,
reduction and hydrolysis of compounds in order to create a hydrophilic metabolite by adding —
OH, —SH or —NH: groups. In some cases, the addition of hydrophilic groups can lead to the

activation of a prodrug or procarcinogen. Cytochrome P450 (CYP) enzymes are hemeproteins



that are present in a variety of species and are the most important enzymes in phase |
metabolism. There are many CYP450s (~57 in humans) but 90% of phase | metabolism is
performed by CYP1A, CYP2C/D/E, and CYP3A (Guengerich 2006). CYP1A substrates are
usually planar compounds like polyaromatic hydrocarbons and biphenyls (Brown et al. 2008).
The activity of CYP1A is regulated by the receptor, aryl hydrocarbon receptor (AhR), which is
present in diverse species including birds (Hahn 2002). CYP2C/D/E metabolize low to medium
molecular weight compounds with a broad range of polarities and CYP3A has a broad range of
substrates, although most are weakly hydrophilic with aromatic rings (Brown et al. 2008).
Expression of CYP2C/D/E and CYP3A are regulated by pregnane X receptor (PXR) and
constitutive androstane receptor (CAR) in mammals (Honkakoski and Negishi 2000). However
in birds, CYP2C/D/E and CYP3A expression is mediated by the chicken xenobiotic receptor

(CXR) (Handschin et al. 2000).

Phase Il enzymes further prepare xenobiotic compounds for biliary or renal clearance or
inactivate reactive metabolites by making them water-soluble. This is done by adding a
glucuronide, sulfate, glutathione or amino acids to compounds by UDP-glucuronosyltransferases
(UGTSy), sulfotransferases (SULTS), glutathione S-transferases (GSTs) and methyltransferases.
The most active phase Il enzymes are UGTs and SULTSs; UGTs metabolize diverse groups of
compounds, whereas SULTSs prefer low molecular weight compounds. In addition, SULTSs are
the primary phase Il enzymes in the developing fetus since UGTSs are not expressed until 20

weeks of gestation (Jancova et al. 2010).



1.1.5 In Vitro Liver Models

Hepatocytes are the most common hepatic cells used for toxicity testing due to their
critical role in hepatic processes. There are three types of in vitro liver models that are commonly
used: liver slices, primary hepatocytes and immortalized hepatic cell lines. Liver slices contain
all types of hepatic cells, retain cellular morphology and architecture of the hepatic environment,
and can be cultured for up to 5 days (Palma et al. 2018). The sectioning procedure is fairly
simple, avoids the use of proteases that breakdown cellular connections and the preparation does
not vary among species (Lerche-Langrand and Toutain 2000). Rat liver slices have the closest
gene expression profiles to in vivo conditions compared to other in vitro models (Elferink et al.
2008). However, gene expression in liver slices becomes more similar to primary hepatocytes
than whole liver after 24h. Liver slices also have increased expression of inflammatory genes
post slicing (~6h) compared to other in vitro models and show signs of necrosis between 48 to

72h; thus, liver slices are more suitable for acute short-term studies (Boess et al. 2003).

Primary hepatocytes, that is, hepatocytes that are directly isolated from livers, have
become one of the most common in vitro models to determine the metabolism and toxicity of
chemicals. Primary hepatocytes retain expression and activity of metabolizing enzymes,
transport proteins, and nuclear receptors such as AhR, CAR and PXR, similar to in vivo.
However, primary hepatocyte cultures show significantly diminished CYP and phase Il enzyme
expression within 72h of isolation (Hewitt et al 2007). Primary hepatocytes are typically cultured
under conventional 2D monolayer conditions, and freshly isolated hepatocytes attach to the
surface of the cell culture dish within 4h. In order to re-establish intercellular connections and
polarity, hepatocytes form aggregates of 2-10 cells and bile canaliculi are established 24h post-

isolation (Wanson et al. 1997). After 48h, hepatocytes lose polarity, proper intercellular



connections and adopt a fibroblast-like flattened morphology. The change in morphology is
known as dedifferentiation, which causes loss of metabolic activity in primary hepatocytes
(Fraczek et al. 2013). In order to prevent dedifferentiation, primary hepatocytes can be cultured
between two layers of collagen or matrigel known as sandwich culture (Soldatow et al. 2013). In
this technique, cellular interaction, extracellular matrix, tight junctions and bile canaliculi are re-
established for longer durations. Sandwich cultured hepatocytes have improved metabolic
competence in terms of gene expression and activity of Phase | and Il metabolizing enzymes and
are more similar to in vivo expression and activity than monolayer culture (Kienhuis et al. 2007).
However, a significant decrease in mMRNA expression (~50%) and activity (~65%) of phase |
metabolizing enzymes between 42 to 72h was observed in sandwich cultures, whereas phase |1
enzyme expression remained relatively unchanged up to 90h (Mattjis et al. 2009). Primary
hepatocytes are excellent options for short-term studies; however, both primary hepatocytes and

liver slices rely on animal use.

Immortalized hepatic cell lines are frequently used as an in vitro model for toxicity
testing due to ease of use. In addition, many cell lines are readily available, can be stored
cryogenically for long periods, can be cultured for long durations and do not require animal use.
Cells lines are usually derived from cancer or stem cells, or transformed by viruses (Roggen
2011). Some cell lines are poorly characterized, especially for toxicity testing, and hepatic cell
lines that are characterized tend to have poor expression of metabolizing enzymes. For example,
expression of CYP2D6, CYP2E1 and CYP3A4 was 60, 50 and 100 times lower in the human
HepG2 cell line compared to primary hepatocytes (Gerets et al. 2012). In contrast, the human
HepaRG cell line had stable expression of CYP1A2, CYP2B6, and CYP3A4 genes and

responded to CYP inducers in a similar manner as in vivo (Anthérieu et al. 2011; Aninat et al.



2006). The expression and activity of metabolizing enzymes are likely influenced by the methods
used to establish the cell line and conventional 2D monolayer cell culture techniques. In normal
2D monolayer cell culture, hepatocytes are forced to adopt a flattened morphology to adhere to
cell culture vessels. This physical change in cellular shape is accompanied by diminished cellular
interactions and changes in structural components of the hepatocytes. In addition, hepatocytes
cultured under 2D conditions are more prone to apoptosis due to loss of the extracellular matrix,
which provides cells with environmental stimuli (Vinken and Hengstler 2018). These changes

are part of the reason for decreased expression of metabolizing enzymes.

Three-dimensional (3D) cell culture is a rapidly evolving field, which attempts to recreate
the complex in vivo microenvironment of the cell in order to improve in vitro testing. Even
though 3D culture is more time intensive and costly compared to 2D culture, the prevalence of
3D cell culture is increasing due to improved intercellular and cell to extracellular matrix
interactions, and the spatial arrangement of the cells, which resemble that of in vivo conditions
(Edmondson et al. 2014). Spheroid culturing is one of the most common 3D culture techniques
used for hepatocytes. Hepatic spheroid cultures have re-established polarity and bile canaliculi,
(Abu-Absi et al. 2002) and have improved viability, hepatic functions and metabolic competence
(Lauschke et al. 2019). Primary hepatocytes cultured as spheroids can be maintained for 35 days
with CYP1A2, CYP2D6 and CYP3A4 activities, functional bile canaliculi and low levels of
apoptotic markers (Bell et al. 2016). Similarly HepG2 and HepaRG spheroids can be cultured for
more than 20 days with functional hepatic biomarkers and CYP activities (Ramaihgari et al.
2017; 2014). Spheroids can be used for repeated dosing experiments or co-culture with other
hepatic cells such as Kupffer cells to attain a more similar in vivo microenvironment and are

compatible for HTS (Bell et al. 2016, Ramaihgari et al. 2014).
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1.1.6 Toxicogenomics and PCR arrays in HTS

Toxicogenomics is a promising approach, with relevant applications to HTS, to measure
changes in gene, protein and metabolite expression in order to determine the mechanism of
action of a toxicant (Waters and Fostel 2004). It can aid in understanding the mechanisms of
action and the adverse effects of chemicals considering modulation in gene expression is one of
the first cellular events in response to chemical exposure. Changes in gene expression occur
rapidly and at concentrations below those required for apical changes. Gene expression analysis
can be incorporated into dose-response studies to determine a point of departure (POD), which is
the dose that is likely to cause an adverse effect. POD can be the no-observed-adverse-effect
level (NOAEL) or lowest observable adverse effect level (LOAEL) or the benchmark dose
(BMD), the dose that will lead to a predetermined change resulting in an adverse effect
compared to control (Johnson et al. 2014; Filipsson et al. 2003). Furthermore, changes in cellular
pathways induce characteristic gene expression profiles, which can be used to classify chemicals

with similar mechanism of actions (Hamadeh et al. 2002).

Gene expression profiling, which examines changes in mRNA expression following
chemical exposure is commonly measured using quantitative real-time PCR (RT-gPCR) or RNA
sequencing (Bourdon-Lacombe et al. 2015). RT-gPCR is used to measure mRNA expression of a
select set of gene markers associated with target pathways and is one of the most sensitive
methods (Alexander-Dann et al. 2018). RT-gPCR is frequently used to detect changes in gene
expression using customized PCR arrays in avian toxicity testing. This technology permits the
assessment of numerous chemicals that can be performed simultaneously and/or in parallel to
generate a large amount of data in a short time allowing prediction of toxicity based on

molecular signature (Gatzidou et al. 2007). The number of genes and pathways covered by a
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PCR array can be customized. For example, the customized species-specific PCR array,
ToxChip, has been used in our lab to measure changes in gene expression associated with several
biological pathways. The ToxChip is focused on hepatic genes, which are markers of important

pathways in the liver (Crump et al. 2016).
1.2 Endocrine Disrupting Chemicals

The endocrine system is responsible for mediating many biological processes including
growth and development, metabolism, homeostasis, and reproduction. There are eight major
endocrine glands dispersed throughout the body such as pituitary and adrenal glands, and each of
these glands secrete hormones that are transported via the bloodstream to target tissues.
Hormones are tightly regulated via feedback mechanisms due to their high potencies and short
half-lives (Gore et al. 2015). Even though the liver is not an endocrine gland, it is a target of
several hormones and plays an essential role in metabolism and regulation of hormones (Burra
2013). In oviparous species, such as birds, the liver is an important organ involved in hormonal
control of reproduction and produces many important precursor proteins such as vitellogenin
(Kime et al. 1999). Chemicals that can interfere with the endocrine system are known as
endocrine disrupting chemicals (EDCs). An EDC is defined as, “an exogenous agent that
interferes with synthesis, secretion, transport, metabolism, binding action, or elimination of
natural blood-borne hormones that are present in the body and are responsible for homeostasis,
reproduction, and developmental process” by the Environmental Protection Agency (EPA)
(Diamanti-Kandarakis et al. 2009). EDCs represent a diverse group of chemicals that are
widespread in the environment and have been detected in both humans and wildlife. The primary

exposure route is believed to be via the diverse commercial and industrial products in which
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EDCs can be found, including pesticides, building materials, and plastics (Casals-Casas and

Desvergne 2011).

1.2.1 Bisphenol A

Bisphenol A (BPA) was first synthesized in the 1890s and has been used as a plasticiser
since the 1950s. BPA is used as a monomer in the synthesis of polycarbonate plastics and epoxy
resins. It is one of the highest volume chemicals produced worldwide with 7.7 million metric
tons used in 2015 (Almeida et al. 2018). As a component of polycarbonate plastics, BPA is
found in a wide range of products such as electronic equipment, optical devices, and household
plastic products. Epoxy resins are used for a variety of applications such as protective coatings
(e.g. metal containers and thermal paper), adhesives (e.g. in sports equipment), or as structural
reinforcement in composite materials (e.g. in polyvinyl chloride plastics). Due to the extensive
use of BPA, it is widespread in the environment and has been detected in diverse environmental
samples, including humans, wildlife and abiotic compartments. Concentrations of BPA ranging
from 1.96 to 56 pg/L and 12 to 3 300 ng/g were detected in surface water and indoor dust,
respectively (Chen et al. 2016; Corrales et al. 2015). In addition, BPA was detected in the liver

(~0.001 pg/g wet weight) of the great cormorant (Phalacrocorax carbo) (Nakayama et al. 2006).

The endocrine disrupting properties of BPA came into focus in the 1990s when a research
group reported estrogenic activity in yeast that was associated with BPA that leached from
autoclaved polycarbonate flasks (Krishnan et al. 1993). The estrogenic effects of BPA along with
perturbations in androgen and thyroid systems have been reported in in vivo and in vitro studies
(Siracusa et al. 2018; Rochester and Bolden 2015; Rubin 2011). BPA was assessed under
Canada’s Chemical Management plan in 2008-2009 and met the criteria for having immediate or

long-term harmful effects on humans and the environment, and as a result was added to the
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Toxic Substances List. In 2010, Canada banned the importation and sale of baby bottles
containing BPA (Government of Canada, 2010). BPA is classified as a substance of very high
concern (SVHC) by the European Chemical Agency (ECHA) due to its endocrine disrupting
potential and effects on reproductive toxicity. In the European Union, the use of BPA in baby
bottles was banned in 2011 and restrictions on other infant products and thermal paper came into
effect in 2018 and 2020 (ECHA 2020). Due to the toxic properties and restrictions on BPA,
manufacturers have shifted to the production of “BPA-free” products, which contain structural

analogs of BPA with similar chemical properties.

1.2.2 Bisphenol A Replacement Compounds

The production and use of BPA replacement compounds in consumer products are on the
rise and some have been detected in environmental samples. To date, a large number of
alternatives (~30-40) have been identified as having properties similar to those of BPA.
Unfortunately, with the exception of bisphenol S, the majority of replacement compounds are
relatively data poor in terms of toxicity endpoints. Studies have found that certain replacement
compounds have similar toxicity as BPA and can target diverse biological pathways (Pelch et al.
2019). Five BPA replacement compounds identified as priorities for data generation by Canada’s
Chemicals Management Plan were chosen for this thesis: 1) bis(4-hydroxyphenyl)methane
(Bisphenol F; BPF), 2) bis-(3-allyl-4- hydroxyphenyl)sulfone (TGSH/TGSA), 3) 1,7-bis(4-
hydroxyphenylthio)-3,5-dioxaheptane (DD-70), 4) 2,2-bis(4- hydroxyphenyl) hexafluoropropane

(Bisphenol AF; BPAF), and 5) 4-hydroxyphenyl 4-isopropoxyphenyl sulfone (BPSIP).

The five BPA replacement compounds included in this thesis have one or two phenol
groups connected by a carbon or other scaffold and side chains. The structures of the

replacements compounds are shown in Figure 1.1. BPF is structurally similar to BPA but is
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missing the two methyl groups on the central carbon. BPF is used in the synthesis of epoxy
resins and is found in industrial and consumer products such as tank and pipe linings, electrical
varnishes, adhesives, lacquers and the inner coating of metal food containers. TGSH is a sulfone
(RSO2R) derivative of BPA with 2 phenol groups connected by a central sulfone group and each
phenol group contains an allyl (-CH=CHCHz) side chain (Figure 1.1). TGSH is used as a
developer in thermal paper and is found in cash receipts (Bjornsdotter et al. 2017). There was a
significant increase in the production of TGSH from 4.5 to 225 tonnes in 2002 to 452 to 4535
tons in 2006 in the United States (EPA 2002). Among the replacement compounds included in
this thesis, DD-70 is structurally the most different from BPA. Similar to BPA, DD-70 has two
phenol groups but these groups are connected by a chain consisting of sulfur, oxygen and carbon
atoms. DD-70 is another replacement used as a developer in thermal paper (EPA 2015) and is
found in cash receipts (Keminer et al. 2009). In terms of toxicity, there are limited data available.
BPAF is structurally very similar to BPA except that the two methyl (CH3) groups on the central
carbon are replaced with two trifluoromethyl (CFs3) groups (Figure 1.1). BPAF is used as a
monomer in polycarbonate and polymers and as a cross linker for certain fluoroelastomers,
which are fluorinated synthetic polymers that can withstand harsh temperature and/or chemicals;
as such, it has diverse industrial applications. BPAF-containing fluoroelastomers were approved
by the U.S. Food and Drug Administration and these can contain up to 2% BPAF by weight
(NTP 2008). The estimated use of BPAF is between 100 to 1000 tons/ year in the EU (ECHA
2018). BPSIP is structurally more similar to TGSH than BPA, a central sulfone group joins the
two benzene rings and one of the phenol hydroxyl groups is substituted with an isoproxy group

(CsH70) (Figure 1). BPSIP has been detected in thermal paper from the Netherlands
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(Bjornsdotter et al. 2017) and Switzerland (Goldinger et al. 2015). The highest concentration was

found in thermal paper, 3.4-13.2 mg/g, in Switzerland (Goldinger et al. 2015).
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Figure 1.1. Chemical structures of BPA and the five BPA replacement compounds, BPF, TGSH,

DD-70, BPAF and BPSIP.

1.2.3 Environmental Occurrence and Fate of BPA Replacement Compounds

Compared to BPA, BPF and BPAF have been detected in environmental samples at
similar concentrations. In sediment samples from Japan, South Korea and the United States, BPF
concentrations ranged from 3.24-338 ng/g d.w. (Liao et al. 2012). BPF concentrations were
greater in surface water (~1000 ng/L) than sediment samples in China, Japan and South Korea
(Yamazaki et al. 2015). In the Tamagawa River of Tokyo, concentrations of BPF as high as 2850

ng/L were detected, which is greater than the 1500 ng/L predicted no-effect concentration for
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BPA set by the EU (Chen et al. 2016). BPAF (0.9-246 ng/L) has been detected at similar
concentrations as BPA (6.6—74.6 ng/L) in river water, but at lower concentrations (1.4-43 ng/L)
than BPA (0.18-2010 ng/L) in sediment samples in China (Yang et al. 2014). There is no

information available on the environment occurrence of TGSH, DD-70 or BPSIP.

The bioconcentration factor (BCF) is often used to assess the tendency for a particular
compound to accumulate in an organism from the environment. BPF, TGSH, DD-70 and BPSIP
have BCF values less than 100, indicating low potential for accumulation. In silico aerobic and
anaerobic biodegradation models show that TGSH and DD-70 have a high potential to be
persistent in the environment with a half-life of 75 days in soil (EPA 2015). BPAF has been
detected in phytoplankton and fish (anchovy, whitebait) in China and based on the lipophilic
nature of the compound it is likely to accumulate in organisms at higher concentrations than

BPA (Wang et al. 2017).

1.2.4 Toxicokinetics of Bisphenol A and Replacement Compounds

BPA was rapidly metabolized to an inactive metabolite BPA- glucuronide (BPA-G) via
glucuronidation by UGT2B1 following oral exposure in rats and humans (Nachmann et al. 2015;
Volkel et al. 2008). Plasma concentrations of BPA were below the detection limit after 18h in
rats exposed to 10 or 100 mg/kg of BPA (Pottenger et al. 2000) and it could pass the placental
barrier in pregnant rats (Kurebayashi et al. 2005). In embryos, unconjugated BPA was detected
instead of BPA-G, suggesting that babies might not be able to metabolize BPA properly
(Vandenberg et al. 2007). BPA was biotransformed into an active metabolite, 4-methyl-2,4-
bis(4-hydroxyphenyl) pent-1-ene via CYP450 oxidation in MCF-7 cells incubated with rat S9
fraction for 1h and may account for differences in metabolism observed between species

(Yoshihara et al. 2001).
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In pregnant and non-pregnant rats given a single oral dose of 7 mg/kg of tritium-labeled
BPF ([3H] BPF), the compound was rapidly absorbed and distributed throughout the body. The
major metabolite was BPF-sulfate generated by phase 1l sulfonation, which was mainly excreted
in the urine within 6h of exposure. The highest deposition of [3H] BPF was found in the liver

and BPF was able to pass the placental barrier in pregnant rats (Cabaton et al. 2006).

There are no toxicokinetics studies available for TGSH or DD-70 in any species.
Exposure to TGSH in chicken embryos resulted in increased hepatic expression of CYP3A7,
UGT1A9 and SULT1E1 (Crump et al. 2018), indicating phase | and 1l metabolism in a similar

manner as BPA.

BPAF is rapidly metabolized to the major metabolite BPAF glucuronide (BPAF-G), via
glucoronidation in rats (Li et al. 2013) and in rodent hepatocytes (Waidyanatha et al. 2015).
BPAF-G was found to be a biologically active metabolite in vitro (Skledar et al. 2019). The main
enzyme responsible for BPAF-G production was UGT2B7 in human liver microsomes (Li et al.
2013). The highest concentrations of BPAF were detected in the liver following oral or
intravenous exposure routes and clearance of BPAF was slower than BPA in human and rodent
hepatocytes (Waidyanatha et al. 2015). BPAF was found in maternal plasma, cord plasma, and
placenta samples ranging from 9 to 20, 26 to 168, and 16 to 60 pg/g, respectively (Pan et al.

2020).

BPSIP was detected in maternal plasma, cord plasma, and placenta samples ranging from
230 to 2400, 129 to 686, and 78.5 to 1 310 pg/g, respectively. BPSIP was the most common
replacement compound detected in these samples after BPA (Pan et al. 2020). BPSIP was more
commonly detected than BPA in plasma of cashiers, suggesting that clearance of BPSIP from the

body may be slower than BPA (Thayer et al. 2016).
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1.2.5 Toxicological Targets of Bisphenols

1.2.5.1 Estrogen pathway

Estrogen is a steroid hormone derived from cholesterol and plays a critical role in
development and maintenance of physiological systems including reproductive, cardiovascular,
immune, neuroendocrine, adipose and skeletal. Estrogen primarily acts via two mechanisms,
genomic and non-genomic. Genomic signalling is carried out by the nuclear receptors, estrogen
receptors (ER) a and B, which control complex processes such as carcinogenesis, growth and
proliferation (Fuentes and Silveyra 2019). In genomic signalling, estrogen binds to either ERa or
ERB in the cytoplasm of target cells resulting in receptor dimerization followed by the
translocation of the receptor-ligand complex to the nucleus, where it binds to the estrogen
response element (ERE) to modulate the transcription of target genes (Fuentes and Silveyra
2019). In non-genomic signalling, estrogen binds to G-coupled estrogen receptor (GPER1;
formerly called GPR30) in the cell membrane resulting in activation of secondary messengers
and signalling pathways. Non-genomic signalling carries out rapid estrogen actions that occur
much faster than genomic signalling and play critical roles in the nervous system and liver
(Bjornstorn and Sjoberg 2005). Furthermore, there are a group of orphan nuclear receptors
known as estrogen related receptors, ERRa, ERRP and ERRY, which are closely related to ERa
and ERp, and can modulate estrogen response (Giguere 2002). Interestingly, estrogen is not a
natural ligand of these receptors, but synthetic estrogens like diethylstilbesterol can bind to ERRs

(Tremblay and Giguere 2007).

BPA can bind to both ERa and ER, with a higher affinity for ERB. However, BPA has a

much lower affinity than 17 estradiol (E2) (1000 and 100 000-fold less, for ERa and ER]3
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respectively) (Kurosawa et al. 2002; Matthews et al. 2001). The half maximal inhibitory
concentration (IC50) values of BPA for ERa and ERp binding were 1.04 uM and 1.32 M,
respectively (Matsushima et al. 2010) (Table 1.1). BPA has a stronger binding affinity for
GPERI1 than ERa and ERp and the IC50 value was 0.693 uM in HEK293 cells (Thomas & Dong
2006). For example, low concentrations of BPA (1-200 nM) induced GPER1-dependent
pathways (Thomas & Dong, 2006; Nadal et al. 2000). BPA binds very strongly to ERRy with an
IC50 value of 0.0131 uM and prefers ERRy 105x more than ERa (Takayanagi et al. 2006; Okada
et al. 2008; Tohme et al. 2014). In zebrafish cell lines, BPA has freater affinity for ERa (EC50 =
0.47 to 0.81 uM) than ERB1 and ERB2 (EC50 = 3.3 to 5.5 and 2.8 to 4.2 uM) (Table 1.1) (Pinto

et al. 2019; Le Fol et al. 2017).

BPF can bind to both ERa and ER, and in silico data suggest that, like BPA, it has a
higher affinity for ERB (Goldinger et al. 2015). The IC50 values of BPF for ERRy and GPER1
were 0.13 and > 100 puM in the HeLa and SK-BR3 cell lines (Cao et al. 2017; Okada et al. 2008)
(Table 1.1). BPF was less estrogenic than BPA in terms of ERE binding in the human breast
cancer MCF-7 cell line (Kitamura et al. 2015). In zebrafish (Danio rerio) cell lines, the IC50
values for ERa, Erpl and Er2 were 5.8, 5.4 and 2.4 uM (Le Fol et al. 2017) (Table 1.1). In
zebrafish larvae, estrogenic activity of BPF and BPA was reported at 5 and 10 pM, suggesting

higher estrogenic activity of BPF than BPA in vivo (Le Fol et al. 2017).

TGSH showed no ERa or ERf} mediated activity or antagonism in HepG2 or MCF7 cell
lines (Pelch et al. 2019) and was also inactive in a reporter gene assay (Keminer et al. 2020;
Bjornsdotter et al. 2017). Likewise, DD-70 was inactive in ERa and ERP ligand binding assays

(Keminer et al. 2020).
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BPAF can bind to both ERa and ERf and the binding potency for ERB (IC50 =0.019
pum) was three times greater than ERa (IC50 = 0.054 um) using a radio ligand binding assay in
human HelLa cells (Matsushima et al. 2010) (Table 1.1). BPAF (5 nM) induced ERP expression
in two human breast cancer cell lines, MCF7 and MDA-MB-231 (ERa negative cell line)
(Okazaki et al. 2018). In contrast, the affinity was greater for ERa in zebrafish cell lines (Pinto et
al. 2019; Cano-Nicolau et al. 2016). The EC50 values for ERa, Erpl and Erf32 were 0.084. 0.76
and 0.9 um in zebrafish cell lines (Pinto et al. 2019) (Table 1.1). Upregulation of ERo mRNA
expression was observed following exposure to BPAF (0.5 uM) for 8h in male medaka
(YYamaguchi et al. 2015) and in zebrafish larvae after 7 days of exposure (Chen et al. 2018).
Exposure to 1 uM BPA or BPAF resulted in 36 and 43-fold upregulation of aromatase gene,
CYP19A1B, in brains of 7 day old zebrafish larvae (Cano-Nicolau et al. 2016). BPAF is a full
agonist of ERa in reporter gene assays (Skledar et al. 2019, Matsushima et al. 2010), while
acting as an antagonist of ERP (Kojima et al. 2019; Matsushima et al. 2010). The agonistic
activity of BPAF towards ERa was greater than BPA in several cell lines and yeast assays
(Skledar et al. 2019; Pelch et al. 2019; Fic et al. 2014; Teng et al. 2013). BPAF was the most
potent among replacement compounds and BPA in terms of induction of ERE-mediated
transcription (Mesnage et al. 2017; Kitamura et al. 2005). In addition to binding to nuclear ERs,
BPAF bound to GPERL in two human breast cancer cell lines, MCF7 and SKBR3, and increased
GPER1 mRNA expression in mouse embryonic stem cell-derived cardiomyocytes (Yang et al.

2020; Cao et al. 2017). The binding affinity of BPAF for GPER1 was 3 UM (Cao et al. 2017).

While fewer studies have investigated the estrogenic activity of BPSIP, this replacement
compound (10 uM) was found to have ERa-mediated activity in ER transfected HepG2 cells and

the IC50 values for ERa and Erf3 were 2.01 and 1.33 uM in silico (Goldinger et al. 2015) (Table
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1.1). BPSIP had no ERp antagonism in MCF7 cells (Pelch et al. 2019) and was inactive in a
reporter gene assay (Keminer et al. 2020; Bjornsdotter et al. 2017). In contrast, BPSIP (50
ug/mL) upregulated the mRNA expression of ERa and ERJ and increased the estrogen to
testosterone (E2/T) ratio in male zebrafish. In general, the endocrine disrupting properties were

less potent than BPA in zebrafish (Lee et al. 2018).

Table 1.1. Half maximal inhibitory concentration (IC50) and half effective maximal
concentration (EC50) of BPA and the five replacement compounds for estrogen receptors in

human and zebrafish cell lines. ‘-¢ indicates no data available.

Chemicals Human cell lines IC50 (uM) Zebrafish cell lines EC50 (uM)
Era ERp ERRy GPER1 Era ERp1 ERp2
BPA 1.03 0.9° 0.01° 0.63° | 0.47-0.81%" 3.3-55°" 2.8-4.2¢f
BPF - - 0.13° >100¢ 5.8¢ 5.4¢ 2.4¢
TGSH - - - - - - -
DD-70 - - - - - - -
BPAF 0.0542 0.019° 0.358" 3¢ 0.084f 0.76 0.9f

3Matsushima et al. 2010
®Okada et al. 2008
“Thomas and Dong 2006
dCao et al. 2017

éLe Fol et al. 2017
Pinto et al. 2019

1.2.5.2 Vitellogenin induction

Vitellogenin (VTG) has been widely used as a biomarker for estrogenic endocrine
disrupting compounds in the environment. VTG, an egg yolk protein precursor, is synthesized in
the liver after stimulation by estrogen after which it is transported to maturing oocytes through
the blood stream (Sumpter and Jobling 1995). Given the dependency upon estrogen for VTG

synthesis, low plasma concentrations and mRNA expression of VTG are observed in males and
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juveniles of oviparous species. BPA (10 and 100 uM) increased VTG expression in primary
hepatocytes of embryonic chicken (Ma et al. 2015) and upregulated VTG mRNA expression in

zebrafish embryos (Chow et al. 2013).

BPF upregulated VTG mRNA expression in a concentration dependent manner starting
from 10 pg/L in male medaka and zebrafish, but no change was observed in females (Yang et al.
2016; Yamaguchi et al. 2015). Long term exposure to BPF (0.1 to 25 pg/L) increased VTG
MRNA expression and protein content in the liver of zebrafish, and was more estrogenic than
BPA after 7 days exposure (Qiu et al 2009; Moreman et al. 2017; Shi et al. 2015; LeFol et al.
2017). One of the other replacement compounds, BPAF, increased mRNA expression and
plasma VTG at concentrations of 25 pg/L and 0.5 mg/L, respectively, in male zebrafish
following long-term exposure (Shi et al. 2015; Song et al. 2014; Yang et al. 2014). There are no

data available for TGSH, DD-70 and BPSIP on vitellogenin induction.

1.2.5.3 Thyroid hormone pathway

Thyroid hormone (TH) signalling plays a major role in metabolic regulation, growth and
development. TH signalling is divided into two pathways, genomic and non-genomic. In
genomic signalling, tritodothyronine (T3), the active form of TH, binds to nuclear receptors, TRa
or TR, and the complex binds to a thyroid response element within target genes to activate or
repress gene expression (Anyetei-Anum et al. 2018). In non-genomic signalling, T3 interacts
with integrin receptors on the cell membrane and activates signalling pathways (Mullur et al.

2014).

Even though BPA is mainly regarded as a xenoestrogen, studies have found that BPA can

also interfere with TH signaling as it is structurally similar to T3. BPA (0.01-100 puM) can bind
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to both TRs, repress TR activity in cell lines (Sheng et al. 2012; Moriyama 2002) and block T3
from binding to TRs and integrin receptors (Sheng et al. 2012; Moriyama et al. 2002). Low dose
(0.001 uM) BPA exposure resulted in the upregulation of genes involved in thyroid hormone
synthesis and transcription regulation in a thyroid cell line and downregulated TR mRNA
expression in a pituitary cell line (Lee et al. 2017; Gentilcore et al. 2013). In vivo studies
examining the effects of low dose BPA on TH signaling reported that in utero exposure to BPA
(0.6 pg/pup) in rats resulted in elevated serum TH levels in males and females (Zoeller et al.,
2005). Similarly, increases in TH levels were observed in zebrafish exposed to BPA (0.4 mg/L)
(Lee et al. 2019). In tadpoles (Xenopus laevis), BPA downregulated expression of TRo and TR
and inhibited tail resorption (Iwamuro et al. 2006) and blocked TR binding in Xenopus laevis
oocytes (Heimeier et al. 2009). The results from these studies suggest that BPA mainly acts as a

TR antagonist in the presence of T3 and as a TR agonist in the absence of T3.

Similar to BPA, BPF antagonized T3-induced gene transcription in tadpoles (Zhu et al.
2018). There was an increase in serum T3 concentrations and upregulation of genes involved in
TH synthesis and transport in zebrafish exposed to BPF (2 mg/L) (Lee et al. 2019). BPF had
greater binding potency to TR than TRa, but the potency was less than BPA (Zhang et al.
2018). Another BPA replacement, BPAF, also upregulated the expression of genes involved in
thyroid synthesis in a thyroid cell line (Lee et al. 2017). In zebrafish, exposure to BPAF caused
upregulation of TH synthesis and the expression of transport genes and downregulation of TRa
(Tang et al. 2015). BPAF also caused a decrease in whole body T3 levels in zebrafish larvae
(Tang et al. 2015). There are no data available for TGSH, DD-70 and BPSIP on thyroid

signalling pathway.
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1.2.5.4 Hepatic lipid regulation

Lipids are structural components of the cell membrane and precursors of bile acids and
steroid hormones. Changes in hepatic lipid metabolism are associated with several disorders,
such as non-alcoholic fatty liver disease (steatosis) and cholestasis. Cholesterol and fatty acid
synthesis are controlled by sterol regulatory element binding proteins (SREBPS), which are
regulators of lipid synthesis (Eberle et al. 2004). Two specific nuclear receptors, liver X receptor
(LXR) and farnesoid X receptor (FXR), are primarily involved in maintaining lipid homeostasis
by regulating the expression of SREBPs and other genes involved in lipid metabolism

(Nakagawa and Shimano 2018).

In addition to endocrine activities, BPA can alter lipid synthesis and regulation. In
HepaRG cells, BPA (5 nM) induced hepatic steatosis but the expression of lipid metabolism
genes were unchanged (Bucher et al. 2017). Long-term exposure to BPA (50 pg/kg/day) in adult
mice resulted in upregulation of hepatic genes related to cholesterol (SREBP) and lipid synthesis
and upregulated expression of genes related to bile acid synthesis (Marmugi et al. 2014; 2012).
Mice exposed to BPA had elevated plasma cholesterol levels and lipid accumulation in the liver
(Marmugi et al. 2012). Perinatal exposure to BPA (10 pg/ml) led to an increase in lipogenic gene
and protein expression, and an increase in triglyceride levels. In the same study, there was lipid
accumulation in the liver and hepatocytes were condensed in mice exposed to BPA (Lin et al.
2019). Strakovsky et al. (2015) found that perinatal exposure to BPA caused sex-specific
changes. In males, there was a decrease in the expression of genes related to triglyceride
synthesis, whereas the same genes were upregulated in females. In both males and females,

plasma free fatty acid levels were elevated. Similarly, expression of genes associated with lipid
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synthesis, metabolism and fatty acid oxidation were upregulated following low dose exposure to

BPA in rare minnows (Gobiocypris rarus) (Guan et al. 2018).

Perinatal exposure to BPF (100 ng/g bw/day) in male mice resulted in changes in hepatic
lipid metabolites along with an increase in lipid accumulation in the liver (Meng et al. 2019a). In
HepG?2 cells, BPF (10 uM) caused a similar increase in lipid content as BPAF; however, BPAF
upregulated genes related to lipogenesis, fatty acid B oxidation, and lipid nuclear receptors (LXR
and FXR) (Liu et al. 2020). There was an increase in lipid accumulation in adipose cells
following exposure to BPAF (0.1 uM) and the metabolite, BPAF-G (1 uM), along with an
increase in gene expression related to fatty acid synthesis (Skledar et al. 2019). BPAF exposure
(100 ng/g bw/day) led to a decrease in the expression of genes related to hepatic fatty acid and
triglyceride synthesis, whereas fatty acid B oxidation genes were upregulated (Meng et al.
2019b). There are no data available for the effects of TGSH, DD-70 and BPSIP on lipid

regulation.

Table 1.2. Effects of BPA, BPF and BPAF on plasma cholesterol, lipid accumulation and

triglyceride levels in in vivo and in vitro studies. ‘-° indicates no data available.

Chemical Model Plasma cholesterol  Lipid accumulation Triglyceride
BPA Mouse Increase Increase Increase
BPF Mouse - Increase -

BPAF Cell line - Increase -
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1.2.6 Toxicity of Bipshenols in Birds

Exposure to EDCs can have adverse effects in avian species. For example, DDT caused
feminization of male herring gull embryos leading to a decrease in population (Halldin et al.
1999). Studies looking at the effects of bisphenols in birds have mainly focused on changes in
gonad morphology and development in embryonic chickens following in ovo exposures.
Estrogen is the differentiating hormone for gonadal development in birds and developmental
exposure to xenoestrogens can have serious adverse effects (Giesy et al. 2003). In ovo exposure
to BPA (200 pg/g egg) in chickens resulted in feminization of the left testis in 55% of the
samples on embryonic day 19 (E19). Similarly, Jessl et al. (2018) noted a decrease in cortex
thickness (by 26%) and surface area of the left ovaries, whereas there was an increase in cortex
thickness by up to 62% in the left testis in chicken embryos at concentrations of > 75 ug/g egg
BPA . In adult quail exposed to BPA (200 ng/g egg), there was no feminization of the gonads in
males (Halldin et al. 2001). Overall, data suggest that birds are more vulnerable to the endocrine

disrupting effects of BPA during embryonic development.

In ovo exposure to BPF and BPAF (210 nmol/g egg) in chickens resulted in an increase in
cortex thickness in the left testis that was similar to the ovary and following BPAF exposure,
there were cells resembling oogonia in the left testis. Furthermore, BPAF caused an increase in
gallbladder somatic index (Mentor et al. 2020). Hepatic expression of genes related to bile acid
synthesis and cholesterol homeostasis were upregulated in mid-incubation embryonic chickens
(E11) following in ovo exposure to 180 pg/g TGSH, suggesting a disruption in the bile acid
pathway by bisphenol replacement compounds. The TGSH study did not look at the
morphological changes in gonad development, but there was a 10-fold increase in the expression

of apolipoprotein 11, an estrogen responsive gene, at mid-incubation. The expression of VTG was
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not modulated by TGSH in chicken embryos (Crump et al. 2018). BPAF and TGSH egg
injection studies indicate the potential of BPA replacement compounds to target other pathways

in addition to estrogen signalling in developing chicken embryos.

1.3 Thesis Overview

1.3.1 Rationale for Thesis

Avian toxicity testing involves in vivo studies to determine mortality or other apical
endpoints. In vivo tests are usually conducted on laboratory models (i.e. chickens or quails) but
can also be performed on wild species such as mallard ducks. Toxicity testing is undergoing a
shift from whole animal, in vivo studies to mechanistic-based in vitro studies. This shift has led
to the emergence of in vitro methods to predict adverse effects, and screen and prioritize
chemicals for further testing. Primary embryonic hepatocytes from chicken (CEH) and double-
crested cormorant (DCEH) are the main avian in vitro liver models for chemical screening and
prioritization used in Environment and Climate Change Canada’s Molecular Toxicology lab. The
chicken (Gallus domesticus) represents a laboratory model for avian toxicology studies as its
physiology, development and genetics are well characterized, and fertilized chicken eggs are
commercially available year-round. However, chickens are often more sensitive to the toxic
effects of chemicals compared to wild bird species and thus may not represent ideal sentinels for
risk assessment. Double-crested cormorants (Phalacrocorax auritus; DCCO) are piscivorous,
colonial water birds that occupy a high trophic position in the aquatic food web and are therefore
used as wildlife indicator species in freshwater (e.g. Great Lakes) and marine environments

across Canada.
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Some of the shortcomings of these primary hepatocyte models are that they undergo
dedifferentiation and necessitate animal use for culture. The immortalized chicken hepatic cell
line, leghorn male hepatoma (LMH), is a possible animal free alternative that has been used for a
few toxicity studies, but the metabolic activity of this cell line is unknown. The metabolic
activity of the LMH cell line needs to be characterized to determine its utility for toxicity testing.
In addition to the aforementioned drawbacks of primary culture, for wild species it is difficult to
obtain eggs from the field. Development of an immortalized DCCO hepatic cell line with

metabolic competence would diminish the need to use DCEH for toxicity testing.

BPA replacement compounds have been identified as high priority chemicals for
environmental risk assessment by Canada’s Chemicals Management Plan. BPA replacement
compounds have similar structures, chemical properties and applications as BPA. The production
and use of replacement compounds are increasing and are likely to surpass BPA in certain
applications like thermal paper in the future. There are limited studies evaluating the toxicity of
BPA replacement compounds in avian species and the results from existing studies indicate that
replacement compounds could have similar toxicity as BPA. Previous studies have found that
birds are vulnerable to the adverse effects of endocrine disrupting compounds in the
environment. This thesis directly addresses the need to identify and characterize the five BPA
replacements compounds that may be a toxicological concern for birds and prioritize those with

greatest potential for harm for further testing.

1.3.2 Thesis Objectives and Chapter Objectives

The overall goals of this thesis are to: 1) generate evidence to support the use of the LMH
cell line and a double-crested cormorant hepatic cell line, DCH22, as alternatives to primary

hepatocytes for avian ecotoxicological screening; 2) generate novel ecotoxicological data for
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screening and prioritizing five BPA replacement compounds using cell culture and in vitro
toxicogenomics approaches; 3) generate in vivo ecotoxicity data using an avian early-life stage
model and toxicogenomics approaches for two prioritized BPA replacement compounds. The

specific objectives addressed in each chapter are:

Chapter 2

v To investigate the metabolic competency of the LMH cell line in order to determine if it
is a suitable alternative to primary hepatocytes for chemical screening

v To compare metabolic activity and gene expression in LMH cells cultured as 2D
monolayers and 3D spheroids by measuring: CYP1A activity, CYP1A4/5 mRNA

expression, and AhR mediated gene expression

Chapter 3

v" To compare CYP1A metabolism-dependent bioactivation of chemicals in LMH cells
cultured as 2D monolayers or 3D spheroids following exposure to the environmental
mutagen, benzo(a)pyrene, by measuring: CYP1A activity, CYP1A4/5 and DNA damage

response mMRNA expression, and DNA double-strand breaks

Chapter 4

v" To develop and characterize a continuous DCH22 hepatic cell line for screening
chemicals by examining: markers of hepatocytes, CYP1A and CYP3A activity, and the

expression of genes associated with phase 1 and 11 metabolism
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Chapter 5

v To compare the effects of the five BPA alternatives on cell viability and gene expression

in CEH and DCEH, and to prioritize the replacements for further testing

Chapter 6

v To screen the five BPA replacement compounds in LMH 3D spheroids and to prioritize
them for further testing by comparing cytotoxicity and gene expression

v To prioritize BPA replacements for dose-response gene expression

Chapter 7

v To determine the effects of early-life stage in ovo DD-70 and BPAF exposure on
viability, development and hepatic gene expression at two distinct stages of embryonic

development; mid-incubation (day 11) and pipping (day 20).
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Chapter 2: Evaluating Aryl Hydrocarbon Receptor Response in LMH 3D
Spheroids

Modified from: Sharin T, Crump D, O'Brien JM. 2020. Environmental Toxicology and
Chemistry 39:1693-1701. DOI: 10.1002/etc.4783.

2.1 Abstract

In the present study, we investigated whether the immortalized chicken hepatocellular
carcinoma cell line, LMH, had a comparable aryl hydrocarbon receptor (AhR) response to
primary chicken embryonic hepatocytes (CEH) when used in a well-established assay for
chemical screening and prioritization. LMH cells were grown as two-dimensional (2D) confluent
cells and 3D spheroids in order to determine the optimal cell culture states for chemical
screening. Cytochrome P450 1A4 and 1A5 (CYP1A) activity and gene expression were
compared between CEH and LMH grown in two culture states following exposure to the dioxin-
like compound 3,3',4,4',5-pentachlorobiphenyl (PCB-126). CYP1A activity was measured using
the ethoxyresorufin-O-deethylase (EROD) assay and changes in mRNA expression associated
with the AhR pathway were determined using a custom-designed PCR array. Among LMH cell
culture states (i.e. 2D vs 3D), EROD induction was observed only in 3D LMH spheroids.
Similarly, 3D spheroids had the greatest number of changes in AhR-related genes compared to
confluent cells. Overall, these results suggest that LMH cells grown as 3D spheroids have a
metabolic and gene expression profile that is comparable to CEH, and may represent a suitable

animal free alternative for in vitro screening of chemicals.
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2.2 Introduction

To date, primary chicken embryonic hepatocytes (CEH) have been the most common in
vitro model for avian toxicity testing (Herveé et al. 2009; Egloff et al. 2011; Crump et al. 2012;
Crump et al. 2017). The preparation of CEH requires the use of animals and a considerable time
commitment. For example, chicken embryos need to be artificially incubated for 19 d and then
hepatocyte preparation requires approximately 6h, after which cells are acclimatized for 24h
prior to chemical administration. Additionally, primary hepatocytes loose metabolic functions
within 48-72h post-isolation (Soldatow et al. 2013). Immortalized hepatic cell lines may
represent a viable alternative to primary hepatocytes because they are amenable for high
throughput screening applications and could provide insight on cellular mechanisms of action of
chemicals. However, many immortalized hepatic cell lines have limited activity of phase I and Il

metabolizing enzymes, and other key hepatic enzymes (Tolosa et al. 2016).

The standard method of culturing primary and immortalized hepatocytes as two-
dimensional (2D) monolayers on culture vessels alters their morphology and microenvironment
compared to in vivo conditions. Hepatocytes grown as monolayers are elongated and flattened,
which decreases intercellular interactions (Hamilton et al. 2001). Three-dimensional (3D)
hepatocyte culture is a better representation of the in vivo microenvironment. Hepatocytes grown
as 3D spheroids have increased interactions with adjacent cells and similar morphology to
hepatocytes in the liver (Edmondson et al. 2014). Spheroids retain bile canalicular functionality
and expression of hepatic secretory proteins and phase | and Il enzymes (Ramaiahgari et al.
2017; Gunness et al. 2013). Culturing hepatocytes in 3D provides more realistic cellular

morphology and microenvironment than 2D cell culture for in vitro toxicity testing.
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The chicken leghorn male hepatoma cell line, LMH, might be a useful immortalized
alternative to primary hepatocytes for screening chemicals of potential hazard to avian species.
The LMH cell line was derived from liver tumours excised from a male leghorn chicken exposed
to the carcinogen diethyl nitrosamine (Kawaguchi et al. 1987). LMH cells have characteristics of
hepatocytes including numerous endoplasmic reticulum, free ribosomes, microvilli in the plasma
membrane, biliary canaliculus-like structures, and desmosomes. They have been primarily used
to study the propagation of viruses such as avian reovirus (Heggen-Peay et al. 2002) and
laryngotracheitis virus (Schnitzlein et al. 1994) and bacterial pathogens such as Campylobacter

jejuni (Larson et al. 2008). Little is known about the metabolic activity of the LMH cell line.

The aim of the present study was to determine if the LMH cell line represents a suitable
alternative to primary CEH for chemical screening and prioritization for avian toxicity testing.
We began this investigation by measuring enzyme and gene expression activities that are
regulated by the aryl hydrocarbon receptor (AhR), since this is a major xenobiotic response
pathway. The metabolic activity of CYP1A, and expression of CYP1A4 and CYP1AS genes
were investigated following exposure of LMH cells to a known AhR agonist, 3,3',4,4',5-
pentachlorobiphenyl (PCB-126). LMH exposures were conducted under 2 distinct culture
conditions: 1) cells grown as a monolayer to confluency and; 2) three-dimensional spheroids, to
identify the optimal conditions for chemical screening applications. We hypothesized that LMH
cells grown as 3D spheroids would have greater metabolic activity and more CEH-like gene
expression due to increased cellular communication and complex architecture compared to

confluent cells.
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2.3 Materials and Methods

2.3.1 Cell culture and dosing

The LMH cell line (ATCC-CRL2117) was purchased from Cedarlane Laboratories. All
culturing reagents were purchased from Sigma-Aldrich. Cells were thawed and maintained in
DMEM/F-12 medium supplemented with 10% fetal bovine serum (HI-FBS), 100 U/mL of
penicillin and 10 000 ug/mL of streptomycin at 37°C with 5% CO.. Cells were grown in 0.2%
gelatin-coated T75 flasks (Corning Inc) to enhance attachment. Fresh medium was provided
every 24 to 48 h and cells were sub-cultured when ~75% of the cells attached to the bottom of
the flask. Cells were detached from the flask by the addition of 3 mL trypsin-EDTA for 3 min,
followed by centrifugation at 125 x g for 3 min, and the resulting pellet was distributed into 4
flasks. Cells were considered confluent when 70-80% of the cells attached to the flask after a
minimum of two passages. Confluent cells from passages 3 or 4 were used for all experiments
and approximately 40 000 confluent cells in 250 uL of medium were plated in each well in flat
bottom 96 well microplates (Corning). Confluents cells were dosed 24 h after plating. 3D
spheroids were grown in ultra low attachment (ULA) round bottom 96 well microplates
(Corning), which prevents cells from attaching to the surface, from passage 3 or 4 confluent
cells. 10 000 cells in 250 pL of medium per well were seeded for spheroids and grown for 7 d
prior to experimentation. Medium was changed everyday by removing 200 pL and adding 200

uL of fresh medium to each well.

Primary chicken embryonic hepatocyte (CEH) cultures were used as a positive control for
the determination of EROD activity and gene expression. Fertilized, unincubated white leghorn
chicken eggs were obtained from the Canadian Food Inspection Agency. The eggs were

artificially incubated at 37°C and 60% humidity in a Petersime incubator. Chicken embryos
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(n=15; 2 days pre-hatch) were euthanized by cervical decapitation and CEH were cultured as
described previously (Kennedy et al. 1993; Crump et al. 2012). All procedures involving the
handling of animals were conducted according to protocols approved by Environment and
Climate Change Canada’s Wildlife Eastern Animal Care Committee. CEH were plated in flat

bottom 96 well microplate and incubated for 24h at 37.5°C and 5% CO; prior to dosing.

For exposure experiments, CEH and LMH cells (confluent and 3D-spheroids) were dosed
with 1.25 pL dimethyl sulfoxide (DMSO (0.5%); Sigma-Aldrich) vehicle control or 3,3',4,4',5-
pentachlorobiphenyl (PCB-126; Cas # 57465-28-8, 99% purity; Sigma-Aldrich) dissolved in
DMSO to attain nominal in-well concentrations of 0.01 to 100 nM PCB-126 in 250 pL of
medium per well. The cells were incubated for 24h and viability was determined immediately
after the exposure period. Cells used for EROD analysis were flash frozen on dry ice and stored
at -80°C. Cells for gene expression analysis were frozen and stored at -80°C after medium was

removed by aspiration.

2.3.2 Cell viability

Cell viability was determined using the ViaLight plus kit (Lonza Group) for confluent
cells, or the CellTiter-Glo 3D Cell Viability Assay (Promega Corporation) in spheroids.
CellTiter-Glo 3D cell viability assay has a stronger lysis buffer, thus more suitable for spheroids.
Both assays measure adenosine triphosphate (ATP) in metabolically active cells using
luminescence. Assays were performed according to the manufacturer’s protocol. Briefly,
confluent cells were lysed with 50 pL of lysis buffer for 10 min at room temperature, and 100 pL
of ATP monitoring reagent (AMR) was added to each well for 2 min. For the spheroids, 100 pL
of lysis buffer was added per well and shaken for 10 min at room temperature before 100 pL of

ATP reagent was added to each well and incubated for 30 min at 37°C. Luminescence was
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measured using a Luminoskan Ascent luminometer (Thermo Fisher Scientific). Three technical

replicate wells per dose group were analyzed.

2.3.3 EROD assay

EROD activity was determined as described previously with minor modifications
(Kennedy and Jones, 1994). Briefly, 25 pL of 7-ethoxyresorufin was added for 12 min at 37.5°C
followed by 12.5 L of nicotinamide adenine dinucleotide phosphate (NADPH) for 7 min at
37.5°C. The reaction was stopped by the addition of cold fluorescamine at room temperature for
15 min. The presence of the EROD product, resorufin, was measured at an excitation
wavelength of 530 nm and an emission wavelength of 590 nm and total protein concentration
was measured at an excitation wavelength of 400 nm and emission wavelength of 460 nm using
a DTX 880 multimode detector (Beckman Coulter). Triplicate plates with three technical
replicate wells per plate were analyzed and EROD activity is reported as pmol resorufin/min/mg

protein.

2.3.4 RNA isolation and complementary DNA synthesis

RNA was isolated from cells using RNeasy 96 Kits (Qiagen) following the
manufacturers’ protocol. To ensure sufficient RNA quantity, two spheroid replicates were
combined before extraction. RNA concentration was determined using a Nanodrop 2000
(ThermoFisher Scientific). Approximately 100 ng and 300 ng of RNA was reverse transcribed
using the QuantiTect Reverse Transcription kit (Qiagen) for the CYP1A4 and CYP1A5 RT-PCR

assay and the AhR PCR array, respectively.
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2.3.5 Real-time RT-PCR

Customized chicken-specific RT? primers, CYP1A4 (PPG01289B-200), CYP1A5
(PPG02188A-200), and EEF1A1 (PPGO0093A-200), were purchased from Qiagen; primer
sequences are proprietary. The PCR reaction mixture for each sample consisted of 12.5 pL. RT?
SYBR Green mastermix (Qiagen), 1 uL of primer, 1 uL of cDNA, and 10.5 puL of RNAase-free
water per well. Controls for no template (NTC) were included for each gene. The thermocycler
program consisted of an enzyme activation step at 95°C for 10 min, followed by 40 cycles of 30s
at 95°C, 1 min at 60°C. RT-PCR was performed using the Strategene MxPro 3005P instrument

(Agilent).
2.3.6 Aryl hydrocarbon receptor pathway PCR array

A customized AhR pathway PCR array (Qiagen) was used to measure the expression of
27 dioxin-responsive genes (Table S2.1; Farmahin et al. 2016). cDNA was mixed with RT?
SYBR Green Mastermix (Qiagen) before aliquoting 25 pL of the mixture to the PCR array. PCR
arrays were amplified using a Strategene MxPro 3005P instrument (Agilent). PCR cycling
conditions were 95°C for 10 min followed by 40 cycles of 95°C for 15s and 60°C for 1 min. No
amplification was detected in any of the genomic DNA contamination control wells. The positive
PCR control and reverse transcription control met the appropriate quality control/quality

assurance criteria (Qiagen).
2.3.7 Data analysis

Cell viability data were log transformed and fit to a nonlinear regression curve (log
(agonist) vs. response) to determine the median lethal concentration (LC50). Nonlinear

regression and two-tailed t-test were performed using GraphPad Prism Ver. 6.07.
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EROD activity data were fit to a modified Gaussian curve to determine the half maximal
effective concentration (EC50), as described previously for hepatocytes treated with PCB-126
(Kennedy et al.1993). EROD curves were generated from three separate cell culture plates per
cell type. Significant differences in activity between treatment and control were determined with
two-way ANOVA (p < 0.05), where cell-type and dose were the two independent variables,

followed by Tukey’s HSD post hoc test using GraphPad Prism Ver. 6.07 (Tables S2.2 and 2.3).

Real-time RT-PCR data were analysed using the 22t method (Schmittgen and Livak
2008). For the CYP1A4 and CYP1AGS dose response experiments, data were normalized to the
reference gene, EEF1AL. For the AhR pathway array experiments, data were normalized to the
reference gene on the array, RPL4. The expression of the reference gene did not change
significantly between treatment groups. Genes on the AhR array with missing Ct values, or Ct
values above 35 in more than 25% of all samples were removed from analysis. Any remaining
missing Ct values were set to Ct = 35. Fold change was determined relative to the respective

DMSO control group for each cell type.

Dose-response data for CYP1A4 and CYP1AS were fit to a multifactor generalized least-
squares linear model to account for unequal variance between dose groups, using the gls function
from the nlme library in R (Ver 3.2.5; R Development Core Team 2012). Dose and culture
method were set as the independent variables, with interactions included, and an unequal
variance structure between dose groups. Pairwise comparisons between dose groups and culture
methods were performed using generalized linear hypothesis tests using the glht function from

the multcomp library in R. The resulting p-values were adjusted using the Holm method.

A simpler ANOVA model was used for the AhR array analysis, since only a single dose

was considered per culture method. Prior to ANOVA analysis, fold change data were log2-
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transformed to account for unequal variance. The resulting p-values from pairwise comparisons
between control and treated groups for all genes were adjusted using the Benjamini-Hochberg
method with the false discovery rate (FDR) fixed at 5%. Hierarchical clustering was performed
on the set of genes that had significant differential expression using the heatmap2 function of the

gplots library in R. Clustering was based on the Euclidian distance.

2.4 Results

2.4.1 Cell morphology

Confluent LMH cells had polygonal bodies and about 90% of the cells adhered to the
plate (Figure 2.1A). When grown in ULA wells, LMH cells self-assembled and formed tight
spheroids with relatively smooth edges by 24h without any exogenous extracellular matrix.
Spheroids were grown for 7 d and had no visible necrotic core (Figure 2.1B). CEH had

polygonal bodies but were flat and elongated after attachment at 24h (Figure 2.1C).

Figure 2.1. LMH cells in two culture conditions grown in 96-well plates: A) confluent cells, B)

3D spheroid, and C) chicken embryonic hepatocytes (CEH). Scale bar 5S0uM.
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2.4.2 Cell viability

Dose-dependent decreases in cell viability were observed for both culture conditions
following exposure to PCB-126 for 24h. The LC50 values (£ SEM) for each culture type are
presented in Table 2.1. There were no significant differences in LC50 values among the two

culture conditions based on a two-tailed t-test.

Table 2.1. EC50 + SEM values for LMH cells grown in the two culture conditions exposed to

PCB-126 for 24h.

Culture condition ECso (nM)
Confluent 47.02 £23.8
Spheroid 61.1 £27

2.4.3 EROD activity in LMH cells

The EROD assay was used to measure catalytic CYP1A activity (measured as pmol
resorufin/min/mg protein) in LMH cells grown in both culture conditions following exposure to
PCB-126. PCB-126 did not induce EROD activity in confluent cells. EROD activity was induced
in spheroids with an EC50 value of 0.09 £ 0.04 nM (Figure 2.2). For comparative purposes, CEH
exposed to PCB-126 were used as a control. CEH had higher maximum EROD activity, but the
EC50 was similar to that observed in spheroids; 0.05 = 0.002 nM (Figure 2.2). The decrease in
EROD activity observed at higher concentrations of PCB-126 is typical of the EROD assay, and
is explained by the competitive inhibition of CYP1A by ligands of the receptor (Petrulis and

Bunce 1999) and/or a decrease in cell viability (Table 2.1).
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Figure 2.2. Concentration-dependent effects of PCB-126 on EROD activity in LMH 2D
confluent cells and 3D spheroids, and CEH after 24h exposure. Data are presented as mean and
error bars represent SEM, p < 0.05. Data were analyzed with a 2-way ANOVA and Tukey’s
HSD test for LMH cells. “** denotes differences compared to untreated cells, ‘C’ indicates

differences between confluent and spheroid cells.
2.4.4 CYP1A4 and CYP1A5 mRNA expression

PCB-126 exposure induced CYP1A4 and CYP1A5 mRNA expression in a concentration-
dependent manner in confluent and spheroid cultures (Figure 2.3). Maximal induction values for
CYP1A4 in confluent cells and spheroid cells were 26.8 and 48.9-fold, respectively. Maximal
CYP1AG5 induction in confluent and spheroid cells was 40.9- and 88.8-fold, respectively (Figure
2.3). The up-regulation of CYP1A4 was significant at 0.1 and 10 nM, while CYP1A5 was
significant compared to the control at all doses in both confluent and spheroid cells. Among the
two culture conditions, spheroids had significantly higher fold-changes in CYP1A4 and CYP1A5

MRNA expression compared to confluent LMH cells. CEH had significantly higher induction of
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CYP1A4, maximal fold change 216.5, whereas spheroids had a greater induction of CYP1A5

compared to CEH. All possible statistical comparisons between CYP1A4 and CYP1AS5 gene

expression for confluent, spheroid, and CEH are presented in the supplemental information

(Table S2.4 and S2.5).
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Figure 2.3. Concentration-dependent effects of PCB-126 exposure on A) CYP1A4 and B)

CYP1AS mRNA expression in LMH 2D confluent cells and 3D spheroids, and CEH after 24h.
Data are presented as mean +SEM, p < 0.05. Data were analyzed using multifactor generalized

least-squares linear model. * denotes a significant difference compared to DMSO-treated cells,

‘C’ indicates a significant difference compared to confluent cells at the same dose, ‘S’ indicates a
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significant difference compared to spheroid at the same dose, ‘H’ indicates a significant

difference compared to CEH at the same dose.

2.4.5 Aryl hydrocarbon receptor (AhR) pathway array

Based on EROD activity and CYP1A mRNA expression data, the lowest concentration to
induce CYP1A4 and CYP1ADS expression, 0.1 nM PCB-126, was selected to explore additional
toxicogenomics effects in LMH cells grown in two culture conditions using a custom-designed
chicken AhR PCR array. The custom array measures the expression of 27 genes from several
biological pathways that have been shown to be dysregulated by AhR agonists (Farmahin et al.
2016). Six genes from the array, ATP12A, FGF19, IAPP, CWH43, CYP24A1 and PODXL, were
omitted from downstream data analysis because they had low expression (Ct values > 35) in the
two culture conditions. Twelve genes were significantly dysregulated relative to controls (fold-
change > 1.5 and FDR-adjusted p-value < 0.05) in LMH confluent and spheroids, and CEH .The
relative fold-changes of these genes are shown in Table 2.2 and visualized in a heatmap in Figure

2.4.

Hierarchical clustering revealed that spheroids clustered closer to CEH compared to
confluent cells (Figure 2.4). Similarly, clustering of genes that were solely significant in LMH
cells (i.e. when genes that were only significant in CEH were omitted) revealed that spheroid
LMH and CEH clustered distinctly from confluent LMH (Figure S2.1). PCB-126 exposure only
resulted in the significant up-regulation of three genes in confluent cells: CYP1A5, TGM2 and
TIPARP. In confluent cells, average CYP1A4 induction was 6.56-fold, but was highly variable
and therefore not significant (Table 2.2). In contrast, seven genes on the array were dysregulated
in 3D spheroids exposed to 0.1 nM PCB-126. Genes associated with xenobiotic metabolism

(CYP1A4, CYP1ADb), keratin metabolism (KRT20), phenylalanine catabolism (PAH), protein
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function (TIPARP, EEF1A1), and intercellular signalling (AREGB) were up-regulated, except
for EEF1A1, which was down-regulated in spheroids (Table 2.2). For genes up-regulated in both
LMH culture states (i.e. CYP1A5, TIPARP), the fold change induction was greater in spheroids
(Table 2). The majority of the dysregulated genes in Table 2.2 were directionally consistent
when comparing spheroids to CEH and for the three genes significantly modulated in both
spheroids and CEH, two genes (CYP1A4, CYP1AD5) had considerably higher induction in CEH,
whereas TIPARP fold changes were similar between cell types (Table 2.2, Figure 2.4). Overall,
3D spheroids had a more CEH-like response compared to confluent cells based on gene

expression following exposure to 0.1 nM PCB-126.

Table 2.2. Mean fold changes (n=3 replicates/cell type) of significant target genes on the AhR
pathway array following exposure to 0.1 nM PCB-126 in LMH 2D confluent cells and 3D
spheroids, and CEH. Fold changes were calculated relative to the respective DMSO control

group. Significant fold changes (fold change >1.5, p <0.05) are in bold.

Fold Change
Genes Confluent Spheroid CEH
AREGB 1.41 2.27 1.45
CYP1A4 6.56 2.53 214.28
CYP1A5 6.26 6.45 18.00
CYP1B1 1.49 3.01 2.54
EEF1Al 1.06 -3.11 -1.52
FABP3 1.29 1.10 2.36
IGFBP4 1.19 1.03 -1.86
KRT20 1.64 1.90 1.93
PAH 1.26 1.85 2.07
TGM2 2.82 251 2.47
THRSP 1.28 2.54 -4.40
TIPARP 2.21 3.27 2.86
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Figure 2.4. Heatmap of significant gene changes on the chicken AhR pathway PCR array for
LMH 2D confluent cells and 3D spheroids, and CEH exposed to 0.1 nM PCB-126 for 24h,
hierarchically clustered by gene expression and cell culture condition. Blue represents up-

regulation and yellow represents down-regulation. The scale represents the log2 fold change.

2.5 Discussion

As toxicity testing shifts focus towards in vitro approaches, cell lines need to be properly
characterized to ensure that these models adequately represent in vivo conditions. Common
problems associated with immortalized cells for such applications include loss of activity of
metabolizing enzymes, transcription factors, and hepatic specific proteins (Gunness et al. 2013).
Expression of functional phase | metabolizing enzymes is of particular importance for cell lines
used for chemical screening. 3D culturing using various techniques, such as hanging drops and

scaffolds, have been proposed as ways to overcome poor metabolic responsiveness associated
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with cells grown as 2D monolayers. Spheroid culturing techniques have proven to be of
particular interest due to their relative simplicity and effectiveness. For example, culturing cells
using low attachment surfaces and a liquid overlay technique improved enzyme activity in the
immortalized human hepatic cell lines, HepaRG (Ramaiahghari et al. 2017) and C3A (Gaskell et
al. 2016), and the rainbow trout hepatic cell line, RTL-W1 (Lammel et al. 2019). In the present
study, we compared AhR-related metabolic enzyme activity (EROD) and gene expression in
chicken LMH cells exposed to PCB-126 when grown in various culture states, including 3D
spheroids. Our results indicated that LMH cells grown as spheroids had superior metabolic and
gene expression responses to PCB-126 exposure compared to cells grown in a monolayer.
Although characterization of additional pathways is still required, these findings suggest that
LMH 3D spheroids may represent a suitable animal-free alternative for screening chemicals for

potential toxicity to avian species.

2.5.1 PCB-126-induced cytotoxicity

Although several studies have reported differences in cell viability following chemical
exposure between 2D and 3D cultured cells, we found that the LC50 values were statistically
indistinguishable between confluent and spheroid LMH cells exposed to PCB-126. Conversely,
in a previous study, no decrease in cell viability was observed following exposure to <3000 nM
PCB-126 in primary CEH (Manning et al. 2013); a concentration well above LC50 values for the
LMH cells (~50-60 nM). It is important to note that differences in cell viability have been rather
inconsistent in the literature. Studies comparing cell viability in hepatocyte monolayer and
spheroid cultures found that spheroids required a higher (Walker et al. 2000) or lower (Ott et al.
2017) concentration to induce cytotoxicity compared to confluent cells. A chemotherapy drug

had similar cytotoxicity in confluent and spheroid cultures of the prostrate adenocarcinoma cell

62



line, LNCaP (Takagi et al. 2007). The difficulty in comparing LC50 values between confluent
and spheroid cultures arises from the different viability endpoints measured, and differences
between cell lines. The nature of a spheroid cluster could also impact cell viability results as dye
uptake could be variable between compact and loose spheroids (Walzl et al. 2014). The
inconsistency in viability data highlights the need for more studies comparing different viability

endpoints in the same cell line following exposure to the same chemical.
2.5.2 AhR-related metabolic response was greater in spheroids

In avian species, two proteins of the cytochrome P450 superfamily of enzymes, CYP1A4
and CYP1ADS, are, in part, responsible for the phase I metabolism of many environmental toxins,
including polychlorinated biphenyls (PCBs), which act via the AhR. Our results demonstrated
that 3D spheroids had a greater metabolic response to PCB-126 than 2D confluent cells. 3D
spheroids showed a dose-dependent induction in EROD activity, whereas no EROD induction
was observed in 2D confluent cells. The EROD EC50 values for spheroids and CEH were
similar (0.09 and 0.05 nM) even though the maximal activity values were different (CEH EROD
activity was much higher). PCB-126 has been shown to induce CYP1A4 activity, measured as
EROD induction, in primary embryonic hepatocytes of several avian species in earlier studies
(Head et al. 2009; Jones et al. 2014; Crump et al. 2015). In agreement with our findings, several
studies reported greater expression of CYP1A in 3D spheroids compared to 2D monolayers for
numerous cell lines (Nakamura et al. 2011; Takahasi et al. 2015; Ramaiahghari et al. 2015;
Terashima et al. 2015). In 3D spheroids, the architecture of hepatocytes more closely resembles
in vivo conditions due to increased cell-cell connections, resulting in an increase in expression of
liver specific enzymes and transcription factors (Soldatow et al. 2013). The increase in

transcription factors, such as hepatic nuclear factor 40, improves cytochrome P450 functions in

63



spheroids (Chang and Hughes-Fulford 2014). Additionally, the loss of activity of certain
cytochrome P450 enzymes has been reported in various immortalized cell lines (Castell et al.
2006; Gerets et al. 2012; Soldatow et al. 2013), even though discrepancies exist depending on the
enzyme. This reduced activity in immortalized cells was related to a decrease in transcription of
several cytochrome P450 enzymes and liver enriched transcription factors (Rodriguez-Antona et

al. 2012).

In contrast to the EROD activity data, CYP1A4 and CYP1A5 mRNA levels were up-
regulated in both LMH cell culture conditions. However, the degree of induction was culture-
dependent. For both genes, the greatest induction was observed for 3D spheroids: ~42- and 89-
fold maximal induction levels of CYP1A4 and CYP1A5 compared to ~27- and 41-fold in
confluent cells. These findings are in agreement with the EROD activity data and the lack of
EROD response for confluent LMH cells may, in part, be associated with the variable
sensitivities of the two assays (i.e. EROD vs. gPCR). Previous studies comparing CYP1A
activity and mRNA expression found qPCR to be more sensitive than the EROD assay (Vanden
Huevel et al. 1994; Rees et al. 2003). CYP1A4 induction was greater in CEH than spheroids,
whereas the opposite was reported for CYPLAS (i.e. greater in spheroids). Previous studies
reported a more pronounced induction of CYP1A4 compared to CYP1A5 in CEH after exposure
to perfluoroalkyl compounds (Hickey et al. 2009) and brominated flame retardants (Su et al.
2016). Based on the CYP1A4 and CYP1A5 gene expression data, LMH spheroids have a more

pronounced CYP1AS5 response compared to CYP1A4.

2.5.3 Gene expression profiles in spheroids similar to primary CEH

The AhR pathway PCR array permitted a deeper gene expression evaluation of the

impacts of PCB-126 exposure in confluent cells and 3D spheroids. The array comprises genes
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from 18 biological pathways allowing further resolution of those that are impacted at the gene
expression level. Overall, spheroids had a more pronounced gene expression response than
confluent cells following exposure to an AhR agonist. Cluster analysis was performed to visually
organize the gene expression data and revealed that the pathways affected in spheroids were
similar to those in CEH and, importantly, different from confluent cells. Genes involved in
xenobiotic metabolism, protein function, intercellular signalling, keratin filament organization
and phenylalanine catabolism were altered in spheroids. Previous studies reported up-regulation
of genes involved in xenobiotic metabolism (Ramaiahghari et al. 2017; Bell et al. 2018), keratin
filament (Tostdes et al. 2012), cell proliferation and adhesion (Brophy et al. 2009), and protein
function (Bell et al. 2016) in immortalized hepatocytes cultured as spheroids. There are no
studies looking at phenylalanine catabolism pathways in hepatic spheroid cultures. Phenylalanine
catabolism has been found to be elevated in hepatocellular carcinoma (Huang et al. 2013) and
therefore modulation of a gene associated with this pathway in LMH spheroids is plausible. The
changes in gene expression between CEH and spheroids were similar, except for CYP1A4 and
CYP1AD5, which had significantly higher fold changes in CEH. The higher fold changes of
CYP1A4 and CYP1AG5 are probably due to increased expression of CYPs in CEH compared to
immortalized hepatocytes (Rodriguez-Antona et al. 2002). The thyroid hormone pathway gene,
THRSP, was significantly down-regulated in CEH compared to spheroids. This suggests that
thyroid hormone response may be different in LMH spheroids compared to CEH and more
characterization of this pathway in LMH spheroids is required. The diverse gene set altered by
PCB-126 exposure demonstrates that spheroids have a) metabolizing capability, b) complex

cellular signalling, and c) similar gene expression signatures as CEH.
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Genes from three pathways were altered in confluent cells: xenobiotic metabolism,
protein function and apoptosis. Two of these pathways, xenobiotic metabolism and protein
function, were also modulated in spheroids. The gene altered in each pathway was the same as
that observed in spheroids. The apoptosis gene, TGM2, was significantly up-regulated in
confluent cells but not in spheroids. The abnormal morphology of confluent cells can result in an
increase in apoptosis (Tibbitt and Anseth 2009). Overall, confluent cells have decreased AhR-

related gene expression compared to spheroids.

In summary, this is the first study to culture LMH cells as 3D spheroids and evaluate
metabolic competence compared to 2D confluent cells. LMH spheroids demonstrated enhanced
CYP1A metabolic activity and CYP1A4 and CYP1A5 mRNA expression compared to 2D
monolayer confluent cells. Moreover, the expression of dioxin-responsive genes involved in
metabolic function, protein function, and cellular signalling were more responsive in spheroids
and similar to CEH. Confluent LMH cells demonstrated weak metabolic competence, and thus,
may not be appropriate for chemical screening applications. The 3D spheroids are more
physiologically relevant than 2D monolayers for in vitro toxicity testing and therefore may
represent a viable alternative to primary avian hepatocytes, currently the standard method in our
laboratory. Additionally, unlike primary hepatocytes, LMH spheroids do not require animal
utilization and thus, could bridge the gap between 2D cell culture and in vivo models for

chemical screening applications.
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Chapter 3. Concentration- and Time-Dependent Induction of CYP1A and
DNA Damage Response by Benzo(a)pyrene in LMH 3D Spheroids

Modified from: Sharin T, Gyasi H, Jones SP, Crump D, O'Brien JM. 2021. Environmental and
Molecular Mutagenesis 62(5): 319-327. DOI: 10.1002/em.22433

3.1 Abstract

In vitro liver toxicity tests performed using immortalized cell lines cultured as two
dimensional (2D) monolayer cells have limited CYP450 activity and may be inadequate for
screening chemicals that require activation to exert toxicity. Metabolic competence is greatly
improved using three-dimensional (3D) cell culture. In this study, CYP1A induction, and
subsequent DNA damage response induced by benzo(a)pyrene (BaP) were compared in 2D
monolayer cells and 3D spheroids of the chicken hepatic cell line, LMH. Cells were exposed to
BaP (0.1-100 uM) for different durations: 4, 8, 24, 35 or 48h. CYP1A activity, mMRNA
expression of CYP1A and DNA damage response genes, and phosphorylation of H2A histone
family member X (YH2AX) were determined using the EROD assay, a customized PCR array,
and flow cytometry, respectively. EROD activity was significantly induced at 8h and achieved
maximal induction at 24h in 3D spheroids; earlier time points than for 2D cells. In 3D spheroids,
BaP exposure resulted in a concentration-dependent increase in CYP1A4 gene expression
beginning at 8h followed by upregulation of DNA damage response genes at 24h. In contrast,
CYP1A4 mRNA induction was only observed at 48h in 2D monolayers. CYP1A5 mRNA was
induced at an earlier time point in 2D cells (8h) but maximum induction was greater in 3D
spheroids. An increase in YH2AX was observed at 24h in spheroids; this endpoint was not
evaluated in 2D monolayer cells. These results suggest that BaP metabolism precedes the DNA

damage response and occurs earlier in 3D spheroids. This study demonstrates that LMH 3D
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spheroids could be a suitable metabolically-competent in vitro model to measure genotoxicity of

chemicals that require metabolic activation by CYP1A.

3.2 Introduction

Hepatocytes, the most abundant cell type in the liver, are responsible for xenobiotic
metabolism, which has an important influence on the ultimate toxicity of chemicals (Sevior et al.
2012). Metabolism of chemicals usually generates metabolites that are less toxic; however in
certain cases, metabolism can result in the biotransformation and formation of intermediate
reactive metabolites that elicit increased toxicity (Gomez-Lechon et al. 2015). Many
environmental carcinogens are mutagenic following metabolic activation. For example, the
prototypical polycyclic aromatic hydrocarbon, benzo(a)pyrene (BaP), is metabolized by CYP1A
to benzo(a)pyrene-7,8-dihydrodiol-9,10-epoxide (BPDE), a highly reactive metabolite that can
bind to DNA and form bulky adducts (Schwarz et al. 2001). Due to the critical role of xenobiotic
metabolism, it is important that any hepatocyte model used for toxicity testing maintain this

functionality.

In vitro genotoxicity assays are typically performed in cell lines without metabolizing
enzymes such as the human lymphoblastoid (TK6) and chicken bursal lymphoma (DT-40),
which, on their own, are inadequate to determine the toxicity of chemicals requiring metabolic
activation (Buick et al. 2015; Ooka et al. 2016). An exogenous source of metabolic enzymes (e.g.
S9) is required to detect metabolism-dependent endpoints in these cell models. However, hepatic
cell lines and culturing techniques that retain metabolic activity are becoming more common for
studying promutagens (Guo et al. 2020). One such method is three-dimensional (3D) culturing.
Hepatic cell lines are commonly cultured as 2D monolayers, which fails to recapitulate the

cellular architecture resulting in poor metabolic competence and abnormal gene expression
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profiles (Tolosa et al. 2016; Hamilton et al. 2001). 3D cell culturing techniques, such as growing
cells as spheroids, enhances intercellular interactions and better represents in vivo conditions
(Edmondson et al. 2014). Even immortalized hepatocytes, which typically have poor metabolic
activity, have improved metabolic competence when cultured as spheroids, including increased
CYP450 and other metabolizing enzyme activity (Sharin et al. 2020; Lammel et al. 2019;

Ramaiahgari et al. 2017; Gunness et al. 2013).

In avian ecotoxicology testing, the most common in vitro model is chicken embryonic
hepatocytes (CEH), which retain liver-specific functions including metabolic activity but only
for a short period of time (~48-72h) (Soldatow et al. 2013). Furthermore, CEH culture requires
animal use and there is increasing demand to incorporate animal free approaches to reduce the
animals required for toxicity testing (Pfuhler et al. 2009). The immortalized chicken hepatic cell
line, LMH, is an alternative in vitro model for screening chemicals for avian toxicity testing. In a
previous study, LMH cells cultured as 3D spheroids had improved CYP1A activity and
corresponding mMRNA expression along with the altered expression of additional aryl
hydrocarbon receptor (AhR)-regulated genes (Sharin et al. 2020). The objective of the present
study was to determine if CYP1A metabolism-dependent genotoxic endpoints could be detected
in LMH cells cultured as 2D monolayers or 3D spheroids exposed to BaP. Metabolic activity
was determined by measuring CYP1A activity and gene expression. The DNA damage response
was determined by measuring DNA damage response gene expression and phosphorylation of
H2AX (yH2AX). To determine if upregulated metabolic activity preceded the DNA damage

response, these endpoints were measured across multiple time points.
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3.3 Materials and Methods

3.3.1 Cell culture and treatment

The LMH cell line (CRL-2117) was acquired from Cedarlane and cultured as described
elsewhere (Sharin et al. 2020). For 3D spheroids, 10 000 cells in 250 uL. of media were added to
each well of ultra low attachment (ULA) round bottom 96 well microplates (Corning). Media
from spheroid culture was changed everyday by removing 200 puL and adding 200 pL of fresh

medium to each well. Spheroids were grown for 5d before chemical administration.

For all exposure experiments, LMH cells (2D monolayers and 3D spheroids) were treated
with 1.25 pL dimethyl sulfoxide (DMSO (0.5%); Sigma-Aldrich) or BaP (Cas # 50-32-8, 96%
purity; Sigma-Aldrich) dissolved in DMSO to attain nominal in-well concentrations of 0.1, 1, 10
or 100 uM in 250 pL of media per well. The cells were incubated for 4, 8, 24, 35 or 48h. Cell
viability and YH2AX were measured immediately after the exposure period. Cells for the 7-
ethoxy-resorufin-O-deethylase (EROD) and gene expression assays were flash frozen on dry ice

and stored at -80°C.

3.3.2 Cell viability and EROD assay

Cell viability was determined using CellTiter-Glo and CellTiter-Glo 3D (Promega)
assays following the manufacturer’s protocol. Briefly, 100 uL of lysis buffer was added per well
for both culture states. After the addition of lysis buffer, spheroids were shaken on a plate shaker
(ThermoFisher Scientific) for 2 min at room temperature. For both monolayer cells and
spheroids, 100 pL of ATP reagent was added to each well and incubated for 30 min at 37°C and

transferred to a 96 well white clear flat bottom plate (Nunc). Luminescence was measured using
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a Luminoskan Ascent luminometer (ThermoFisher Scientific) and three technical replicate wells

per dose group were analyzed.

CYP1A activity was determined using the EROD assay as described previously (Sharin
et al. 2020). The presence of the EROD product, resorufin, was measured at an excitation
wavelength of 530 nm and an emission wavelength of 590 nm. The total protein concentration in
each well was measured at an excitation wavelength of 400 nm and emission wavelength of 460
nm using a DTX 880 multimode detector (Beckman Coulter). Triplicate plates with three
technical replicate wells per plate were analyzed and CYP1A activity is reported as pmol

resorufin/min/mg protein.

3.3.3 RNA isolation and complementary DNA synthesis

RNA was isolated from cells using the RNeasy 96 kits (Qiagen) according to the
manufacturer’s protocol. For both culture conditions, two replicates were combined prior to
extraction to ensure sufficient RNA yield (n=3/treatment group). RNA concentration was
determined using the QIAxpert (Qiagen). Approximately 100 ng of RNA was reverse transcribed
using the QuantiTect Reverse Transcription kit (Qiagen) following the manufacturer’s

instructions.

3.3.4 PCR Array

A customized chicken PCR array was used to measure the expression of genes involved
in metabolism, cell cycle, and DNA damage response. The array consisted of eight target genes,
a reference gene, EEF1A1, and no template control (NTC) (Table S3.1). The primers were
purchased from Qiagen and thus, the primer sequences are proprietary. In each well of a white

384 well microplate (Roche), 0.5 pL of primer and 5.25 pL of RNase free water were added to
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each well followed by the addition of 0.5 uL. of cDNA and 6.25 pL of RT2 SYBR Green
Mastermix (Qiagen) for a total volume of 12.5 puL per well. PCR cycling conditions were 95°C
for 10 min followed by 45 cycles of 95°C for 15 s and 60°C for 1 min on the LightCycler 480

Real-Time PCR System (Roche).

3.3.5 yH2AX assay

YyH2AX was measured in LMH spheroids using the MultiFlow DNA Damage Kit—p53,
YH2AX, Phospho-Histone H3 (Litron Laboratories) according to the manufacturer’s directions
with minor modifications. Briefly, media was removed after the desired exposure period, 250 pL
of MacsQuant running buffer was added to each well and spheroids were disrupted via pipetting
fifteen times. Next, 25 pL of samples were removed from each well, added to a new 96-well
plate containing 50 pL/well of pre-aliquoted labelling solution, and incubated for 30 min at room
temperature in the dark. Following incubation, 50 pL of samples from each well were removed,
added to another 96 well round bottom plate containing 200 pl of MacsQuant running buffer to
ensure sufficient cell count per samples and cells were analyzed immediately. 20 pl of sample
was collected for each run and four to six replicates per dose group were analyzed. The p53 and
phosphor-histone H3 endpoints were not reported in the present study (due to poor antibody

binding in LMH cells).

3.3.6 Data Analysis

Cell viability data were log transformed and fit to a nonlinear regression curve (log
(agonist) vs. response) using least squares (ordinary) fit to determine the median lethal
concentration (LC50). Nonlinear regression, 2-way ANOVA and Sidak’s multiple comparisons

of LC50 values were performed using GraphPad Prism Ver. 6.07.

79



EROD curves were generated from three separate cell culture plates per cell type.
Significant differences in activity between treatment and control were determined with two-way
ANOVA (p <0.05), where cell-type and dose were the two independent variables, followed by

Tukey’s HSD test using GraphPad Prism Ver. 6.07.

Real-time RT-PCR data were analysed using the 22t method (Schmittgen and Livak
2008). Target gene Ct values were normalized to the Ct values of the reference gene, EEF1A1.
Fold change was determined relative to the respective DMSO control group for each cell type
and time point. Prior to ANOVA analysis, fold change data were log2-transformed to account for
unequal variance. The resulting p-values from pairwise comparisons between control and treated
groups for all genes were adjusted using the Benjamini-Hochberg method with the false

discovery rate (FDR) fixed at 5%.

Flow cytometry data were analyzed using FlowJo software (v10 for Windows). After
removing apoptotic events, nuclei that positively stained for both peridinin-chlorophyll-protein
(PerCP) and allophycocyanin (APC) were selected by gating on a dot-plot from the DNA content
histogram. Shifts in cell cycle values were determined by gating on cell populations
corresponding to G1, S, and G2/M according to linear histogram plots. Mean APC fluorescence
values for each region of the cell cycle were normalized to the solvent control (DMSO) and
expressed as fold change. Significant differences in YH2AX in cell cycle phases between
treatment and control were determined with two-way ANOVA (p < 0.05), where concentration

and time points were the variables, followed by Tukey’s HSD using GraphPad Prism Ver. 6.07.

The dose-response modelling program PROAST (online ver. 70.1, Dutch National
Institute for Public Health and the Environment, (RIVM)) was used to determine benchmark

dose (BMD) and confidence intervals for gene expression and yYH2AX. Data were modeled for
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continuous response with time point as covariate and benchmark response (BMR; CES in
PROAST) was selected as endpoint specific. Data were fitted to a number of models and model
averaging was used to determine the benchmark dose response (BMD; corresponds to critical
effect dose (CED) in PROAST) and BMDL (lower bound of the BMD confidence interval) and
the BMDU (upper bound of the BMD confidence interval). BMD range plots were created using

GraphPad Prism Ver. 6.07.

3.4 Results

3.4.1 Cell viability

Cell viability was not significantly affected at 8h. The viability of LMH 2D monolayers
and 3D spheroids significantly decreased following exposure to BaP (100 uM) at 24 and 48h
(Figure S3.1). However, there was no significant difference in cell viability between 2D

monolayers and 3D spheroids.

3.4.2 CYP1A activity

CYP1A activity was determined at the 8, 24 and 48h time points using the EROD assay
(measured as pmol resorufin/min/mg protein) in 2D monolayer cells and 3D spheroids following
exposure to BaP. In 2D monolayer cells, BaP did not induce CYP1A activity at 8h. However,
CYP1A activity was significantly induced after 24h with maximal activity occurring at 48h
(Figure 3.1A). In contrast, CYP1A activity was significantly induced at 8h in spheroids (at 10
and 100 uM BaP). Maximal activity was observed at 24h followed by a decrease at 48h (Figure
3.1B). In general, 3D spheroids had higher CYP1A activity at all three time points compared to

2D monolayer cells.
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Figure 3.1. Concentration- and time-dependent effects of benzo(a)pyrene (BaP) on CYP1A
activity (measured by EROD) in LMH cells cultured as A) 2D monolayer cells and B) 3D
spheroids following 8, 24 and 48h exposure. Data are presented as mean and error bars represent
SEM, p <0.05. Data were analyzed with a 2-way ANOVA and Tukey’s HSD test. “*” denotes
difference compared to untreated cells, “a” indicates difference from 8h; “b” denotes difference

from 24h and “c” represents difference from 48h.
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3.3 Gene expression

Gene expression was determined at the 4, 8, 24 and 48h time points. No significant
effects on gene expression were observed after 4h in either culture condition, so data from this

time point are not shown.

In 2D monolayer cells, significant changes in gene expression were only observed for
three of the eight genes measured: CYP1A4, CYP1A5, and GADDA45. Significant concentration-
dependent upregulation of CYP1A4 expression occurred only at 48h (max = 4.08-log2fold). In
contrast, expression of CYP1A5 was upregulated at 8h (max= 2.41-log2fold), which was
sustained through 24h and 48h, where the highest upregulation was observed (max = 3.83-
log2fold). Only one of the cell cycle regulation and DNA damage response genes, GADDA45,

was upregulated (1.44-log2fold) at the highest concentration (100 pM) at 48h (Table 3.1).
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Table 3.1. Concentration- and time-dependent effects of benzo(a)pyrene (BaP) exposure on gene

expression in 2D monolayer cells. Fold changes were calculated relative to the respective DMS

@)

control group. Significant fold changes (log2 fold change > 0.58 and < -0.58, adjp < 0.05) are in

bold and yellow.

Log2 Fold Change
Time point (h) Concentration (M) CDKNIA CYP1A4 CYPIA5 DDB2 GADD45 POLB POLK  XPC

0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

0.1 -0.20 0.22 -0.23 0.44 0.29 -1.04 -1.93 0.45

8 1 0.30 0.11 1.27 -1.46 0.50 0.08 -0.12 0.58
10 0.30 0.36 1.82 0.39 0.10 0.78 0.00 0.34

100 1.19 0.99 2.41 0.23 0.71 0.97 0.46 0.61

0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

0.1 0.51 -0.03 -0.44 0.71 0.66 0.20 -0.23 0.60

24 1 1.60 2.06 0.10 0.74 1.31 0.81 0.97 0.86
10 1.21 2.04 1.19 1.35 1.81 1.17 0.53 0.55

100 0.92 2.24 2.77 0.98 0.96 0.42 0.77 0.46

0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

0.1 0.25 1.25 0.76 0.26 0.33 -0.59 0.00 -0.62

48 1 0.56 2.10 0.26 -0.39 0.52 -0.10 0.22 -0.81
10 0.93 3.24 2.85 0.53 1.09 0.50 0.82 -0.12

100 0.99 4.08 3.83 0.30 1.44 0.80 1.61 -0.22

In contrast to 2D cells, all eight metabolism, cell cycle and DNA damage response genes

were significantly upregulated in 3D spheroids treated with BaP. There was a significant
concentration-dependent upregulation of CYP1A4 expression starting from 8h and maximal
upregulation (5.71-log2fold) occurred at 24h. CYP1A5 was not significantly affected at 8h but
was maximally upregulated at 24h (5.47-log2fold) and remained significant at 48h. The
expression of both CYP1A4 and CYP1AS5 was lower (~3.4-4.1) at 48h compared to 24h (Table

3.2).

Upregulation of one cell cycle gene, CDKN1A, and all four DNA damage response
genes, DDB2, POLB, POLK and XPC, were observed at 24h and was sustained at 48h. All of
these genes had maximum induction at 48h, except for POLB which was maximally induced at

24h (max log2FC = 3.8, 2.7, 2.4, 2.6 and 3.3 for CDKN1A, DDB2, POLB, POLK and XPC,

84



respectively). Concentration-dependent upregulation of GADDA45 (max = 4.2-log2fold) occurred

only at 48h (Table 3.2).

BMD modeling was conducted to compare the gene expression dose-response in both cell

models (Figure S3.2). Generally, the confidence intervals were relatively wide (several orders of

magnitude), with the lower confidence limit (BMDL) extrapolated several orders of magnitude
below the lowest dose used in this study. The dose-response modeling also demonstrated the
general lack of DNA damage response gene induction in 2D monolayers cells, and the earlier

CY1A4 response at 8h followed by the DNA damage response gene response after 48h in 3D

spheroids. However, due the overlapping confidence intervals, limited conclusions could be

drawn about the relative potency of BaP for inducing each gene (Figure S3.2).

Table 3.2. Concentration- and time-dependent effects of benzo(a)pyrene (BaP) exposure on gene

expression in 3D spheroids. Fold changes were calculated relative to the respective DMSO

control group. Significant fold changes (log2 fold change > 0.58 and <-0.58, adjp < 0.05) are in

bold and yellow.

Log?2 Fold Change

Time point (h) Concentration (M) CDKN1A CYP1A4 CYP1A5 DDB2 GADD45 POLB POLK XPC
0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

0.1 1.03 0.55 -0.62 -0.35 -0.01 1.14 -0.02 -044

8 1 0.82 2.88 -0.20 0.81 -0.33 1.57 0.32 0.98
10 0.57 3.07 -0.18 0.93 -0.58 0.64 -1.23 0.32

100 0.88 3.65 0.99 0.73 0.44 1.49 0.25 1.20

0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

0.1 1.44 1.46 1.87 1.54 0.09 2.42 1.00 1.97

24 1 0.12 2.89 3.11 1.59 0.06 0.93 0.33 2.10
10 1.32 5.09 5.35 2.49 1.27 1.56 1.41 2.15

100 1.86 5.71 5.47 0.80 1.86 0.73 0.44 2.47

0 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

0.1 1.46 -0.05 0.87 0.95 2.50 1.23 1.10 0.96

48 1 1.57 0.76 2.55 1.26 2.76 2.03 1.66 1.35
10 2.13 2.26 3.98 2.39 3.31 1.92 2.56 2.01

100 3.84 3.47 4.14 2.70 4.16 1.83 2.38 3.29
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3.4 DNA damage (yH2A4X)

The induction of double strand breaks (DSBs) by BaP was measured at 8, 24 and 35h in
the nuclei of 3D spheroids through the detection of YH2AX formation using flow cytometry.
YH2AX occurs following DSBs and is an early marker of DNA damage (Watters et al. 2009).
YH2AX was not determined in 2D monolayer cells due to delayed CYP1A activity and CYP1A4
MRNA expression, as well as a lack of response in DNA damage response genes. In 3D
spheroids, an increase in YH2AX (1.5-fold) was observed at the highest concentration (100 pM)
at 24h (Figure 3.2A). When nuclei were separated by cell cycle, the increase in YH2AX signal
was detected in nuclei from the S and G2/M phases, and was significant at 10 and 100 pM at
24h, and sustained at a lower level through 35h (Figure 3.2 B-D). A Cell cycle arrest was
observed in G1 nuclei, with a concurrent decrease in G2/M nuclei. This was significant at 8h,
was maximal at 24h, and disappeared at 35h (Figure S3.3). There was no difference in S-phase at

any time points and a decrease in cells was observed in G2/M checkpoint at 8 and 24h.
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Figure 3.2. Concentration- and time-dependent effects of benzo(a)pyrene exposure (BaP) on
H2AX phosphorylation (YH2AX) in 3D spheroids after 8, 24 and 35h. Data are presented as

mean +SEM, p <0.05. yYH2AX data analyzed with a 2-way ANOVA and Tukey’s HSD.
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3.5 Discussion

Immortalized hepatic cell lines cultured as 2D monolayers are used to determine
metabolism-dependent toxicity of chemicals. However, culturing cells in 2D causes them to have
dedifferentiated cellular architecture resulting in weak activity of phase I metabolizing enzymes
(Mandon et al. 2019). Metabolic competence in immortalized hepatocytes is critical to determine
the toxicity of metabolically activated chemicals. Culturing immortalized hepatocytes as 3D
spheroids permits hepatocytes to maintain their polygonal shape and cellular contacts, which
improves metabolic competence, hepatic functions and response to chemicals (Pampaloni and
Stelzer 2013; Elliot and Yuan 2010). The chicken LMH cell line is a potential in vitro model for
screening chemicals in avian toxicity testing. The present study evaluated the utility of the
chicken LMH cell line for detecting metabolism-dependent genotoxic endpoints and compared
these endpoints between 2D monolayer cells and 3D spheroids. LMH 2D monolayers and 3D
spheroids were exposed to BaP at multiple concentrations and time points to determine changes
in CYP1A activity, DNA damage and gene expression. Overall, we found that LMH cells
cultured as spheroids had superior CYP1A activity and DNA damage response compared to cells

grown as a monolayer.

3.5.1 CYP1A induction precedes DNA damage response, and is more pronounced in 3D

spheroids

Exposure to BaP induced CYP1A activity and CYP1A4 and CYP1A5 gene expression in
both 2D monolayer cells and 3D spheroids. CYP1A induction and mRNA expression were
greater in 3D spheroids across all concentrations and occurred at earlier time points than 2D
monolayer cells (Figure 3.1, Tables 3.2 and 3.3). Although CYP1A5 mRNA was not

significantly induced until 24h in 3D spheroids, the maximum induction was higher in 3D
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spheroids and the BMD values of CYP1A4 and CYP1ADS in spheroids were lower than in
monolayer cells. This suggests that these genes were upregulated at lower concentrations and
earlier time points (Table S3.3). There was no change in CYP1A4 and CYP1A5 expression at
4h, presumably due to the low uptake of BaP in cells at this time point. Rodd et al. (2017)
visualized the uptake of BaP in 3D spheroids of the fish liver cell line, PLHC-1, and found that
BaP was fully dispersed in spheroids within 6h of exposure and CYP1A1 expression increased
around 6h. CYP1A activity and upregulation of CYP1A4 or CYP1A5 mRNA expression were
the only significant effects detected at 8h in both 2D and 3D cultures. In a previous study, LMH
spheroids had higher CYP1A activity and CYP1A4 and CYP1A5 expression than 2D monolayer
cells following exposure to PCB-126 (Sharin et al. 2020). CYP1AL expression was 14-fold
higher in HepG2 spheroids compared to 2D monolayer cells after 24h BaP exposure (Stampar et
al. 2019). In LMH monolayer cells and spheroids, upregulation of CYP1A4 and CYP1A5
occurred before the expression of cell cycle and DNA damage response genes (Tables 3.2 and
3.3), suggesting that BaP is metabolized prior to DNA damage. Based on CYP1A activity and
CYP1A4 and CYP1AG5 gene expression, LMH 2D monolayer cells and 3D spheroids may both

metabolize BaP, however spheroids appear to have enhanced metabolic capacity.

3.5.2 yH2AX observed after CYPIA induction in 3D spheroids

BaP causes an increase in DSBs and YH2AX and impairs DNA synthesis at replication
forks resulting in cell cycle arrest at S-phase and G2/M checkpoint after it is metabolized to the
reactive metabolite, BPDE (Tung et al. 2013; Hamouchene et al. 2011; van Delft et al. 2010).
The formation of YH2AX was only significantly upregulated after 24h of BaP exposure in 3D
spheroids, which is later than the significant upregulation of CYP1A activity and mRNA

expression at 8h (Figures 3.2, Table 3.3). This increase in YH2AX was most pronounced in cells
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in the S and G2/M phases of the cell cycle at both 24 and 35h (Figure 3.2), which indicates that
DNA damage primarily occurred in replicating cells. Shortly after the induction of DSBs, histone
H2AX is phosphorylated at serine 139 (YH2AX) (Watters et al. 2009), which serves as a signal
for DNA damage repair (Burma et al. 2001). Markers of DNA damage like y-H2AX accumulate
in S-phase cells in response to genotoxicants (Freisner et al. 2005). DSBs were observed after
24h exposure to BaP in HepG2 cells cultured as 3D spheroids and 2D monolayers; however, the
concentration of BaP required to induce DSBs in spheroids was lower than monolayer cells
(Stampar et al. 2019). Similar to the current study, BaP treatment in HepaRG and HepG2 cells
resulted in an increase in YH2AX at 24h, which decreased at 48h (Quesnot et al. 2016; van Delft
et al. 2010). These findings indicate that the increased YH2AX in LMH spheroids is likely due to

CYP1A-activated BaP causing DSB in replicating cells.

3.5.3 Increased yH2AX levels coincides with expression of DNA damage response genes

Elevated levels of YH2AX in spheroids coincided with the upregulation of all of the cell-
cycle and DNA damage response genes measured in this study (Table 3.2). CDKN1A expression
usually increases in response to DNA damage, which blocks the progression of cells from S-
phase permitting DNA damage repair (Guo et al. 1999). In another study, BaP (40uM)
upregulated expression of CDKNZ1A in HepG2 spheroids at 24h (Stampar et al. 2019). The
genes, DDB2 and XPC, act as early DNA damage sensors, recognize YH2AX and initiate
nucleotide excision repair (NER) (Ray et al. 2013). Consistent with an early DNA damage repair
response, both DDB2 and XPC were upregulated starting at 24h by BaP in LMH spheroids
(Table 3.3). DDB2 was upregulated in HepG2 following BaP-DNA adduct formation in HepG2
cells (vanDelft et al. 2010). Exposure to BPDE for 24h resulted in concentration-dependent

upregulation of DDB2 and XPC in VH10tert and endothelial cells (Kress et al. 2019; Christmann
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et al. 2016). In another study, BPDE upregulated the expression of CDKN1A, GADD45, DDB2
and XPC in TK-6 cells (Piberger et al. 2003). Along with CDKN1A, DDB2 and XPC, DNA
polymerase  (POLB) was also upregulated in spheroids by BaP starting at 24h in the present
study. POLB is involved in base excision repair (BER) and incorporates the correct bases at the
site of DNA single strand breaks (Martin et al. 2010). In some cases, DNA single strand breaks
are a by-product of NER during repair of bulky DNA adducts similar to the adducts created by
BaP (Kress et al. 2019). Along with the previously mentioned DNA damage repair genes,
concentration-dependent upregulation of POLK and GADDA45 expression occurred at 48h. DNA
polymerase k (POLK) is involved in translesion synthesis and incorporates the correct base
opposite the BPDE adducts (Rechkoblit et al. 2017). The upregulation of POLK at a later time
point is consistent with its involvement in late stage NER. The cell cycle and DNA damage
repair gene, GADD45, interacts with XPC and is involved in NER and BER (Niehrs and Schafer
2012). In addition, GADDA45 interacts with cyclin dependent kinases to induce G2/M arrest
(Tamura et al. 2013). In contrast to the current study, BaP upregulated GADD45 expression in
HepG2/C3A spheroids from 24 to 96h (Stampar et al. 2020). The delayed expression of
GADD45 suggests that in LMH spheroids, GADD45 maybe more involved in G2/M arrest than

early NER response.

In contrast to spheroids, GADDA45 was the only cell cycle and DNA damage response
gene that was upregulated in 2D monolayer cells, and only at 48h at the highest dose tested
(Figure 3.2). This demonstrates that an orchestrated DNA damage response was not induced in
2D monolayer cells after exposure to BaP at the time points tested. This is likely because BaP
was not sufficiently metabolized at earlier time points to induce significant DNA damage, as

suggested by the reduced EROD activity and CYP1A mRNA expression in these cells. The later
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induction of GADDA45 suggests BaP may be starting to cause DNA damage after 48h, but
measurements of YH2AX and DNA damage response genes at later time points (60 and 72h) is

required to confirm this.

In conclusion, the significant induction of CYP1A activity and gene expression following
BaP exposure was detected earlier in 3D spheroids than 2D monolayer cells. This suggests that
the metabolism of BaP to its reactive metabolite is slower in monolayer cells due to weak
CYPIA activity. There was an increase in YH2AX, which was detected only after CYP1A
induction in 3D spheroids. Changes in DNA damage repair genes were observed around the
same time as the yYH2AX increase in spheroids and these genes remained active at a later time
point. These results demonstrate that LMH spheroids have superior sensitivity for detecting
CYP1A metabolism-dependent genotoxicity of chemicals and may be a relevant metabolically

competent in vitro model for avian toxicology.
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Chapter 4. Development and Characterization of a Double-Crested
Cormorant Hepatic Cell Line for Chemical Screening

4.1 Abstract

There are currently no available cell lines for the ecologically relevant colonial waterbird
species, the double-crested cormorant (DCCQO). DCCOs are high trophic level aquatic birds that
are used for routine contaminant monitoring programs in the Laurentian Great Lakes and marine
coasts of Canada. Developing a DCCO cell line for in vitro toxicological screening will ideally
provide improved understanding of the effects of environmental chemicals given the large
differences in sensitivity between laboratory and wild avian species. In this study, an
immortalized DCCO hepatic cell line, DCH22, was established from the liver of a day 22
embryo as a potential alternative to primary double-crested cormorant embryonic hepatocytes
(DCEH) for chemical screening. DCH22 cells were cultured for over a year and had hepatocyte-
like morphology. Exposure to PCB-126 induced CYP1A activity in DCH22 cells cultured as 2D
monolayers and 3D spheroids. Induction of CYP3A activity was observed following exposure to
metyrapone in 2D monolayer cells. Preliminary results suggest that DCH22 cells have CYP1A
and CYP3A activity supporting their potential use as an alternative to primary DCEH for

chemical screening.

4.2 Introduction

There is an international demand for faster, focused, ethical, and economic toxicity
testing tools and a move towards mechanistic toxicology. High-throughput, in vitro approaches
can help meet the demands of the shifting toxicity testing paradigm (Judson et al. 2013). Primary

embryonic hepatocyte culture is a commonly used in vitro model for avian toxicity testing (e.g.
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Mundy et al. 2019; Page-Lariviere et al. 2018). However, it is difficult to obtain eggs of avian
wildlife species for the preparation of primary embryonic hepatocytes. Furthermore, primary
hepatocytes have limited proliferation and metabolic activity, they can only be maintained for a
few days, and they require the use of animals (Soldatow et al. 2013). Thus, it is a challenge to
screen large numbers of chemicals using primary hepatocyte culture. Immortalized cell lines can
be cultured indefinitely, permit the generation of large amounts of mechanistic and dose-
response data, and reduce/replace the use of animals (Astashkina et al. 2012). Advancements in
cell culturing techniques, such as three-dimensional (3D) culture systems, have made
immortalized cell lines more relevant for toxicity testing as cells cultured in 3D systems are more

predictive of cellular responses to chemicals (Ravi et al. 2004).

There are two commercially available avian hepatic cell lines, both derived from chicken
(Gallus gallus domesticus), a key laboratory model for avian toxicity testing. Currently, there are
no hepatic cell lines available for ecologically relevant avian species, such as the double-crested
cormorant (Phalacrocorax auritus; DCCQO). DCCOs are piscivorous, colonial waterbirds that
occupy a high trophic position in the aquatic food web and are therefore, used as wildlife
indicator species in freshwater (e.g. Great Lakes) and marine environments across Canada
(Harris et al. 2005; Ludwig et al. 1996). Primary double-crested cormorant embryonic
hepatocytes (DCEH) are used to screen chemicals and compare toxicity of chemicals between
laboratory and wildlife species; e.qg., chicken and double-crested cormorants (Mundy et al. 2019;
Page-Lariviere et al. 2018; Crump et al. 2016). A cell line for an ecologically relevant model
avian species may represent a better predictor of the in vitro toxic effects of environmental
chemicals, since previous studies have found that chickens are more sensitive to a range of

chemicals than wildlife species (Norden et al. 2016; Head et al. 2008). The objectives of this
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study were to develop a continuous hepatic cell line from DCCO and to evaluate its utility as an

alternative to DCEH for chemical screening.

4.3 Materials and Methods

4.3.1 Hepatocyte isolation and cell line development

Fertilized, unincubated DCCO eggs were collected from ground nests containing one or
two eggs from a nesting colony in Batchawana Bay, Lake Superior (46°52'8.89"N;
84°26'49.45"W) that has low concentrations of legacy persistent organic pollutants and
chemicals of emerging concern (Shane DeSolla, Environment and Climate Change Canada,
personal communication). DCCO eggs were transported in foam-lined coolers to the National
Wildlife Research Centre in Ottawa and incubated according to methods described previously
(Powell et al. 1997) within 48h of collection. Briefly, DCCO eggs were artificially incubated by
placing the eggs horizontally in a Petersime incubator (Model XI) at 37.5°C and 60% relative
humidity. All procedures involving the handling of animals were conducted according to
protocols approved by Environment and Climate Change Canada’s Wildlife Eastern Animal Care
Committee. An embryonic day 22 female DCCO was euthanized by decapitation and the liver
was dissected and rinsed in HEPES buffer. Subsequently, the liver was placed in a petri dish with
10 mL collagenase solution, sliced into small pieces, transferred to a tube and digested at 37°C
for 5 min. The resulting solution was centrifuged at 500 g for 5 min, the supernatant and red
blood cells were removed, and cells were suspended in 5 mL collagenase solution and
centrifuged again at 250 g for 4 min. After the collagenase solution was aspirated, 10 mL of 2%
bovine serum albumin (BSA) solution was added to the pellet and centrifuged at 250 g for 4 min.
The resulting pellet weighed 0.43 g and was suspended in DMEM/F12 solution supplemented

with 10% fetal bovine serum (HI-FBS), 100 U/mL of penicillin and 10 000 pg/mL of
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streptomycin, 0.1% DMSO, 0.5 pg/mL insulin, 0.1 uM hydrocortisone, and 0.5uM
dexamethasone. All reagents were purchased from Sigma-Aldrich. Hepatocytes (viability 70%
stained with Trypan blue) were plated at a high density — eight million cells in a 100 mm petri
dish (Nunc) coated with 0.2% gelatin — and cultured at 37°C with 5% CO,. Media was changed
as required and cells were passaged (1:2 or 1:3 dilution) by adding 3 mL trypsin-EDTA to the
dish for 3 min and centrifuging at 250 g for 3 min. From passage 5, cells had hepatocyte-like
morphology and formed small clusters. After 6 passages (~1.5 months in culture), the culture
media was modified. Hepatocyte maturation/maintenance media consisted of DMEM/F12 media
supplemented with 10% HI-FBS, 1% penicillin/streptomycin, 0.5% DMSO, 1% insulin
transferrin selenium (ITS) solution and 1 uM hydrocortisone. The media was changed every 48h
and passaged when cells reached 80 to 90% confluency.

4.3.2 2D monolayer and 3D spheroid cultures

For chemical exposure and experiments, modified maintanance media (DMEM/F12
media supplemented with 10% HI-FBS, 1100 U/mL of penicillin and 10 000 pg/mL of
streptomycin, 1% insulin transferrin selenium (ITS) solution, and 1 uM hydrocortisone) was
used to culture cells. 40 000 confluent cells in 250 uL of media were plated in each well of flat
bottom 96 well microplates (Corning). Confluent cells were dosed 24h after plating. For 3D
spheroids, 10 000 cells in 250 pL of medium per well were added to each well of a 96 well ultra
low attachment (ULA) microplate (Corning). Medium was changed daily by removing 200 puL
existing medium and adding 200 pL of fresh medium to each well. Spheroids were cultured for 4

days prior to chemical administration.
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4.3.3 EROD and CYP3A assays

For the ethoxyresorufin-O-deethylase (EROD) assay, DCH22 (2D monolayers and 3D
spheroids) were dosed with 1.25 pl of the dimethyl sulfoxide (DMSO (0.5%); Sigma-Aldrich)
vehicle control or 3,3',4,4',5-pentachlorobiphenyl (PCB-126; CAS # 57465-28-8, 99% purity;
Sigma Aldrich) dissolved in DMSO to attain nominal in-well concentrations of 0.01-100 nM
PCB-126 in 250 pL of medium per well. The cells were incubated for 24h, media was aspirated,
and plates were flash frozen on dry ice and stored at -80°C. EROD activity was determined as
described previously (Sharin et al. 2020). The presence of the EROD product, resorufin, was
measured at an excitation wavelength of 530 nm and an emission wavelength of 590 nm and
total protein concentration was measured at an excitation wavelength of 400 nm and emission
wavelength of 460 nm using a DTX 880 multimode detector (Beckman Coulter, Brea, CA).
Triplicate plates with three technical replicate wells per plate were analyzed and EROD activity
was reported as pmol resorufin/min/mg protein. Significant differences in activity between
treatment and control were determined with two-way ANOVA, where cell-type and dose were
the two independent variables, followed by Tukey’s HSD test using GraphPad Prism Ver. 6.07.

For the CYP3A assay, DCH22 cells (2D monolayers only) were dosed with 1.25 pul of the
dimethyl sulfoxide (DMSO (0.5%); Sigma Aldrich) vehicle control or 2-methyl-1,2-di-3-pyridyl-
1-propanone (metyrapone; Cas # 54-36-4, 98% purity; Sigma-Aldrich) dissolved in DMSO to
yield nominal in-well concentrations of 1 to 1000 UM metyrapone in 250 pL of medium per
well. CYP3A activity was measured using the P450-Glo CYP3A4 Assay and Screening System
(Promega) following the manufacturer’s instructions. Briefly, 12.5 uL of 4X CYP3A4 reaction
mixture was added to each well, mixed for 1 min on a plate shaker, and incubated for 10 min at

37°C. After this incubation, 25 ul of 2X NADPH regeneration system was added to all wells and

101



incubated for an additional 10 min at 37°C. 50 ul luciferin detection reagent was added to all
wells, mixed for 1 min on a plate shaker and incubated for 20 min at 37°C. Luminescence was
measured using a Luminoskan Ascent luminometer (Thermo Fisher Scientific). Five technical
replicate wells per dose group were analyzed and CYP3A activity was reported as relative
luminescence units (RLU). Significant differences from control were determined with one-way

ANOVA followed by Dunnett’s test using GraphPad Prism Ver. 6.07.

4.4 Results and Discussion

There is a lack of toxicity data for ecologically relevant indicator species such as DCCOs,
which are naturally exposed to chemicals in the environment. DCCQOs have been used as a model
wildlife species to monitor the prevalence and effects of contaminants in aquatic ecosystems
(Harris et al. 2005; Ludwig et al. 1996). The liver is the primary site of xenobiotic metabolism
and biotransformation, and is an important organ for toxicity testing (Malarkey et al. 2005).
Currently, there are no immortalized hepatic cell lines available for DCCO and thus, when
conducting in vitro screening approaches for this species, primary hepatocytes must be used. The
goal of this study was to derive an immortalized DCCO hepatic cell line, DCH22, and
characterize CYP1A and CYP3A metabolic activity to evaluate whether it could be used as an

alternative to primary DCEH for chemical screening.

DCH22 cells were continuously cultured for over a year and thus, can be considered
immortalized. After five passages, the morphology of 2D confluent monolayer cells was
predominantly flat polygonal cells that grew in clusters. DCH22 cells self-assembled and formed
tight spheroids with relatively smooth edges by 24h without any exogenous extracellular matrix

in ULA 96 well microplates (Figure 4.1)
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Figure 4.1. DCH22 cells in two culture conditions grown in 96-well plates: A) 2D monolayer

confluent cells, and B) 3D spheroid.

4.4.1 PCB-126 induced CYPI1A activity in 2D monolayer cells and 3D spheroids

Induction of EROD activity in birds is a widely used and accepted biomarker of exposure
to chemicals that induce CYP1A activity via aryl hydrocarbon receptor (AhR) binding (Farmahin
et al. 2016). PCB-126 is a dioxin-like compound, which binds to the AhR and upregulates the
expression of CYP1A (Silkworth et al. 2005). Exposure to PCB-126 for 24h led to an increase in
CYP1A induction in both 2D confluent cells and 3D spheroids (Figure 4.2). CYP1A activity
induction was lower in 2D monolayer cells compared to 3D spheroids. The decrease in CYP1A
activity observed at higher concentrations of PCB-126 is due to the competitive inhibition of
CYP1A inducers (Petrulis and Bunce, 1999). In previous studies, cells cultured as 3D spheroids
had higher activity of CYP1A compared to 2D monolayer cells using the EROD assay in cell lines
from several species (Sharin et al. 2020; Uchea et al. 2015; Zeiger et al. 2001). The induction of
CYP1A activity in DCH22 spheroids followed a similar pattern as DCEH, but the activity was

much higher in DCEH (Crump et al. 2016).
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Figure 4.2. Concentration-dependent effects of PCB-126 exposure on EROD activity in DCH22
2D monolayer cells and 3D spheroids after 24h exposure. Data are presented as mean and error
bars represent SEM, p < 0.05. Data were analyzed with a 2-way ANOVA and Tukey’s HSD test.

“*” denotes significant differences compared to untreated cells, ‘a’ indicates significant

differences between 2D monolayer cells and 3D spheroids.

4.4.2 Metyrapone induced CYP3A activity in 2D monolayer cells

CYP3A metabolizes a vast number of chemicals with various chemical structures and is
the predominant CYP450 in the mammalian liver (Ourlin et al 2000). CYP3A activity increased
in DCH22 2D monolayer cells upon exposure to increasing concentrations of metyrapone (Figure
4.3). Metyrapone, a glucocorticoid synthesis inhibitor, is an inducer of CYP3A expression in
human and rat hepatocytes, and activates the pregnane X receptor (PXR) (Harvey et al. 2000;
Wright et al. 1996). There is no available information on the induction of CYP3A by metyrapone
in DCEH and thus, a comparison to primary hepatocytes of this species was not possible. In a

previous study, metyrapone upregulated mRNA expression of CYP3A37 in the immortalized
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chicken hepatic cell line, LMH (Ourlin et al. 2000). The activity of CYP3A in 3D spheroids

following exposure to metyrapone will be determined in future studies.
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Figure 4.3. Concentration-dependent effects of metyrapone on CYP3A activity (measured as
relative luminescence units [RLU]) in DCH22 2D monolayer cells after 24h exposure. Data are
presented as mean and error bars represent SEM, p < 0.05. “*” denotes significant differences

compared to untreated cells.

The increase in CYP1A and CYP3A activity in 2D monolayer cells following exposure
to PCB-126 and metyrapone, respectively, indicates that the DCH22 cell line has metabolic
competence. CYP1A and CYP3A activity in DCH22 cells cultured as 2D monolayers and 3D
spheroids need to be further characterized by exposure to pharmaceutical chemicals, whose
metabolism by CYP450s are extensively studied. DCH22 cells will be exposed to the CYP1A
substrates, omeprazole and phenacetin, and the CYP3A substrates, midazolam and
carbamazepine (Ramaiahgari et al. 2017; Bell et al. 2016; Yamashita et al. 2002). DCH22 will
also be treated with environmental chemicals that are known to induce CYP1A or CYP3A

activity in DCCO such as benzo(a)pyrene and hexabromocyclododecane. Species-specific RT-
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gPCR will be used to measure changes in mMRNA expression of CYP1A4, CYP3A7, SULT1E1
and UGT1AL1 following exposure to the standard CYP1A and CYP3A inducers and
environmental chemicals mentioned earlier. Hepatocytes will also be characterized by measuring
albumin and a-1-antitrypsin using commercially available ELISA Kits for chicken as there are no
ELISA kits available for DCCO. Synthesis of both albumin and a-1-antitrypsin occurs in the
liver and therefore, they are considered to be effective markers of hepatocyte specific functions
(Toba et al. 2020; Gomez-Mariano et al. 2020; Bell et al. 2016). The planned experiments for
full characterization of this cell line, DCH22, were not completed due to COVID19-related
restrictions on lab work at the National Wildlife Research Centre. Based on the results of
CYP1A and CYP3A activity, mRNA expression of key metabolizing enzymes, and the presence
of hepatocyte-specific markers, we can evaluate whether the DCH22 cell line can be used as an

alternative to DCEH for chemical screening.
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Chapter 5. Toxicity Screening of Bisphenol A Replacement Compounds:
Cytotoxicity and mRNA Expression in Primary Hepatocytes of Chicken and
Double-Crested Cormorant

Modified from: Sharin T, Williams KL, Chiu S, Crump D, O’Brien JM. 2021. Environmental
Toxicology and Chemistry 40(5):1368-1378. doi: 10.1002/etc.4985

5.1 Abstract

A market for bisphenol A (BPA) replacement compounds has emerged due to restrictions
on the use of BPA. Some of these compounds were detected in the environment, yet little is
known about their toxicological properties. In the present study, an avian in vitro toxicogenomic
approach was used to compare the effects of five BPA alternatives. Cell viability and mRNA
expression were compared in primary embryonic hepatocytes of chickens (CEH) and double-
crested cormorants (DCEH) exposed to 4,4'-(propane-2,2-diyl) diphenol (BPA), bis (4-
hydroxyphenyl) methane (BPF), bis-(3-allyl-4-hydroxyphenyl) sulfone (TGSH), 7-bis (4-
hydroxyphenylthio)-3,5-dioxaheptane (DD-70), 2,2-bis (4-hydroxyphenyl) hexafluoropropane
(BPAF) and 4-hydroxyphenyl 4-isoprooxyphenylsulfone (BPSIP). Changes in gene expression
were determined using two PCR arrays: 1) the species-specific ToxChip, which contains genes
representing toxicologically-relevant pathways; and 2) the chicken-specific AestroChip, which
measures estrogen responsive genes. 17p estradiol (E2) was used as a control for both arrays in
CEH. TGSH, DD-70 and BPAF were most cytotoxic in CEH and DCEH. Some of the
replacement compounds changed the expression of genes related to xenobiotic metabolism, bile
acid and cholesterol regulation. The rank order based on the number of genes altered on the
chicken ToxChip array was TGSH > DD-70 > BPAF = BPF > E2 > BPSIP > BPA. BPSIP

altered the greatest number of genes on the cormorant ToxChip array. Based upon the chicken
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Aestrochip data, BPSIP and BPF were slightly estrogenic. The results suggest that the
replacement compounds have comparable or even greater toxicity than BPA and act via different

mechanisms.

5.2 Introduction

Bisphenol A (BPA) is one of the most widely used chemicals for the synthesis of
polycarbonate plastics and epoxy resins (Andra et al. 2015). Due to widespread production and
use, BPA has been detected in human and wildlife samples (Dekant and Volkel 2008; Corrales et
al. 2015). Previous studies have found that BPA can disrupt endocrine functions in several
species (Keri et al. 2007; Zoeller et al. 2005; Moriyama et al. 2002; Jessl et al. 2018), which has
raised concerns about its safety. The use of BPA in baby bottles has been restricted in Canada
and the European Union (Eladak et al. 2015). Consequently, structural analogs of BPA are used
as replacement compounds (Andra et al. 2015). While the toxicity of BPA has been extensively
studied, the toxicological properties of some of the replacement compounds are poorly

characterized.

Five BPA replacement compounds — bisphenol F (BPF), bis-(3-allyl-4-hydroxyphenyl)
sulfone (TGSH/TGSA), 7-bis(4-hydroxyphenylthio)-3,5-dioxaheptane (DD-70), bisphenol
AF(BPAF) and 4-hydroxyphenyl 4-isoprooxyphenylsulfone (BPSIP/D-8) — were selected for the
current study from a list of high priority chemicals identified by Canada’s Chemicals
Management Plan (Environment and Climate Change Canada and Health Canada 2019). The
five replacement compounds contain at least one hydroxyphenyl functional group similar to BPA
(Eladak et al. 2015) but have different side groups. The molecular structures and CAS numbers
of the five replacement compounds are presented in Table 5.1. These replacement compounds

are found in a variety of products such as fibre optics, canned food and thermal paper (Chen et
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al. 2016). Like BPA, some of these replacement compounds have been detected in surface water,
waste water, sediment and indoor dust samples. BPF and BPAF have been detected in
environmental water samples in the range of 5 to 2850 ng/L (YYamazaki et al. 2015) and 0.5 to
246 ng/L, respectively (Chen et al. 2016). Studies have found that BPF altered expression of
neurotransmitter metabolism genes and reduced neuronal growth factor in rats (Castro et al.
2015), disrupted thyroid signaling (Huang et al. 2016) and had similar estrogenicity as BPA
(Moreman et al. 2017) in zebrafish larvae. Genes involved in lipid homeostasis, xenobiotic
metabolism, and cell cycle regulation were modulated in chicken embryos exposed to TGSH
(Crump et al. 2018). DD-70 did not bind to estrogen receptors in cell-based assays (Keminer et
al. 2020). The marker of estrogen sensitivity in the developing brain of zebrafish, CYP19A1B,
was upregulated by BPAF (Cano-Nicolau et al. 2016). Compared to BPA, BPAF was more
cytotoxic and estrogenic in the MCF-7 cell line (Mesnage et al. 2017; Kitamura et al. 2005) and
zebrafish embryo (Moreman et al. 2017). BPAF is an agonist of estrogen receptor (ER) a and
antagonist of ERf} (Matsushima et al. 2010), and also binds to the G protein-coupled estrogen
receptor (Cao et al. 2017). BPSIP exposure altered the expression of genes in the hypothalamus-
pituitary-gonadal axis and decreased gonadal somatic index in male zebrafish (Lee et al. 2018)

and caused developmental abnormalities in zebrafish embryos (Bjérnsdotter et al. 2017).

BPA and BPF have been detected in liver tissue of the great cormorant (Phalacrocorax
carbo), a high trophic level avian species (Nakayama et al. 2006), and white-tailed eagle
(Haliaeetus albicilla), a top predator and sentinel of environmental contamination (Gonzalez-
Rubio et al. 2020). In this study, the cytotoxicity and gene expression profiles of the 5 BPA
replacement compounds were compared to BPA and 178 estradiol (E2) in primary hepatocytes

of chicken (CEH), a laboratory model, and the double-crested cormorant (DCEH), a high trophic
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level avian species. E2 was included as a positive control to compare estrogenic effects of the
BPA replacement compounds. The gene expression profile across several biological pathways
was evaluated using customized species-specific ToxChip PCR arrays (chicken and double-
crested cormorant (DCCOQ)). In addition, a customized chicken-specific, AestroChip was used to
determine effects on estrogen responsive gene targets for the five replacement compounds in
CEH. This study contributes to the currently limited toxicity data of these five BPA replacement
compounds, especially for avian species.

Table 5.1. Common name, CASRN, molecular weight and structure of Bisphenol A and five

Bisphenol A replacement compounds.

Common Molecular
Name CASRN Weight Structure
Name
(g/mol)
4,4'-(propane-2,2- Bisphenol A . Y
diyl)diphenol (BPA) 80-05-7 228.29
HO OH
Bis(4- Bisphenol F 0.
hydroxyphenyl)methane (BPF) 620-92-8 200.23 i O o
Bis(3-allyl-4- TGSATGSH | 41481-66- 2304 \Cf
hydroxyphenyl)sulfone 7 " T
L, 7-bis(%- 93589-60- NN
hydroxyphenylthio)-3,5- |  DD-70 A 352.47 \ C
dioxaheptane w N7 2o
2,2-Bis(4- . .
hydroxyphenyl) Bisphenol | 4 176 61.1 336.23 S
AF (BPAF)
hexafluoropropane
HO OH
4-hydroxypheny! 4- A, NN
isopropoxyphenyl BPSIP/D-8 952365 30 292.35 T\
sulfone HiC CHs
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5.3 Materials and Methods

5.3.1 Chemicals

TGSH (96%), BPAF (98%), and BPSIP (98%) were purchased from Santa Cruz
Biotechnology, DD-70 (97%) from Toronto Research Chemicals, and BPF (98%), BPA (97%)
and E2 (98%) from Sigma-Aldrich. The certificate of analysis provided by the supplier of the
chemicals confirmed that the chemicals met quality control specifications. Stock solutions of the
chemicals were prepared by dissolution in dimethyl sulfoxide (DMSO; Sigma-Aldrich) to a final
concentration of 1 mM, except for E2 (200 uM). The concentrations of the chemicals were not
analytically verified, however, all chemicals were miscible with DMSO up to the highest stock
concentration of 1mM. Dosing solutions were made by serial dilution of stock solutions in

DMSO.

5.3.2 Primary Hepatocyte Isolation

Fertilized, unincubated white leghorn chicken (Gallus gallus domesticus) eggs were
acquired from the Canadian Food Inspection Agency and artificially incubated (Petersime,
Model X1 incubator) at 37.5°C and 60% relative humidity. Fertilized, unincubated DCCO eggs
were collected from nests containing one or two eggs from Black Rock (46°6'57.06"N,
82°50'3.14"W) in the North Channel of Lake Huron that has previously been shown to have
relatively low organohalogen contaminant concentrations (Pagé-Lariviere et al. 2018). DCCO
eggs were transported in foam-lined coolers to the National Wildlife Research Centre in Ottawa
and incubated according to methods described elsewhere (Powell et al. 1997) within 48h of
collection. Briefly, eggs were placed horizontally in a Petersime incubator (Model X1) at 37.5°C

and 60% relative humidity.
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On incubation day 19 or 26 for chicken and DCCO, respectively (2 d prehatch), embryos
(n = 25 chicken; n = 15 DCCO) were euthanized by decapitation. All procedures involving the
handling of animals were conducted according to protocols approved by Environment and
Climate Change Canada’s Wildlife Eastern Animal Care Committee. Livers were removed,
pooled and primary hepatocytes were cultured as described previously (Kennedy et al. 1993).
Briefly, hepatocytes were isolated by collagenase digestion and filtration, followed by Percoll
(GE Healthcare) purification and DNase | (Roche Applied Science) treatment. Primary
hepatocytes were maintained in Medium 199 (Life Technologies) supplemented with sodium
bicarbonate (2.24 g/L), penicillin (60 mg/L), streptomycin (100 mg/L), insulin (1 mg/L), and L-
thyroxine (1 mg/L) (all reagents from Sigma-Aldrich). Primary hepatocytes were cultured in
clear 48-well flat bottom plates by adding 25 uL of the cell suspension to 500 uL of medium and

incubated at 37°C with 5% CO> for 24h prior to dosing.

5.3.3 Chemical administration and cell viability

After 24h of incubation, CEH were treated with either one of the five BPA replacement
compounds, DMSO (0.5%), BPA or E2 (2.5 uL/well) at nominal concentrations ranging from
0.01 to 300 uM for cell viability. DCEH were treated with the same concentrations of TGSH,
DD-70, BPAF and BPSIP. Due to the limited pool of hepatocytes available for the wild avian
species, the evaluation of cell viability for BPA was not included in order to prioritize screening
of the BPA replacements. For gene expression, CEH were exposed to 30 uM BPF, TGSH,
BPSIP and BPA, and 10 uM DD-70, BPAF and E2 based on cell viability data. Four of the BPA
replacement compounds were prioritized for comparison between CEH and DCEH in this study
due to the difficulty in obtaining DCCO eggs from the field. DCEH were exposed to 10 uM

TGSH, DD-70, BPAF and E2, and 30 uM BPSIP for gene expression. CEH and DCEH were
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incubated at 37°C with 5% CO> for 24h and assayed immediately for cell viability or frozen at —

80°C until subsequent RNA isolation.

CEH and DCEH viability (n= 3 replicates/treatment group) was determined using the
ViaLight Plus kit (Lonza), following manufacturer’s protocol. The kit measures adenosine
triphosphate (ATP) in living cells to determine viability. Briefly, after the 24h exposure period,
media was aspirated and 100 pL of fresh medium with 50 pL of lysis buffer was added to each
well. 100 pL of the mixture from each well was transferred to a 96 well white clear bottom plate
(Corning), 100 uL of ATP monitoring reagent was added to each well and incubated for 2 min at
room temperature. Luminescence was read with a 1-s integrated reading time using the

Luminoskan Ascent luminometer (Thermo Fisher Scientific).

5.3.4 RNA isolation and cDNA synthesis

RNA was extracted from CEH and DCEH using RNeasy 96 kits (Qiagen) following the
manufacturer’s protocol. Prior to isolation, hepatocytes from two replicate wells were combined
to ensure sufficient RNA yield (n= 3 replicates/treatment) and concentration of RNA was
determined using the QIAxpert (Qiagen). Approximately 250 ng of RNA was reverse transcribed

using the QuantiTect Reverse Transcription kit (Qiagen).

5.3.5 ToxChip and AestroChip PCR Arrays

Custom-designed, species-specific ToxChip PCR arrays were used to determine gene
expression perturbations across several toxicity pathways following exposure to the BPA
replacement compounds. The chicken-specific ToxChip array (Qiagen; catalog no. CLAG22572,
Table S5.1) consists of 43 target genes and 5 controls (Porter et al. 2014). The cormorant-

specific ToxChip comprises 44 genes of interest and 4 control genes (Table S5.2) (Crump et al.
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2016). Another customized chicken PCR array, the AestroChip, was used to determine the
expression of ten estrogen responsive genes in CEH and included a reference gene, elongation
factor 1 alpha 1 (EEF1A1), plus a no template control (Table S5.3). Customized chicken-specific
RT? primers for the AestroChip were purchased from Qiagen; primer sequences are proprietary.
The real-time RT-PCR reactions for both arrays were prepared with the RT? SYBR Green gPCR
Master Mix (Qiagen). The thermal profile was 95°C for 10 min followed by 40 cycles of 95°C
for 15 s and 60°C for 1 min and a final extension at 95°C for 1 min. Real-time RT-PCR was

performed using a Stratagene Mx3005 instrument (Agilent Technologies).
5.3.6 Data Analysis

Cell viability data were log transformed and fit to a nonlinear regression curve (log
(agonist) vs. response) to determine the median lethal concentration (LC50) using GraphPad

Prism Ver. 6.07.

ToxChip PCR array cycle threshold (Ct) values were normalized using the trimmed M
means (TMM) method in the R Bioconductor package edgeR (Robinson et al. 2010). For the
AestroChip PCR array, the Ct values were normalized to the housekeeping gene EEF1A1 using
the 2"t method (Schmittgen and Livak 2008). Fold change was determined relative to DMSO
control group. The fold change data were log2-transformed before ANOVA analysis to account
for unequal variance. The resulting p-values between control and treated groups for all genes
were adjusted using the Benjamini-Hochberg method with the false discovery rate (FDR) fixed
at 5%. Principal component analysis was performed on log2-transformed fold-change data using
the prcomp function in R with the default settings (R Core Team 2013) and visualized using the

autoplot function in the ggplot2 package (Wickham 2016).
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5.4 Results and Discussion

5.4.1 TGSH, DD-70 and BPAF were the most cytotoxic BPA replacements

CEH were exposed to 0.01 to 300 uM of the 5 BPA replacement compounds for 24 h to
determine LC50 values (Table 5.2, Figure S5.1). Three of the five BPA replacement compounds,
TGSH, DD-70 and BPAF, had LC50 values of 35.1 £ 5.2, 13.1 + 5.0 and 32.9 + 7.3 uM in CEH,
which were lower than the LC50 value of BPA (61.7 £ 43.1 uM) determined in a previous study
(Ma et al. 2015). The LC50 value for BPSIP (168.3 = 74.9 uM) was greater than BPA in CEH.
The LC50 value of BPF could not be calculated from the dose range administered (0.01 to 300
M) because cells were ~100% viable at 100 pM and ~0% viable at 300 uM (Figure S5.1).
Therefore, the LC50 is between 100 and 300 uM but could not be calculated based on the curve

fitting used for all other chemicals.

Table 5.2. LC50 + SEM?® values of BPA and replacement compounds in chicken embryonic

hepatocytes (CEH) and double-crested cormorant hepatocytes (DCEH)

LC50 (uM)

Common Name CEH DCEH
Bisphenol A (BPA) 61.7+43.1° ND°®
Bisphenol F (BPF) N/AY ND

TGSH/TGSA 35.1+52 21.0+9.9
DD-70 32.9+7.3 14.3+4.1
Bisphenol AF (BPAF) 13.1#5.0 14.245.2
BPSIP/D-8 168.3+74.9 85.9+42.3

& Standard error of the mean
b Data from Ma et al. 2015
°ND, not determined
dL.C50 value could not be determined based on the concentrations (0.01-300 pM)
included in this study
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Based on CEH LC50 values, four of the replacement compounds, BPAF, DD-70, TGSH,
and BPSIP, were selected for cytotoxicity determination in DCEH (Figure S5.2). BPF was
excluded due to low cytotoxicity in CEH. BPF was also one of the least cytotoxic (LC50 >100
uM) among 7 BPA replacement compounds in cell lines (Russo et al. 2018) and also less
cytotoxic than BPA in zebrafish embryos (Moreman et al. 2017); a finding consistent with that
observed for CEH in the present study. In DCEH, DD-70 and BPAF had similar LC50 values
(14.3 £ 4.1and 14.2 £ 5.2 uM) and for both species, DD-70 and BPAF were the most cytotoxic.
There are no previous data on the cytotoxicity of DD-70 for comparative purposes. However,
BPAF was also found to be the most cytotoxic among several BPA alternatives in cell lines
(Russo et al. 2018), embryonic stem cells (Liang et al. 2020) and zebrafish embryos (Moreman et
al. 2017). TGSH and BPSIP had LC50 values of 20.9 £ 9.9 and 85.9 £ 42.3 uM in DCEH; values
lower than those observed in CEH (Table 5.2). In a chicken egg injection study, TGSH had a
similar LD50 value as BPA (Crump et al. 2018) and no viability data exist for BPSIP. Overall,
DCEH were more sensitive to the BPA alternatives compared to CEH in terms of cytotoxicity.
Similarly, LC50 values of several organic flame retardants were lower in hepatocytes of DCCO
(Page-Lariviere et al. 2018) or herring gulls (Porter et al. 2014) compared to CEH. Even though
the DCCO embryos were collected from an area of the Great Lakes basin that has relatively low
concentrations of organohalogen contaminants, it is plausible that the reduced cell viability
observed in this, and previous studies, compared to chicken hepatocytes, could be associated
with the presence of endogenous contaminants and their interaction with the administered
chemicals. Therefore, further evidence will be required to confirm species differences in

cytotoxic sensitivity to these BPA replacements.
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3.2 BPA replacements dysregulated more genes than BPA in CEH

Based on the cell viability data, the highest concentration that did not affect cell viability
was selected for gene expression analysis in CEH. Gene expression data are presented in two
ways: 1) BPA alternatives with significant gene fold changes and their related pathways on the
ToxChip array (Table 5.3) and AestroChip array (Table 5.4), and 2) principal component
analysis (Figures 5.1 and 5.2). The reverse transcriptase control and positive PCR control met the
appropriate quality control/assurance criteria for the ToxChip and there was no amplification in
NTC for the AestroChip. Gene expression results will first be presented for the ToxChip array.
BPA replacement compounds altered the expression of at least 5 genes on the ToxChip in CEH,
whereas BPA and E2 affected 2 and 8 genes, respectively. Importantly, the five replacement
compounds elicited a greater fold change on the ToxChip array in CEH compared to BPA. The
rank order of compounds in terms of gene alterations in CEH was TGSH (23) > DD-70 (14)

>BPAF (10) = BPF (10) > E2 (8) > BPSIP (5) > BPA (2).

ToxChip gene expression profiles in CEH were reduced to two principal components
(Figure 5.1). Principal component 1 (PC1) explained 52.25% of the variability and was
influenced by genes involved in bile acid and cholesterol regulation (CYP7B1, FOXAL and
LSS), xenobiotic metabolism (AOC1 and FGA) and the thyroid hormone pathway (THRSP).
Principal component 2 (PC2) explained 16.08% of gene expression variability and was
influenced by genes involved in xenobiotic metabolism (CYP1A4) and bile acid and cholesterol
regulation (FGF19). TGSH, which had the greatest number of dysregulated genes overall,
separated furthest away from DMSO and the other replacement compounds along PC1 and PC2.
BPF, DD-70 and BPAF clustered together and BPSIP clustered near E2. Surprisingly, BPA had a

limited gene expression response compared to the replacements and clustered closest to DMSO.
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Figure 5.1. Principal component analysis of significant genes on the ToxChip array in CEH
following exposure to BPA, BPA replacement compounds (BPF, TGSH, DD-70, BPAF and
BPSIP), and 17p estradiol (E2). Data are coloured by chemical. Gene loadings for the most

responsive transcripts are depicted by arrows on the graph.

Of the nine pathways on the ToxChip array, xenobiotic metabolism was the most affected

by all of the BPA alternatives in CEH (Table 5.3). The fold changes of all genes on the chicken

ToxChip array are presented in the supplemental information (Table S5.5). The phase |

metabolism gene, CYP1A4, was upregulated (1.2 to 3.9 log2 fold) by the five replacement

compounds, while its expression remained unchanged by BPA and E2. Likewise, another BPA

alternative, BPS, upregulated the expression of CYP1A4 in CEH (Ma et al. 2015). The

expression of CYP1A is mediated by the aryl hydrocarbon receptor (AhR) (Nebert et al. 2014),

indicating that the five replacement compounds may act as agonists of this receptor.
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Table 5.3. Mean log2 fold change of significantly altered genes on the ToxChip array in chicken
embryonic hepatocytes following exposure to 30 uM of BPF, TGSH, BPSIP and BPA, and 10

uM of DD-70, BPAF and E2.

Log2 fold change?
Pathway Gene BPF TGSH DD-70 BPAF BPSIP BPA E2
APOB -1.1 -1.1 -0.7 -0.3 0.0 0.1 1.0
Bile acid/cholesterol CYP7B1 -0.4 -1.4 -1.0 -0.9 0.1 0.7 1.2
regulation FGF19 -1.0 1.8 -1.1 -0.4 -0.3 -1.3 -0.3
FOXA1 -1.4 -1.4 -1.5 -1.4 0.3 0.2 0.4
LSS -0.9 -1.6 -1.9 -2.2 -0.1 0.1 -0.1
RPL4 0.5 0.8 0.3 0.7 0.3 -0.4 -0.3
Cell cycle
TP63 -0.6 -0.2 -0.8 -0.9 -0.4 -0.7 -0.4
. GADD45 -0.9 -0.8 -1.6 -1.1 -0.1 0.4 0.6
DNA repair
POLB -0.7 -0.7 -0.9 -0.9 -0.1 -0.3 -0.1
. G6PC 0.8 0.5 0.2 0.0 -0.1 -0.6 -1.1
Glucose metabolism
PDK4 0.6 2.1 0.8 0.3 1.2 0.4 0.4
IL1B -0.2 -0.9 -0.4 -0.3 0.6 -0.2 -0.6
Immune response
LEAP2 0.7 1.7 0.4 0.6 0.4 -0.6 -0.3
ACSL5 0.2 1.0 0.3 0.1 0.1 -0.6 -0.9
- . LBFABP 0.9 0.9 1.0 0.2 0.5 -0.4 -0.9
Lipid homeostasis
SCD -1.3 -1.9 -1.4 -1.2 -0.2 -0.1 -1.6
SLCO1A2 0.2 0.5 0.6 0.4 0.2 -0.1 -0.1
HMOX1 -1.1 -0.7 -0.8 -0.3 -0.1 0.4 1.2
Oxidative stress MGST3 0.5 0.6 0.5 0.2 0.2 -0.7 -1.0
TXN 0.4 1.7 0.2 -0.2 -0.2 -0.5 0.6
IGF1 -0.6 -2.1 -0.2 -1.1 -0.9 0.7 -0.3
Thyroid hormone THRSP -0.2 -2.7 -0.2 0.0 -0.8 -0.4 -1.1
TTR -0.1 -0.8 0.0 -0.1 -0.2 0.7 0.2
AOC1 -1.2 -2.2 -2.5 -2.7 0.0 0.5 0.2
ALAS1 0.2 1.3 0.5 0.3 0.1 -0.2 0.7
Xenobiofi CYP1A4 1.6 3.9 15 1.2 2.4 0.1 0.9
enobiotic
metabolism CYP3A7 -0.6 -0.9 0.1 0.6 -0.4 0.0 0.4
FGA -0.3 0.4 -0.6 -0.2 1.1 0.8 0.5
SULT1B1 0.0 -0.2 -0.3 0.1 0.3 0.4 0.7
SULTIE1 0.6 0.6 0.3 -0.1 0.0 -0.6 -0.6

2Fold changes calculated relative to the respective DMSO control group. Significant fold
changes (log2 fold change > 0.58 and < -0.58, adjp < 0.05) are in bold and upregulated and
downregulated genes are in yellow and blue
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With the exception of BPSIP, the four other replacement compounds changed at least two
genes from the bile acid/cholesterol regulation pathway. TGSH and DD-70 exposure resulted in
the alteration of all genes from this pathway (5 genes), followed by BPF and BPAF (2 genes).
BPA did not change the expression of a single gene (Table 5.3). FOXAL and LSS, involved in
triglyceride synthesis and production of monosaturated fatty acid from saturated fatty acid (Moya
et al. 2012), were downregulated by the four replacement compounds. Another gene that
regulates bile acid synthesis and lipid and carbohydrate metabolism (Massafra et al. 2017),
FGF19, was upregulated by TGSH (1.8 log2 fold) and downregulated by DD-70 (-1.1 log2 fold).
The gene, CYP7BL1, which breaks down cholesterol to form bile acid (Stiles et al. 2009) was
downregulated by TGSH and DD-70 (-1.4 and -1 log2 fold) and upregulated by E2 (1.2 log2
fold). Cholesterol is essential for cellular function as a component of cell membranes and a
precursor of steroid hormones and bile acids (Stiles et al. 2009). Alterations of genes involved in
bile acid and cholesterol synthesis could lead to a loss of optimal amount of cholesterol for
cellular functions and signaling and cause metabolic disorders like cholestasis (Massafra et al.
2017). In addition to xenobiotic metabolism and bile acid/ cholesterol related genes, TGSH and
BPSIP, decreased the expression of the thyroid hormone pathway gene, THRSP (-2.7 and -0.8
log2 fold); a similar directional change observed following E2 exposure (-1.1 log2 fold). THRSP
expression is induced by thyroid hormone and estrogen in chickens in order to regulate lipid
biosynthesis (Ren et al. 2017), thus playing a key role in metabolism. Exposure to another BPA
replacement compound, BPS, resulted in a concordant downregulation of THRSP in CEH (Ma et
al. 2015). Disruption of the thyroid hormone pathway could lead to adverse outcomes in avian

species because it is critical for growth, development of the nervous system, egg laying, pipping
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and heat production (McNabb 2007). The ToxChip results suggest that TGSH and other

replacements are more transcriptionally active than BPA in CEH.

In addition to the ToxChip array genes, estrogen responsive genes were also altered by
BPF, TGSH, BPAF and BPSIP in CEH, evaluated using the AestroChip array (Table 5.4). The
rank order for gene dysregulation was: E2 (5) > BPSIP (3) > BPF (2) =TGSH (2) =BPAF (2)
>BPA (1) > DD-70 (0). The fold changes of all genes on the chicken AestroChip array are
presented in the supplemental information (Table S5.6). On the AestroChip PCA (Figure 5.2),
E2 was furthest separated from DMSO along PC1, which was highly influenced by vitellogenin
11 (VTG2; 9.3 log2 fold) and apovitellenin (APO; 9.8 log2 fold) (Table 5.4). Among the BPA-
related compounds, only BPF and BPSIP separated towards E2 along PC1, although still closer
to DMSO. The clustering of BPSIP was influenced by CPT and VCAM, and BPF clustering was

influenced by APO.
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Figure 5.2. Principal component analysis of significant genes on the AestroChip array in CEH
following exposure to BPA, BPA replacement compounds (BPF, TGSH, DD-70, BPAF and
BPSIP), and 17 estradiol (E2). Data are coloured by chemical. Gene loadings for the most

responsive significant transcripts are included on the graph.

The expression of APO was upregulated by one replacement compound, BPF (5.8 log 2
fold), and E2 (9.8 log2 fold). APO is synthesized in the liver and prevents the breakdown of very
low-density lipoproteins by lipase during transfer to oocytes from the liver (Bourin et al. 2012).
BPF was found to have similar estrogenicity (Moreman et al. 2017) as BPA and increased
expression of estrogen receptors (ERa, ERpB) and cytochrome P450 aromatase (CYP19A1A and
CYP19A1B) in zebrafish (Qiu et al. 2019). Carnitine palmitoyltransferase 1A (CPT) plays a
crucial role in fatty acid oxidation and cell proliferation (Schlaepfer and Joshi 2020). The
expression of CPT was found to be regulated by E2 in rats (Campbell et al. 2003) and was
upregulated by BPSIP (4.1 log?2 fold) in this study. The other gene upregulated by BPSIP was
vascular cell adhesion protein 1 (VCAM), which attaches white blood cells to the endothelium,

thus playing a role in the immune system (Cook-Mills et al. 2011). In general, gene
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dysregulation following BPSIP exposure were directionally concordant with E2 exposure in
CEH. To date, there has been only one study, which evaluated the endocrine disrupting
properties of BPSIP. In male zebrafish exposed to BPSIP, an increase in ERa, and brain and
gonad cytochrome P450 aromatase (converts androgen to estrogen) mRNA expression was
observed (Lee et al. 2018). BPAF and BPA downregulated the expression of VTG2 (-2.9 and -
2.8-log2 fold). Previous studies reported that BPAF was one of the most estrogenic replacement
compounds in the estrogen responsive MCF-7 cell line (Mesnage et al. 2017; Kitamura et al.
2005). In the current study, livers from females and males were pooled when preparing CEH,
which could have impacted the overall expression of estrogen responsive genes. Overall, these
results suggest that BPF and BPSIP may have some mild estrogenic activity and requires further

investigation.

Table 5.4. Mean log2 fold change of significantly altered genes on the AestroChip array in
chicken embryonic hepatocytes following exposure to 30 uM of BPF, TGSH, BPSIP, BPA, and

10 uM of DD-70, BPAF and E2.

Log2 Fold Change?

Pathway Genes BPF TGSH DD-70 BPAF BPSIP BPA E2

APO 58 L1 04 00 14 22 98

CYPTA 11 26  -13 02 21 14 28

ELOVL2 00 -04 11 10 20 03 1.0

Estrogen AVD 28 12 00 11 | 24 04 27
Responsive

CPT 10 07 12 | -18 41 10 32

VCAM -0.6 -0.6 1.6 0.9 4.5 -0.5 3.4
VTG2 1.6 0.9 1.8 -2.9 1.5 -2.8 o

8 Fold changes were calculated relative to the respective DMSO control group. Significant fold
changes (log2 fold change > 0.58 and < -0.58, adjp < 0.05) are in bold and upregulated and
downregulated genes are in yellow and blue
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3.3 BPA replacements had different gene expression responses in DCEH

In DCEH, PCA revealed that PC1 accounted for 45.96% of the variability, while PC2
accounted for 27.9% (Figure 5.3). PC1 was influenced by MT4, FGF19, LIPC and CYP3A7 and
PC2 by POLK and ALDH1AL1. PCA clustering of ToxChip genes in DCEH, revealed that BPSIP
clustered furthest away from DMSO along PC1 and the rest of the replacement compounds

clustered close to DMSO. The clustering of E2 along PC2 was influenced by ALDH1A1 (Figure

3).
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Figure 5.3. Principal component analysis of significant genes on the double-crested cormorant
ToxChip array in DCEH following exposure to the BPA replacement compounds, TGSH, DD-
70, BPAF and BPSIP, and 17f estradiol (E2). Data are coloured by chemical. Gene loadings for

the most responsive significant transcripts are included on the graph.
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In DCEH, BPSIP was the most responsive in terms of both the number of altered genes,
and the pathways affected (Table 5.5). The fold changes of all genes on the DCCO ToxChip
array are presented in the supplemental information (Table S5.7). The rank order for gene
dysregulation was: BPSIP (8) > DD-70 (1) = BPAF (1) > TGSH (0). The most altered genes by
BPSIP were MT4 (2.4 log2 fold), FGF19 (1.9 log2 fold), LIPC (-1.9 log2 fold), and CYP3A7
(1.5 log2 fold) (Table 5.5). The gene, M T4, stabilizes reactive oxygen species and provides
protection against oxidative stress (Sutherland and Stillman 2011). An increase in FGF19
activity can lead to fatty acid and bile acid oxidation (Massafra et al. 2017). The suppression of
the gene, LIPC can cause lipid accumulation since it breaks down phospholipids and
triglycerides (Connelly and Hegele 1998). There are no studies on the effects of BPSIP on bile
acids and cholesterol regulation and future studies are needed to investigate this pathway. BPSIP
also upregulated CYP3AT7 expression, whereas CYP1A4 was upregulated by BPSIP in CEH.
This suggests that the metabolism of BPSIP in CEH and DCEH occurs via different mechanisms.
Among these 5 replacement compounds, BPSIP was the least responsive in CEH, which is in

contrast to the results for DCEH, suggesting species differences based on in vitro effects.
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Table 5.5. Mean log2 fold change of significantly altered genes on the ToxChip array in double-
crested cormorant embryonic hepatocytes following exposure to 10 uM TGSH, DD-70, BPAF,

and E2, and 30 uM BPSIP

Log2 Fold Change?

Pathway Genes TGSH DD-70 BPAF BPSIP E2
Bile acids/cholesterol FGF19 0 0.7 0.7 19 0.4
regulation LIPC -0.8 0.1 0.3 -1.9 1.1
FRZB -0.4 -0.3 -0.1 -0.9 0.1

DNA Repair
POLK 0.3 0.4 0.5 -1 0.5
Lipid homeostasis LBFABP 0.1 0.3 -0.5 -1.3 0.3
Oxidative stress MT4 -0.4 0 -0.7 2.6 0.3
Thyroid hormone pathway TTR 0.2 -0.3 -0.5 -1.1 0.2
CYP3A7 2 0.5 1 15 1.4

Xenobiotic metabolism
ALDH1A1 0.9 -0.7 0 -0.8 2.1

2 Fold changes were calculated relative to the respective DMSO control group. Significant fold
changes (log2 fold change > 0.58 and < -0.58, adjp < 0.05) are in bold, upregulated and
downregulated genes are in yellow and blue

PCA of the four common BPA replacement compounds in CEH and DCEH showed that
gene dysregulation was more pronounced in CEH (Figure 5.4). DCEH samples were close to the
control, while in CEH, three of the replacement compounds, TGSH, DD-70 and BPAF, were
separated from the control. PC1 was highly influenced by the xenobiotic metabolism gene,
CYP1AA4. All five of the BPA replacement compounds upregulated CYP1A4 expression in CEH
(Table 5.3). In contrast, CYP3A7 expression was upregulated by BPAF and BPSIP in DCEH

(Table 5.4) and no changes were observed in CYP1A4 (Table S5.6).
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Figure 5.4. Principal component analysis of significant genes from the ToxChip array in CEH
and DCEH following exposure to the BPA replacement compounds, TGSH, DD-70, BPAF and
BPSIP, and 17 estradiol (E2). Data are coloured by chemical and species represented by shapes.

Gene loadings for the most responsive significant transcripts are included on the graph.

The differences in detoxification mechanisms of the replacement compounds between
CEH and DCEH could help explain the variability of in vitro effects (i.e. cytotoxicity, gene
expression). Differences in amino acid sequences within the ligand-binding domain of AhR
account for species differences in sensitivity to AhR agonists and induction of CYP1A4
(Farmahin et al. 2014). Chickens are highly sensitive to AhR agonists compared to DCCO due to
the substitution of two amino acids within the ligand-binding domain of AhR (Head et al. 2008).
Avian CYP3AT belongs to the CYP3A subfamily of phase | metabolizing enzymes and is
regulated by the chicken xenaobiotic receptor (CXR), which is similar to the mammalian
pregnane X receptor (PXR) (Handschin et al. 2000). Previous studies reported inter-species

differences of CYP3A sensitivity in mammals in response to BPA and BPAF; both were ligands
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of human PXR but not rat PXR (Sui et al. 2012). Our gene expression data suggest a species-
specific difference in the metabolism of these compounds by phase | metabolizing enzymes in
primary hepatocytes, which could account for differences in subsequent toxicity. Future studies
should include more doses to investigate the differences between cytotoxicity and gene

expression and to generate gene expression dose-response curves.

Overall, TGSH, DD-70 and BPAF had the highest cytotoxicity among the BPA
replacement compounds in CEH and DCEH, while BPF and BPSIP were less cytotoxic than
BPA in CEH. The two BPA alternatives modulated the expression of genes from pathways
including xenobiotic metabolism, bile acid/cholesterol regulation and lipid homeostasis and
interestingly, altered more ToxChip genes than BPA in CEH. With the exception of DD-70, the
four remaining BPA replacements altered the expression of more estrogen responsive genes than
BPA in CEH. The inclusion of hepatocytes from two avian species permitted cross-species
comparisons and in general, LC50 values were lower and fewer gene expression changes were
observed in DCEH. Genes associated with variable pathways were dysregulated indicating
potential differences in mechanisms of action compared to BPA for the two species. Future
whole-animal studies are required to evaluate individual-level effects of the BPA replacements
prioritized in this screening study (e.g. DD-70, BPAF) to contribute to the identification of safe

replacements for BPA.
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Chapter 6. Toxicity Screening of Bisphenol A Replacement Compounds:
Cytotoxicity and mRNA Expression in LMH 3D Spheroids

6.1 Abstract

Previously, we showed that the chicken LMH cell line grown as 3D spheroids may be a
suitable animal free alternative to primary chicken hepatocytes (CEH) for in vitro
ecotoxicological screening of chemicals. In this study, the cytotoxicity and mRNA expression of
Bisphenol A (BPA) and five replacement compounds (BPF, TGSH, DD-70, BPAF, BPSIP), and
17p estradiol (E2) were determined in LMH 3D spheroids. Results were compared to an earlier
study that evaluated the same endpoints for these chemicals in CEH. Cytotoxicity and gene
expression were determined using ATP concentrations and customized PCR arrays, respectively.
The ToxChip array contains genes from toxicologically relevant pathways and the AestroChip
array measures estrogen-responsive genes. Concentration-response gene expression perturbations
following DD-70 and BPAF exposure were determined using a customized PCR array of select
genes from the ToxChip and AestroChip arrays. DD-70 and BPAF were the most cytotoxic
replacement compounds. TGSH and DD-70 modulated the greatest number of genes among
replacements and BPA on the ToxChip array, although fewer genes compared to CEH. Based on
the gene expression profile of E2, BPAF was the most estrogenic followed by BPF, BPSIP and
BPA, and more estrogen-responsive genes were modulated in LMH spheroids compared to CEH.
Concentration-dependent gene expression revealed that DD-70 and BPAF altered genes related
to lipid and bile acid regulation. The cytotoxicity and clustering of the replacements based on
gene expression profiles were similar between LMH spheroids and CEH, however LMH

spheroids were more sensitive in terms of estrogenic response. In addition to generating novel
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gene expression data for five BPA replacement compounds in an in vitro avian model, this
research also demonstrates that LMH spheroids may represent a useful animal free alternative for

ecotoxicological screening.

6.2 Introduction

In recent years toxicity testing has shifted focus towards mechanistic approaches to
characterize the toxicity of the large number of chemicals in the environment (Krewski et al.
2009). Primary embryonic hepatocytes are frequently used for avian toxicity testing (Mundy et
al. 2019; Porter et al. 2014). Primary hepatocytes have similar gene expression and enzyme
activity compared to in vivo conditions; however, a loss of biochemical functions occurs shortly
after isolation (Fraczek et al. 2013). Advancements in 3D cell culture techniques, such as
spheroids, which resemble 3D organization of cells in vivo, has become more common in
toxicity testing applications (Hellwig et al. 2018; Breslin and Driscoll 2013). Immortalized
hepatic cell lines are an animal free alternative to primary hepatocytes and when cultured as
spheroids have improved gene expression and metabolic/biochemical activities and are thus,
better predictors of toxicity than 2D monolayer cultures (Sharin et al. 2020; Frolich 2018;

Takahasi et al. 2015; Ramaiaghari et al. 2014).

Bisphenol A (BPA) replacement compounds are a group of chemicals for which toxicity
data are limited. BPA is an industrial chemical used in the production of polycarbonate plastics
and epoxy resin in a wide range of consumer products. BPA can bind to endocrine receptors and
interfere with other biological pathways, which led to a ban on use in applications including
infant products, food packaging and thermal paper (Siracusa et al. 2018; ECHA 2020). Such
restrictions have led to the production of “BPA-free” products, many of which contain structural

analogs of BPA. The production and use of BPA replacement compounds are increasing globally
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and they have been detected in various environmental samples (Chen et al. 2016) yet their toxic
effects remain largely unknown. Thus, there is a strong demand to rapidly generate

ecotoxicological information for this group of priority compounds.

Here, we apply an in vitro transcriptomic approach to generate ecotoxicologial data for
five BPA replacement compounds in a 3D cultured avian cell line. The chicken leghorn male
hepatoma (LMH) cell line, especially when cultured in 3D spheroids, is a potential alternative to
CEH for avian toxicity testing (Sharin et al. 2020). The five BPA replacement compounds
chosen for this study are: bisphenol F (BPF), 4,4"-sulfonylbis(2-allylphenol) (TGSH/TGSA),
Phenol, 4,4'-[methylenebis(oxy-2,1-ethanediylthio)] bis- (DD-70), bisphenol AF (BPAF), and 4-
hydroxyphenyl 4-isopropoxyphenyl sulfone (BPSIP/D-8). Concentrations of BPF and BPAF
were similar, and in some locations greater than BPA in sediments and water samples (Yamazaki
et al. 2015; Yang et al. 2014; Song et al. 2012). BPF has been detected in wildlife, including the
liver of the white-tailed eagle (Gonzalez-Rubio et al. 2020). TGSH was more teratogenic than
BPA in zebrafish embryos (Bjornsdotter et al. 2017) and had similar lethality as BPA in chicken
embryos (Crump et al. 2018). DD-70 was found to be non-estrogenic in a reporter gene assay
(Keminer et al. 2019). Several studies have found BPAF to be more cytotoxic and estrogenic
than BPA in several cell lines and species (Mu et al. 2018; Song et al. 2014; Kitamura et al.
2005). BPSIP upregulated mMRNA expression of estrogen receptors (Lee et al. 2018) and caused
similar developmental abnormalities as BPA in zebrafish embryos (Bjornsdotter et al. 2017).
There are limited data on the production, usage, environmental prevalence and potential toxicity

of TGSH, DD-70 and BPSIP.

The specific aims of this study were to: 1) generate ecotoxicological data for five BPA

replacement compounds in LMH 3D spheroids, including cytotoxicity and perturbations in gene
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expression; 2) evaluate whether LMH spheroids were an effective in vitro model for avian
hepatic toxicity, and a viable alternative to CEH for chemical screening based on comparisons

with recently reported results for the same five chemicals in CEH (Sharin et al. in 2021a).

6.3 Materials and Methods

6.3.1 Reagents

BPF (98%), BPA (97%) and 17 estradiol (E2, 98%) were purchased from Sigma-
Aldrich, TGSH (96%), BPAF (98%), and BPSIP (98%) from Santa Cruz Biotechnology, and
DD-70 (97%) from Toronto Research Chemicals (Table 6.1). The certificate of analysis provided
by the supplier of the chemicals confirmed that the chemicals met quality control specifications.
Stock solutions of the chemicals were prepared by dissolution in dimethyl sulfoxide (DMSO;
Sigma-Aldrich) to a final concentration of 1 mM, except for E2 (200 uM). Dosing solutions were
prepared by serial dilution from stock solutions to attain nominal concentrations of 0.1 to 100

uM. All cell culture reagents were purchased from Sigma-Aldrich unless stated otherwise.

6.3.2 Cell culture, dosing and viability

LMH cells were cultured and maintained as previously described (Sharin et al. 2020). For
3D spheroids, cells were seeded at 10 000 cells/well in 250 pl medium/well in ultra-low
attachment (ULA) 96 well microplates (Corning) and grown for 4 days. On day 5, spheroids
were treated with 0.1 to 300 pM of BPA and the five replacement compounds for cell viability or
30 uM BPF, TGSH, BPSIP and BPA, and 10 uM DD-70, BPAF and E2 for the ToxChip and
AestroChip arrays. E2 was used as a positive control for the gene expression evaluation using the

ToxChip and AestroChip arrays. LMH spheroids were treated with 0.01, 0.1 and 1 uM of DD-70
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and BPAF for dose-response evaluation. Following a 24h exposure, spheroids were assessed for

cell viability or stored at -80°C until subsequent gene expression analysis.

For cell viability, the spheroids were treated with BPA and the five replacement
compounds for 24h and viability was determined using the CellTiter Glo 3D assay (Promega)
following the manufacturer’s instructions. Briefly, after the exposure period, 100 uL of assay
reagent was added to each well containing spheroids in 100 pL medium and placed on an orbital
shaker for lysis. The contents of each well were transferred to a flat clear bottom white 96 well
microplate (Nunc) and incubated for 10 min in the dark at room temperature, and luminescence

was read using the Luminoskan Ascent Luminometer (ThermoFisher).

6.3.3 RNA isolation and cDNA synthesis

Total RNA was extracted from spheroids using the PureLink RNA Micro Scale kit
(ThermoFisher) according to the manufacturer’s protocol. Two spheroids per replicate were
pooled to ensure sufficient RNA yield. RNA concentration was quantified using a NanoDrop
2000 (ThermoFisher) and 250 ng was reverse transcribed with the Quantitect Reverse

Transcription kit (Qiagen) according to the manufacturer’s instructions.

6.3.4 PCR arrays

Gene expression was determined using three customized chicken PCR arrays: 1)
ToxChip, 2) AestroChip, and 3) ComboChip. The ToxChip array (Qiagen, catalog no.
CLAG22572, Table S6.1) comprises 43 target genes covering eight biologically relevant
pathways, two reference genes (EEF1A1 and RPL4) and three quality controls (genomic DNA
contamination control, reverse-transcription control, and a positive PCR control). The

AestroChip array consists of nine estrogen-responsive genes, two reference genes (EEF1A1 and
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RPL4) and a no template control (NTC) (Table S6.2). Concentration-dependent gene expression
of DD-70 and BPAF were determined using the ComboChip array, which consists of 4 estrogen
responsive genes from the AestroChip and 6 genes from the ToxChip array, 2 reference genes
(EFF1A1 and RPL4) and NTC (Table S6.3). The RT? gPCR primer assays for the AestroChip
and ComboChip arrays were purchased from Qiagen, and thus the sequences are proprietary.
Real-time RT-PCR reactions were prepared with the RT? SYBR Green gPCR Master Mix kit
(Qiagen). The thermal profile was 95°C for 10 min followed by 40 cycles of 95°C for 15 s and
60°C for 1 min and a final extension at 95°C for 1 min. Real-time RT-PCR was performed using
a Stratagene Mx3005 instrument (Agilent Technologies) and CFX96 Touch Real-Time PCR

Detection System (Bio-Rad Laboratories).
6.3.5 Data analysis

To calculate the lethal median concentration (LC50), cell viability data were log
transformed and fit to a nonlinear regression curve (log (agonist) vs. response) using least
squares (ordinary) on GraphPad Prism Ver. 6.07. 2-way ANOVA and post hoc Sidak comparison
of LC50 values in LMH spheroids and CEH (from a previous study) were performed using

GraphPad Prism Ver. 6.07.

The reverse transcription, genomic DNA and positive PCR controls met the appropriate
quality control/assurance criteria for the ToxChip and there was no amplification in NTC for the
AestroChip or the ComboChip. All PCR array Ct values were normalized to the housekeeping
gene RPL4 using the 2-ACt method (Schmittgen and Livak 2008). EEF1A1 was omitted as a
reference gene due to variabilities in expression in the BPA samples on the AestroChip array.
Genes on the ToxChip array with missing Ct values, or Ct values above 35 in more than 25% of

all samples were removed from analysis. Fold change was determined relative to the DMSO
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control group. The fold change data were log2-transformed before ANOVA analysis to account
for unequal variance. The resulting p-values from pairwise comparisons between control and
treated groups for all genes were adjusted using the Benjamini-Hochberg method with the false
discovery rate (FDR) fixed at 5%. Principal component analysis (PCA) was performed on log2-
transformed fold-change data using the prcomp function in R with the default settings (R Core

Team 2013) and visualized using the autoplot function in the ggplot2 package (Wickham 2016).

6.4 Results and Discussion

BPA replacements are of emerging concern due to their potential to perturb endocrine
systems and other pathways. Environmental contamination of these compounds is expected to
increase as BPA is being phased out, yet there is limited information on their toxicological
properties (Rosenmai et al. 2014). Therefore, a rapid approach is needed to identify any potential
toxicological concerns these replacement compounds may present. Ideally, any approach would
also be as ethical as possible in terms of animal utilization. In the present study, we utilized the
chicken hepatic cell line, LMH, cultured as spheroids, to screen five BPA replacement
compounds. Results using this animal free in vitro screening approach were compared to those
previously reported for the same five replacement compounds in another in vitro model that

required animal use, CEH (Sharin et al. 2021a)

Two of the replacement compounds tested, DD-70 and BPAF, were more cytotoxic than
BPA based on the LC50 values (Table 6.1). For BPA, the LC50 was 69.35 + 22.85 UM, which
was similar to the LC50 determined in CEH, 61.7 £ 43.1 uM (Ma et al. 2015). Among the
replacement compounds, DD-70 and BPAF were the most cytotoxic with LC50 values of 17.23
+4.51 and 16.6 + 4.78 UM, respectively. TGSH had a LC50 value of 57.27 £ 11.70 pM, and the

two other replacement compounds included in this study, BPSIP and BPF, had LC50 values of
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76.24 + 24.89 and 81.84 £ 23.92 uM, respectively. BPF was more cytotoxic in LMH spheroids
than in CEH (LC50 >300 uM) and the cytotoxicity of TGSH, BPSIP and BPF were similar to
BPA. The rank order of the chemicals evaluated in the present study based on LC50 was BPAF
~DD-70 >TGSH ~BPA ~BPSIP ~BPF. BPAF and BPF were one of the most and least cytotoxic,
respectively, among several BPA replacement compounds screened in various cell lines (Liu et
al. 2020; Russo et al. 2018; Goldinger et al. 2015). No other cell viability data exist for TSGH or
DD-70. BPSIP was found to have similar cytotoxicity as BPA in H295R adrenocortical cell line
(Goldinger et al. 2015). The LC50 values of BPA (69.35 uM) and BPSIP (76.24 uM) were also

similar in LMH spheroids in the present study.
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Table 6.1. Common name, CASRN, LC50 (uM) + SEM and structure of bisphenol A and five

bisphenol A replacement compounds.

Common Name CASRN LC50 (uM) = SEM Structure

Bisphenol A PR
BPA) 80-05-7 69.35 + 22.85 H l:ftl

Bisphenol F
(BPE) 620-92-8 81.84 + 23.92 ) OH

TGSA/TGSH | 41481-66-7 |  57.27 +11.70 ) Q@&
DD-70 03509-69.6 | 17288451 | (7
BiSFQPeZ\OF')AF 1478-61-1 16.6 + 4.78 ) J\A;&'V
BPSIPID-8 | 95235-30-6 |  76.24 +24.89 @/\@:\r

The expression of ToxChip and AestroChip genes in LMH spheroids were combined and
reduced to two principal components using PCA (Figure 6.1A). The first principal component
(PC1) accounted for 40.5% of the variability and PC2 explained 21.5% of the variability among
samples. The key contributors to PC1 were the Aestrochip genes, APO and VTG2, while PC2

clustering was based on ToxChip and AestroChip genes including CYP1A and CPT1A.
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Similarly, PCA of combined ToxChip and AestroChip gene expression in CEH showed that PC1
was mainly based on VTG2 and APO, whereas ToxChip genes explained PC2 variability (Figure
6.1B) (Sharin et al. 2021a). In LHM spheroids, BPAF and BPF clustered closely with E2 along
PC1, suggesting that that these two compounds may have estrogenic properties. TGSH and DD-
70 separated furthest from the DMSO controls along PC2 in LMH spheroids, suggesting non-
estrogenic toxicity. In comparison to CEH, BPAF did not cluster with E2, but rather separated
along PC2 with TGSH and DD-70. BPF clustered towards E2 in CEH, but not as strongly as in
LMH. BPSIP clustered in a similar manner in LMH spheroids and CEH, somewhere in between
DMSO controls and E2 along PC1, indicating modest estrogenicity in both models. BPA was
more transcriptionally active in LMH spheroids compared to CEH, but was still closest to the
DMSO control. This is an important consistency because the more transcriptionally responsive

chemicals are those that could potentially replace BPA in various applications.

The modulation of AestroChip genes by BPA and the replacement compounds was
greater in LMH spheroids than in CEH. The rank order of dysregulation of APO and VTG2
expression in LMH spheroids was: E2 (6.98 and 6.68-log2), BPAF (6.36 and 4.41-log2), BPF
(5.76 and 4.18-log2), BPSIP (3.21 and 3.74-log2), BPA (2.29 and 3.76-log2) and DD-70 (no
change and 2.56-log2) (Table S6.4). In CEH, VTG2 was down regulated by BPAF (-2.9 log2)
and BPA (-2.8 log2). None of the other replacement compounds altered the expression of VTG2
in CEH (Sharin et al. 2021a). For the preparation of CEH cultures, livers from females and males
were pooled, and the evaluation of VTG2 expression in this mixed sex pool could help explain
the discrepancy in VTG2 expression between CEH and LMH spheroids. The increased
sensitivity of the LMH spheroids to estrogen-responsive genes compared to CEH is likely due to

fact that the LMH cell line was established from a male liver. Males are typically more
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vulnerable to the adverse effects of xenoestrogens and the induction of estrogen responsive genes
(e.g. VTG) are more evident since the basal expression of these genes are low in adult males

(Matozzo et al. 2008).

Several BPA replacement compounds had gene expression profiles in LMH that were
more similar to E2 compared to BPA. Specifically, BPAF, BPF and BPSIP all had stronger
VTG2 and APO induction than BPA. VTG2, a marker of endocrine disruption, is synthesized by
the liver in response to estrogen (Woods and Kumar 2011). APO is an egg yolk protein and
lipoprotein lipase inhibitor involved in preventing the breakdown of very low-density
lipoproteins (Bourin et al. 2012). VTG2 and APO are established markers of xenoestrogen
exposure in oviparous species (Li et al. 2020; Heppell et al. 1995) and were the most responsive
AestroChip genes for the PCA analysis (Figure 6.1A). Similar to the current study, BPAF was
more estrogenic than BPF and BPA in zebrafish embryo-larvae (Moreman et al. 2017) and
increased VTG expression in zebrafish liver (Yang et al. 2014). Other studies have found BPAF
to be more estrogenic than BPA in several cell lines (Russo et al. 2018; Chen et al. 2016; Fic et
al. 2014). BPF exposure resulted in the upregulation of vitellogenin (concordant with the
findings in LMH cells in the present study) and aromatase (CYP19A1B) via estrogen receptor
binding in zebrafish (LeFol et al. 2017; Cano-Nicolau et al. 2016). TGSH had no significant
estrogen receptor binding in reporter gene assays and did not change VTG2 expression in
chickens (Bjornsdotter et al. 2017; Crump et al. 2017). Similarly, DD-70 did not bind to the
estrogen receptor in reporter gene assays (Keminer et al. 2020). BPSIP was found to alter
estradiol concentrations in the human H295R cell line, although it was less estrogenic than BPA

(Goldinger et al. 2015; Bjornsdotter et al. 2017). The overall ranking of the compounds on the
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AestroChip in terms of VTG2 and APO modulation was: E2 > BPAF >BPF >BPSIP >BPA

>DD-70 >TGSH (Table S6.4).
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Figure 6.1. Principal component analysis of significant genes on the ToxChip and AestroChip
arrays in A) LMH 3D spheroids and B) CEH following exposure to BPA, BPA replacement
compounds (BPF, TGSH, DD-70, BPAF and BPSIP), and 17 estradiol (E2). Data are coloured
by chemical. Gene loadings for the most responsive transcripts are depicted by arrows on the

graph. CEH data are from Sharin et al. (2021a).
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In general, all of the compounds led to fewer dysregulated genes on the ToxChip array
compared to the AestroChip array in LMH spheroids suggesting that the compounds have minor
effects on non-estrogenic pathways. TGSH, DD-70 and BPSIP altered the most genes on the
ToxChip array and the expression of CYP1A4 was upregulated by all five replacement
compounds, similar to the results in CEH (Sharin et al. 2021a). In the human hepatic cell line,
HepG2, BPF and BPAF upregulated the expression of CYP1A1 (Hercog et al. 2019). The
transcription of CYP1A4 is regulated by AhR, and therefore, the five replacement compounds
are possible AhR agonists (Monostory et al. 2009). The limited response of ToxChip genes in
LMH spheroids compared to CEH could be related to developmental stage. That is, CEH are
cultured from embryonic livers and developing organs are more vulnerable to chemical toxicity
compared to adults (Barton et al. 2005); the LMH cell line was established from an adult. The
toxicity of the compounds on the ToxChip in LMH cells cultured as 2D monolayers needs to be
investigated in order to determine if the discrepancy in chemical response could be due to
different culture conditions. The rank order of the replacement compounds based on number of
genes altered on the ToxChip was: DD-70 > TGSH =BPSIP >BPF >BPAF =BPA >E2. The fold

changes of genes on the ToxChip array by all of the compounds are in Table S6.5.

DD-70 and BPAF were chosen for further concentration-dependent gene expression
analysis using the ComboChip array (Figure 6.2; Table S6.3). DD-70 was selected because it
was one of the most cytotoxic replacements, yet appeared to have a non-estrogenic mode of
action, based on our clustering results. Moreover, there is very little toxicity data available for
DD-70. BPAF was selected due to its high cytotoxicity and because it was more estrogenic than
BPA based on our LMH clustering results and in other studies (Russo et al. 2018; Chen et al.

2016; Fic et al. 2014). The genes selected for the array were those that were most dysregulated
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from both arrays in CEH. Both DD-70 and BPAF upregulated the expression of CYP1A4,
CYP7A1, SCD and POLB (Figure 6.2; Table S6.6). Both compounds upregulated CYP1A4 at an
administered concentration of 1 UM, which was sustained at 10 uM on the ToxChip array.
Cholesterol 7a-hydroxylase (CYP7A) is the rate-limiting enzyme in bile acid synthesis (Jelinek
et al. 1990) and stearoyl-CoA desaturase (SCD) is involved in the synthesis of monounsaturated
fatty acids (Piccinin et al. 2019). Another replacement compound, BPS, upregulated the hepatic
expression of CYP7B1, which is involved in the alternative pathway of bile acid synthesis in
chickens (Crump et al. 2016). In previous studies, BPAF upregulated the expression of SCD and
other lipid metabolism genes in HepG2 and 3T3-L1cells (Liu et al. 2020; Skeledar et al. 2015).
Polymerase 3 (POLB) is involved in base excision repair by incorporating the correct base at the
site of single stranded breaks (Martin et al. 2010). BPAF (30 uM) induced DNA double strand
breaks, upregulated the expression of cell cycle genes, CDKN1A and GADD45, in HepG2 cells
(Hercog et al. 2019), and induced single strand breaks at 3 nM in peripheral blood mononuclear
cells (Mokra et al. 2017). DD-70 did not change the expression of the estrogen-responsive genes,
APO and VTG2, at the doses included on the ComboChip array corroborating results in CEH.
Two genes were upregulated solely by DD-70 following evaluation with the ComboChip: FGF19
and FOXAL (Figure 6.2B; Table S6.6). These gene targets are involved in maintaining bile acid
homeostasis (Schumacher and Guo 2019) and bile duct development (Bernado and Keri 2012).
Such dysregulation is consistent with another study that found an increase in FGF19 expression
in livers of chicken embryos exposed to DD-70 via egg injection (Sharin et al. 2021b). Overall,
DD-70 and BPAF exposure may lead to disruption of bile acid and lipid regulation; however

further studies are wanrranted to evaluate this.
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Specific to BPAF, we observed concentration-dependent increases in APO and CTSD
expression starting at 0.01 and 0.1 uM, respectively, while no change in VTG2 expression was
observed (Figure 6.2A). On the AestroChip array, 10 uM BPAF upregulated the expression of
APO, CTSD and VTGZ2; therefore in the concentration-dependent study, the threshold
concentration for induction of VTG2 by BPAF was not achieved. BPAF strongly binds to both
estrogen receptors o (ERa) and B (ERp), with binding potencies 20 and 48 times greater than
BPA (Matsushima et al. 2010). Cathepsin D (CTSD) is a protease that cleaves proteins to
activate and deactivate enzymes (Benes et al. 2009) and its expression is mediated by estrogen
(Bretschneider et al. 2008). Similar to LMH spheroids, BPAF upregulated CTSD expression in a
concentration-dependent (0.01 to 10 uM) manner in the MCF-7 cell line (Li et al. 2014). Overall,
BPAF induced estrogen responsive genes in LMH spheroids, while DD-70 was not estrogenic at

these lower concentrations evaluated.
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AestroChip and B) ToxChip genes following exposure to DD-70 or BPAF for 24h in LMH

spheroids. “*” denotes difference compared to untreated cells.

The use of LMH spheroids permitted a concentration-dependent analysis of DD-70 and
BPAF effects, an approach that would have been more logistically challenging with CEH due to
the time-consuming nature of the culture and limited availability of primary hepatocytes for a
single study. On the ToxChip, DD-70 and BPAF (10 uM) altered 3 and 0 genes related to bile
acid and lipid homeostasis, respectively. In contrast, 7 and 3 genes from the same pathways were
modulated by DD-70 and BPAF (10 uM) in CEH. At lower doses, the expression of genes

associated with this pathway on the ComboChip array were altered, indicating that bile and lipid
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genes are modulated by DD-70 and especially BPAF. The results from the ComboChip array
emphasize the importance of concentration-dependent analysis in terms of gene expression as
some genes were modulated at low doses, while other genes like VTG2 were altered at a higher
dose. This dynamic gene expression response, which is reliant on dose, highlights the importance
of future studies that incorporate concentration-dependant gene expression analysis when trying

to determine the mechanism of action of chemicals and gene expression points of departure.

In summary, the ranking of the five replacement compounds in terms of cytotoxicity was
similar in LMH spheroids and CEH. In terms of gene expression, the replacement compounds
upregulated CYP1A expression in both models. TGSH and DD-70 were non-estrogenic
compared to the other replacements, while BPAF was the most estrogenic replacement based on
the gene expression endpoints measured in LMH spheroids. In LMH spheroids, gene alterations
on the AestroChip array were more pronounced than in CEH suggesting that LMH may be a
more sensitive model for detecting estrogenic activity. The concentration-dependent analysis
revealed that DD-70 and BPAF modulated the expression of genes related to bile acid and lipid
metabolism pathways. Overall, LMH spheroids represent a useful, animal free model for

screening xenoestrogens and a suitable alternative to CEH for avian toxicity testing.
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Chapter 7: Effects of DD-70 and BPAF on mRNA Expression and
Developmental Toxicity in Chicken Embryos

Modified from: Sharin T, Gyasi H, Williams KL, Crump D, O’Brien JM. 2021. Ecotoxicology
and Environmental Safety 215:112140. DOI: 10.1016/j.ecoenv.2021.112140.

7.1 Abstract

Concerns about the estrogenic properties of Bisphenol A (BPA) have led to increased
efforts to find BPA replacements. 1,7-bis(4-Hydroxyphenylthio)-3,5-dioxaheptane (DD-70) and
4,4'-(Hexafluoroisopropylidene) diphenol (bisphenol AF, BPAF) are two potential chemical
substitutes for BPA; however, toxicity data of these chemicals in avian species is limited. To
determine effects on avian embryonic viability, development, and hepatic mMRNA expression at
two distinct developmental periods (mid-incubation [day 11] and term [day 20]), two egg
injection studies were performed. Test chemicals were injected into the air cell of unincubated,
fertilized chicken eggs at concentrations ranging from 0 to 88.2 pg/g for DD-70 and 0 to 114
Ha/g egg for BPAF. Embryonic concentrations of DD-70 and BPAF decreased at mid-incubation
and term compared to injected concentrations suggesting embryonic metabolism. Exposure to
DD-70 (40.9 and 88.2 ug/g) and BPAF (114 pg/g) significantly decreased embryonic viability at
mid-incubation. Exposure to DD-70 (88.2 ug/g) decreased embryo mass and increased
gallbladder mass, while 114 pg/g BPAF resulted in increased gallbladder mass in term embryos.
Expression of hepatic genes related to xenobiotic metabolism, lipid homeostasis, and response to
estrogen were altered at both developmental stages. Given the importance of identifying suitable
BPA replacements, the present study provides novel, whole animal avian toxicological data for

two replacement compounds, DD-70 and BPAF.

160



7.2 Introduction

Bisphenol A (BPA), a highly produced chemical used in the production of polycarbonate
plastics and epoxy resins (Rubin 2011), can be found ubiquitously within the environment. It has
been detected in surface water and sediments (Liao et al. 2012) and in wildlife, including top
predators like birds (Nakayama et al. 2006). BPA exposure is associated with cardiovascular
problems, diabetes (Ranciere et al. 2015), neurological disruption (Yeo et al. 2013), and
reproductive dysfunction (Tomza-Marciniak et al. 2018). In birds, embryonic BPA exposure
causes ovary malformations in females, and ovotestes in males (Berg et al. 2001; Jessl et al.
2018). The phenolic structure of BPA as well as in vivo and in vitro evidence demonstrating
interference with estrogen (Andersen et al. 1999), androgen (Teng et al. 2013), and thyroid
hormone (Moriyama et al. 2002) receptors highlight its endocrine disrupting potential. As a
result, the use of BPA in baby products was banned in Canada in 2010 and the European Union
in 2011 (Flint et al. 2012) and several countries have restricted the use of BPA in other consumer
products (Bjornsdotter et al. 2017). Accordingly, the use of BPA replacement compounds has

increased in recent years in order to manufacture BPA-free products.

BPA replacement compounds are structural analogs of BPA (Pelch et al. 2017). Being
similar in structure to BPA makes them suitable for use in polycarbonate plastics and resins
(Chen et al. 2016). However, as structural analogs, these compounds have the potential to have
similar toxicity profiles as BPA (Rochester and Bolden, 2015). Replacement compounds have
been detected in sediments, indoor dust, and rivers (Liao et al 2012). These compounds are
commonly found in plastic products, canned food and beverages, and thermal papers (Rosenmai
et al. 2014). However, there is scarce information on the toxicological properties of these

compounds, especially for avian species. Bisphenol A replacement compounds such as bisphenol
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S (BPS) and bisphenol F (BPF) have been shown to induce the expression of estrogen responsive
genes both in vitro (Richter et al. 2007; Mesnage et al. 2017) and in vivo (Yamaguchi et al. 2015;
Cano-Nicolau et al. 2016). In a comparative study of the endocrine-disrupting activity of
bisphenol A and 19 related compounds, several BPA alternatives altered additional endocrine-
related pathways (Kitamura et al. 2005). A previous study in our lab found that BPS exposure
affected growth, pipping success, and gallbladder length in chicken embryos (Crump et al.
2016a). Another replacement compound, bis-(3-allyl-4-hydroxyphenyl) sulfone (TGSH), altered
the hepatic expression of genes related to lipid homeostasis and xenobiotic metabolism, and had
similar effects on chicken embryonic viability as BPA (Crump et al. 2018). Given these findings,
identifying safer replacement compounds for BPA is essential given that the production of such

alternatives will increase as BPA use diminishes.

1,7-bis (4-Hydroxyphenylthio)-3, 5-dioxaheptane (DD-70) and 4,4’-
(hexafluoroisopropylidene) diphenol (Bisphenol AF, BPAF) are two BPA replacement
compounds (Table 1). DD-70 is a derivative of BPA primarily found in thermal paper (US
Environmental Protection Agency 2015). To our knowledge, no published toxicological studies
exist for this chemical. BPAF is found in plastic polymers, thermal paper, electronics and fiber
optics (Shi et al. 2016) and is one of more common replacement compounds in use. In a previous
study, we looked at the cytotoxicity and gene expression of five BPA replacement compounds in
primary hepatocytes of chicken and double-crested cormorants, and DD-70 and BPAF were the
most cytotoxic in both species. Furthermore, both compounds altered the expression of genes in
several pathways, including bile acid and cholesterol regulation in chicken primary hepatocytes
(Sharin et al.in press). BPAF induced the expression of estrogen responsive genes in the

Michigan Cancer Foundation-7 (MCF-7) cell line (Li et al. 2014) and bound to estrogen
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receptors with higher affinity than BPA (Matsushima et al. 2010). Moreover, BPAF acts as an
antagonist of androgen receptors (Perera et al. 2017) and was found to be a stronger androgen
antagonist than BPA (Kitamura et al. 2005). In addition to endocrine-related disruption, exposure
to BPAF resulted in delayed hatching rates and morphological malfunctions in zebrafish (Mu et

al. 2018).

Due to the lack of data for DD-70 and potential endocrine disrupting properties of BPAF,
these two chemicals were evaluated using an early-life stage, chicken egg injection toxicity test
in the present study. Embryonic viability, growth metrics, and accumulation and metabolism of
the two compounds in embryonic homogenates were investigated. Additionally, hepatic mMRNA
expression of genes associated with several critical toxicity pathways (including response to
estrogen) were measured using customized PCR arrays. Gene expression and chemical residue
analyses were evaluated at mid-incubation (day 11) and term (day 20) in order to compare the
hepatic gene expression and parent compound metabolism at two distinct developmental stages.
Hepatic competence is established in chicken embryos by day 7 (Sandstrém and Westman 1971),
prior to the two stages evaluated here (i.e. day 11 and 20). The results from this study provide
much needed whole-animal data on the developmental toxicity of BPA alternatives in a model
avian species. Furthermore, the gene expression data can be used to elucidate potential molecular

mechanisms of toxicity.
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Table 7.1- Chemical Structures of Bisphenol A (BPA), 1,7-bis (4-Hydroxyphenylthio)-3,5-

dioxaheptane (DD-70), and Bisphenol AF (BPAF).

Chemical name Common name CAS # Molecular Structure
HaC CHy
4 4'{(propane-2.2-diyl)diphenol Bisphenol A 80-05-7 O O
(BPA) HO OH
1.7-bis (4-Hydroxyphenylthio)- DD-70 93589-69-6 B \/\o/\o/\/\©\
3.5-dioxaheptane " d oH
FsC_ CFa
2.2-Bis (4- hydroxyphenyl) Bisphenol AF 1478-61-1 O O
hexafluoropropane (BPAF) HO OH

7.3 Materials and Methods

7.3.1 Chemicals and chemical analysis of DD-70 and BPAF

DD-70 (> 97.8% purity; CAS number 93589-69-6) was purchased from Toronto
Research Chemicals and BPAF (> 98% purity; CAS number 1478-61-1) was purchased from
Santa-Cruz Biotechnology. Stock solutions and serial dilutions were prepared in dimethyl
sulfoxide (DMSO; Sigma Aldrich). The nominal concentrations of DD-70 and BPAF working
solutions prepared for the study were 1, 10, 50, and 100 mg/mL dissolved in DMSO; DMSO
served as the solvent control. The selected doses are comparable to those of previous chicken egg
injection studies conducted with BPA (Berg et al. 2001) and other BPA replacement compounds

(Crump et al. 2016a; Crump et al. 2018).
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Chemical concentrations of DD-70 and BPAF dosing solutions and embryonic
homogenates were determined following US Environmental Protection Agency methods 3545C
(Pressurized fluid extraction) and 8321B (Solvent-extractable nonvolatile compounds by high-
performance liquid chromatography/thermospray/mass spectrometry [HPLC-TS-MS] or
ultraviolet [UV] detection) by Applied Technical Service. Embryonic samples were freeze-dried
for 48h using a Labconco FreezeZone 6 Litre Freeze Dry System (Model 77530).Triplicate
samples of freeze-dried embryonic homogenates (1 g) from the DMSO control, 10 pg/g DD-70
(nominal) and 100 pg/g BPAF (nominal) dose groups were extracted as described previously
(Crump et al. 2018). Briefly samples were extracted with acetonitrile for 16 h and the method

limit of detection was 0.001ug/g.
7.3.2 Egg injection, liver collection and morphological measurements

Fertilized, unincubated domestic chicken eggs (n=211) were obtained from the Canadian
Food Inspection Agency. Animal handling procedures were approved by Environment and
Climate Change Canada’s Wildlife Eastern Animal Care Committee. The following doses (based
on the weight of the egg contents) were included for the two separate egg injection studies and
chemical concentrations of the stock solutions (see chemical analysis section above) yielded the
following concentrations: 1) DD-70 — DMSO control (n=20), 1.09 pg/g (n= 20), 7.74 pg/g (n=
26), 40.9 pg/g (n=20), and 88.2 pg/g (n= 25); and 2) BPAF (n=20/dose group) — 0 (DMSO
control), 0.56, 6.21, 54.9, and 114 ug/g. The eggs were weighed, candled, and the chemicals
were injected into air cell (~1pL/g egg) based on previously described methods (Crump et al.
2016a). The eggs were incubated at 37.5°C and 60% relative humidity in a Petersime (model XI)

incubator.
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All embryos were candled at mid-incubation (embryonic day 11) to determine
fertility/viability. Egg contents without a visible embryo or vascularization during candling were
considered infertile; this was confirmed by opening the eggs and thoroughly examining the
contents for any signs of development. A subset of viable embryos from all treatment groups (n
= 6/group) was removed from the incubator, euthanized by decapitation, and livers from five
embryos were collected for mMRNA expression analysis. A single embryo, including all contents
(e.g. yolk sac and shell membrane), from each dose was collected for chemical analysis. The
remaining viable embryos in each treatment group were returned to the incubator until day 20,

according to procedures previously described (Farhat et al. 2013; Crump et al. 2016a).

Morphological measurements were taken for embryos on day 20 as described previously
(Crump et al. 2016a), except gallbladder mass was recorded in this study instead of gallbladder
length. The left liver lobe was collected from all treatment groups (n= 5 for all groups, except
114 pg /g BPAF, where n=3) for mRNA expression analysis. Similar to day 11 embryos, the
entire contents of an embryo (i.e. embryo, yolk sac and shell membrane) from each dose group

were homogenized and stored in amber glass jars and sent for chemical analysis.

7.3.4 Real-time reverse transcription PCR: screening toxicity pathways & estrogenicity

The effects of DD-70 and BPAF on gene expression in chicken embryo livers were
investigated at both embryonic day 11 and day 20, between the DMSO controls and high dose
groups (i.e. 88.2 pg/g DD-70 and 114 pg/g BPAF). Gene expression was measured in five liver
samples per group for each chemical except 114 ug/g BPAF dose group, where the sample size

was 3.
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Liver tissue (15-30 mg) was homogenized using the MM301 mixer mill (Retsch), total
RNA was isolated using the RNeasy Mini kit (Qiagen) following manufacturer’s protocol, and
RNA concentration was determined using the Nanodrop 2000 (ThermoFisher Scientific).
Approximately 300 ng total RNA was reverse transcribed using the QuantiTect Reverse
Transcription kit (Qiagen) and the volume for each reverse transcription was 20uL. Real-time
RT-PCR reactions were performed with RT? gPCR SYBR Green master mix (Qiagen) following

manufacturer’s instructions.

Two custom PCR arrays were used in the present study: 1) chicken ToxChip RT? Profiler
PCR array (Catalogue number: CAPG13982; Qiagen); and 2) chicken Aestrochip array. The
ToxChip consists of 43 genes of interest associated with nine biologically relevant pathways, 2
reference genes (EEF1AL and RPL4), a reverse-transcription control, a genomic DNA
contamination control, and a positive PCR control (Table S7.1). The Aestrochip comprises 10
estrogen responsive genes, a reference gene, EEF1AL, and a no template control (Table S7.2).
The PCR thermal profile consisted of enzyme activation step at 95°C for 10 min followed by 40
cycles of 95°C for 15 s and 60°C for 1 min and final extension at 95°C for 1 min on Stratagene

MX3005P gPCR system (Agilent Technologies).
7.3.5 Data analysis

Significant differences in embryonic viability at mid-incubation, and morphological
measurements relative to the control (DMSO) were determined with one-way ANOVA followed
by Dunnett’s test (p < 0.05) using GraphPad Prism (Ver 6.07). Embryonic viability at term was
calculated as the number of embryos that survived to day 20 after taking into account mid-

incubation removal of viable and nonviable embryos and infertile eggs.
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Real-time RT-PCR data were analysed using the 22t method (Schmittgen and Livak 2008).
ToxChip and AestroChip array data were normalized to EEF1AL. Fold change (log2) was
determined relative to the respective DMSO control group. For each gene, significant changes in
expression relative to the DMSO control (> 2-fold; p<0.05) were determined by Student’s t-test

followed by a multiple comparison adjustment using the Bonferroni method.

7.4 Results

7.4.1 Chemical analysis of DD-70 and BPAF

Based on chemical analysis of the dosing solutions, the injected concentrations of DD-70
and BPAF were 1.09, 7.74, 40.9 and 88.2 pg/g, and 0.6, 6.21, 54.9, and 114 pg/g, respectively
(Table 2). DD-70 and BPAF were below the method limit of detection (0.001 pg/g) in the
DMSO control solution. Embryo homogenate concentrations of DD-70 concentrations from the
7.4 ng/g dose group were 4.04 pg/g at mid-incubation and decreased to 0.10 pg/g at term, while
BPAF concentrations in the highest dose group (114 pg/g) were 93.1 ug/g at mid-incubation and
decreased to 58.8 pg/g at term. The detection of both DD-70 and BPAF in embryos at mid-
incubation and subsequent decreased levels in term embryos suggests embryonic uptake and

subsequent metabolism/degradation (Table 7.2).
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Table 7.2. Injected and embryo homogenate concentrations of 1,7-bis (4-Hydroxyphenylthio)-

3,5-dioxaheptane (DD-70) and bisphenol AF (BPAF)? and effects on embryonic viability®

Viability Viability

(mid) (term)
Chemical Nominal Actual Embryo Homogenate

Concentration Injected Concentration Ratio % Ratio %

(Mg/g) (H9/9) (Mg/g ww £ SD)
DD-70 0 <MLOD <MLOD 17/18 94 10/10 100
1 1.09 ND 18/18 100 12/12 100
10 7.74 4.04+0.59(mid) 25/26 96 19/19 100

0.10+0.03 (term)
50 40.90 ND 12/19 63 5/6 83
100 88.20 ND 15/24 63 8/9 89
BPAF 0 <MLOD <MLOD 19/19 100 17/17 100
1 0.56 ND 18/18 100 12/12 100
10 6.21 ND 19/20 95 13/13 100
50 54.90 ND 18/19 95 11/12 92
100 114.00 93.10+3.67 (mid) 11/14 79 4/5 80

58.80+3.71 (term)

aAfter injection (day 0), embryos (n= 3 technical replicates, standard deviation (SD)) were
aAfter injection (day 0), embryos (n= 3 technical replicates, standard deviation (SD)) were
sampled at mid- incubation (mid, day 11) and term (day 20).

PEffects on embryonic viability at mid-incubation (day 11) were determined as the number of
viable embryos compared with the total number of fertile eggs. Viability at term (day 20) was
determined as the number of embryos that survived to term after mid-incubation removal of
viable and nonviable embryos.

ww=wet weight; MLOD= Method limit of detection is 0.001 pug/g wet weight; ND=not
determined.

7.4.2 Embryonic viability and morphological measurements

DD-70 (40.9 and 88.2 ug/g) and BPAF (114 ug/g) reduced embryonic viability at mid-
incubation to 63 % (both doses) and 79 %, respectively (Figure 7.1). The survival rate for DMSO
control of DD-70 and BPAF was 95% and 100 %. Embryonic viability for individuals that
survived to term after mid-incubation sampling for DD-70 was 100, 100, 100, 83, and 89% for
DMSO, 1.09, 7.74, 40.9 and 88.2 ug/g dose groups. (Table 7.2). The embryonic viability at term

for BPAF was 100, 100, 100, 92, and 80% for DMSO, 0.6, 6.21, 54.9, and 114 pg/g dose groups,
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respectively (Table 2). The LD50 values and confidence intervals of DD-70 and BPAF were

128.6ug/g (30.94-534.4mg/g) and 210.4 (89.3 and 495.7ug/g), respectively (Figure S1)
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Figure 7.1. Effect of (A) 1,7-bis (4-Hydroxyphenylthio)-3,5-dioxaheptane (DD-70), and (B)
Bisphenol AF (BPAF) on embryonic viability at mid-incubation (embryonic day 11; n= 14-19).
Error bars represent the standard error of the mean (+SEM), and significant changes are

indicated relative to dimethyl sulfoxide (DMSO) control. *p < 0.05; Dunnett’s test).

Exposure to the highest dose of DD-70 (88.2 ug/g) resulted in decreased embryonic mass
(Figure 7.2a), while the second highest dose (40.9 ug/g) caused a significant increase in
gallbladder mass (0.033 = 0.0023 g; p <0.05) compared to the DMSO control group (0.022 +
0.003 g) (Figure 7.2b). None of the other morphological parameters were altered following DD-
70 exposure (Figure S7.2). The majority of the morphometric parameters measured, including
embryo mass, were not significantly different from the control in any of the BPAF treatment
groups (Figure S7.3). However, gallbladder mass of embryos exposed to the highest dose of
BPAF (114ug/g) was significantly greater (0.033 £ 0.005 g; p <0.05) compared to the DMSO

control group (0.021 £ 0.006 g) (Figure 7.3).
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Figure 7.2. Effect of in ovo DD-70 exposure on (A) embryo mass, and (B) gallbladder mass for
all embryos at term (embryonic day 20; n=4-19/dose group). Error bars represent the standard
error of the mean (+SEM). Data were analyzed with a 1-way ANOVA and Dunnett’s test.

“*’denotes differences compared to DMSO control.
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Figure 7.3. Effect of in ovo Bisphenol AF (BPAF) exposure on gallbladder mass for all embryos
at term (embryonic day 20; n=5-12/dose group). Error bars represent the standard error of the
mean (+SEM). Data were analyzed with a 1-way ANOVA and Dunnett’s test. ‘*’denotes

differences compared to DMSO control.
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3.3 Gene expression based on the two PCR arrays

Few significant changes in mMRNA expression were observed at either time point using
the ToxChip PCR array. The most dysregulated gene on the ToxChip array following exposure
to DD-70 (88.2 ng/g) was fibroblast growth factor 19 (FGF19), which was significantly
upregulated 6.81-log2 fold at mid-incubation and 3.53-log2 fold at term (Table 7.3). From the
AestroChip array, 3 genes were significantly altered by DD-70 exposure; apovitellenin-1
(APOV1) was downregulated 4.04-log2 fold at mid-incubation and both avidin (AVD) and
carnitine O-palmitoyltransferase 1 (CPT1A) were upregulated at term (1.54 and 1.30-log2 fold)
(Table 7.3). Cytochrome P450 A37 (CYP3ATY) and CPT1A were significantly upregulated at
mid-incubation (2.5-log2 fold) following exposure to the highest dose of BPAF (114 ug/g)
(Table 7.3). BPAF exposure did not result in the alteration of any ToxChip genes at term. The
fold change, standard deviation and adjusted p-values for all genes on the ToxChip and

AestroChip arrays are available in the supplemental information (Table S7.3).

Table 7.3. Hepatic mRNA expression results from chicken embryos exposed to 88.2 pg/g 1,7-bis
(4-Hydroxyphenylthio)-3,5-dioxaheptane (DD-70) and 114 pg/g Bisphenol AF determined using

two custom PCR arrays 2

Log?2 fold-change

Array Genes DD-70_ M DD-70 T BPAF_M BPAF T
ToxChip CYP3AT7 - - 2.50 -
FGF19 6.81 3.53 - -
AestroChip APOV1 -4.04 - - -
AVD - 1.54 - -
CPT1A - 1.30 -

& Gene expression values from ToxChip and AestroChip array are expressed as log2-fold change
compared to the DMSO control for mid-incubation and term (n=3-5/chemical; Student’s t-test,
Bonferroni-adjusted p-value).

M=mid-incubation; T=term; CYP3A7=cytochrome P 450 3A7; FGF19=fibroblast growth factor
19; APOV1=apovitellenin-1; AVD=avidin; CPT1A= carnitine O-palmitoyltransferase 1
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To date, there are no whole-animal studies on the toxicological properties of the BPA
replacement chemicals, DD-70 and BPAF, for avian species. For DD-70, there is no empirical
evidence available on its toxicological potential in any species. Several studies have
demonstrated the estrogenic activity of BPAF (Li et al. 2014; Matsushima et al. 2010; Cano-
Nicolau et al. 2016). In addition, in vivo exposure studies with zebrafish have shown BPAF
exposure delays hatching rates and causes morphological malfunctions (Mu et al. 2018).
Therefore, indentifying the toxicity of these chemicals is needed given the increased use of BPA
replacement compounds as substitute of BPA in various products. By determining the effects of
DD-70 and BPAF on embryonic development and hepatic mMRNA expression, the present study
contributes whole-animal toxicity data for a model avian species and attempts to link changes

occurring at a cellular gene expression level to observable adverse phenotypic effects.

The decrease in concentrations of DD-70 and BPAF in embryonic contents between mid-
incubation and term suggests that the compounds were metabolized by the developing embryos.
The concentration of DD-70 in embryonic contents at mid-incubation (4.04 pg/g) was
approximately forty-fold higher than at term (0.10 pg/g). The concentration of BPAF in
embryonic contents at mid-incubation (93.1 pg/g) decreased by 1.6-fold in term embryos (58.8
Ma/g). In a previous egg injection study, Crump et al. (2016a; 2018) reported low concentrations
of two BPA replacements, BPS and TGSH, in developing chicken embryos sampled at term
compared to the injected concentrations at day 0. Embryos treated with 207 pg/g of BPS and 48
Mg/g of TGSH at day 0, had embryonic concentrations of 1.24 pug/g and 2 pg/g, respectively.
Both BPS and TGSH analyses was solely conducted on embryonic contents of term embryos and
therefore, it is not possible to compare with the mid-incubation results from the present study.
The reduced concentration of DD-70 and BPAF at mid-incubation (day 11) and term (day 20) is
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likely due to metabolism as metabolic functions are established on embryonic day 7 (Sandstrom
and Westman 1971). The octanol/water coefficient (log Kow) of DD-70 is 3.34 compared to 4.47
for BPAF (US Environment Protection Agency, 2015) meaning that DD-70 is slightly more
hydrophilic. The bio-concentration factor (BCF) of DD-70 was determined to be 75 whereas the
BCF value for BPAF is 420 (US Environment Protection Agency, 2015). The hydrophilic nature
and low BCF value of DD-70 means it is less likely to accumulate in an organism, which could

account for the more efficient metabolism/clearance of DD-70 compared to BPAF.

Both BPA replacement compounds, DD-70 and BPAF decreased chicken embryonic
viability. The viability data for DD-70 are comparable to those reported in a chicken TSGH egg
injection study, where the mid-incubation viability was 60% after exposure to 48 pg/g TGSH
(Crump et al. 2018); viability in DD-70-exposed embryos at 40.9 and 88.2 ug/g was 63%.
Exposure of chicken embryos to another BPA replacement compound, BPS, decreased viability
to 58% at 207 pg/g on day 22 (Crump et al. 2016). In addition, embryonic viability of chicken
embryos decreased to 48% on day 19 after in ovo exposure to 67 pg/g BPA (Berg et al. 2001). In
contrast, zebrafish embryos exposed to 2 mg/L BPAF resulted in 100% mortality compared to
the solvent control group, whereas a dose of 10 mg/L BPA was required to have the same effect,
indicating that BPAF was more embryo lethal in fish (Shi et al. 2016). Overall, when
determining safe alternatives to BPA these variable toxicological responses to bisphenol

replacement compounds among species need to be carefully considered.

Embryonic exposure to the highest dose of DD-70 resulted in a decrease in embryo mass,
similar to the effects observed following BPS exposure (Crump et al. 2016a). The decrease in
embryonic mass by both DD-70 and BPS suggests that certain bisphenol replacement

compounds can impair normal growth in birds. Future studies should evaluate the mechanism(s)
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that could impact embryonic mass/growth including the measurement of growth and thyroid
hormone levels in plasma. Both DD-70 (second highest dose) and BPAF (highest dose) caused a
significant increase in gallbladder mass. A concordant effect on gallbladder size based on length
was observed following in ovo exposure to BPS (Crump et al. 2016a), suggesting a similar
disruption of the enterohepatic system in avian embryos exposed to two different BPA

alternatives.

The hepatic transcriptomic response for chicken embryos exposed to DD-70 was slightly
more pronounced than BPAF: two of the ToxChip genes and three of the AestroChip genes were
dysregulated at the developmental stages evaluated. FGF19, belonging to the lipid/cholesterol
metabolism pathway, was upregulated 6.81-log2 fold at mid-incubation and 3.53-log2 fold at
term following exposure to 88.2 pug/g DD-70. In a previous chicken egg injection study, FGF19
was also the most highly dysregulated gene following exposure to the BPA alternative, TGSH,
with a 17-fold upregulation at mid-incubation in embryos exposed to 180 ug/g and a 10-fold
induction at term for embryos exposed to 48ug/g (Crump et al. 2018). In addition, FGF19 was
the most highly dysregulated gene (14-fold upregulation) in an in vitro chemical screening study
of BPS in double-crested cormorants (Crump et al. 2016b). FGF19 is involved with the
regulation of the enterohepatic circulation of bile, gallbladder filling and volume, and glucose
and lipid metabolism. This growth factor induces protein and glycogen synthesis and suppresses
gluconeogenesis in the liver (Jones 2008; Kir et al. 2011). Mice with impaired FGF15 activity,
an ortholog of FGF19, had smaller gallbladders due to a decrease in gallbladder filling (Choi et
al. 2006). This suggests the dysregulation of FGF19 could alter bile acid homeostasis, which

could account for the increase in gallbladder mass in embryos exposed to DD-70.
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In addition to FGF19, DD-70 exposure led to the alteration of 3 estrogen-responsive
genes: 1) apovitellenin-1 (APOV1), 2) avidin (AVD), and 3) carnitine O-palmitoyltransferase 1
(CPT1A). APOV1 was downregulated at mid-incubation and CPT1A and AVD were
upregulated at term. APOV1 is a very low-density lipoprotein synthesized in the liver, which is
induced by estrogen in egg-laying hens. It acts as a lipoprotein lipase inhibitor preventing the
breakdown of lipoprotein from the liver to the egg yolk (Chan et al. 1980). BPA decreased the
expression of several apolipoprotein genes in young mice and altered lipid accumulation in the
liver (Ke et al. 2016). A decrease in APOV1 expression suggests possible disruption in lipid
metabolism (Wei et al. 2019). AVD is a glycoprotein found in egg white and has antimicrobial
properties; its expression is modulated by estrogen (Foye-Jackson et al. 2011). An increase in
AVD expression highlights a disruption of estrogen-mediated pathways (Socha and Hrabia,
2018). CPT1A was upregulated following DD-70 exposure but only at term. CPT1A is involved
in the rate-limiting step of mitochondrial fatty acid oxidation and lipid metabolism (Strakovsky
et al. 2015). Adult rats exposed to BPA during the perinatal stage had increased expression of
CPT1A mRNA (Wei et al. 2014). The authors speculated that the increase in CPT1A expression
was due to an increase in fatty acid accumulation in the liver. The increase in expression of
CPT1A mRNA at term (day 20) suggests abnormal fatty acid metabolism, which could result in
impaired bile acid homeostasis. Overall, the dysregulation of three estrogen-responsive genes on
the AestroChip following DD-70 exposure highlights potential molecular mechanisms of action
that should be further explored. For example, an important consideration for future egg injection
studies, especially for those chemicals that may exert toxic effects via bile acid homeostasis

disruption, is to quantify total plasma bile acid concentrations. This would provide a link
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between an apical measure (gallbladder weight and bile acid concentrations) and a subcellular

key event (genes involved in bile acid homeostasis/gallbladder filling).

On the ToxChip array, BPAF altered the expression of a single gene, CYP3A7, which
was significantly upregulated at mid-incubation (2.5-log2 fold) (Table 3). CYP3A7, a member of
the cytochrome P450 super family of enzymes, is involved in metabolism of xenobiotics and
endogenous compounds, including cholesterol and bile acids (Gnerre et al. 2004). In a human
hepatoma cell line, BPA increased the expression of CYP3A4, which is 60 % homologous to
chicken CYP3AT and has an essential role in hydroxylation of steroid hormones (Kuzbari et al.
2011; Osselaere et al. 2013). The upregulation of CYP3A7 at mid-incubation could have led to
the metabolism of BPAF and impairments in bile acid regulation, which may have played a role
in the increase in gallbladder mass on day 20. Excess bile acid can induce CYP3A via the
farnesoid X receptor (FXR) and pregnane X receptor (PXR; equivalent to chicken xenobiotic
receptor (CXR)) to maintain bile acid homeostasis (Gnerre et al. 2004). None of the genes on the
AestroChip were altered by BPAF exposure indicating that in this early-life stage model, the
response to estrogen pathway may not be dysregulated. In the current study, it was not possible
to determine sex-dependent changes in gene expression due to an insufficient number of males
and females in each dose group for DD-70 and BPAF. Future studies on BPA replacement
compounds would benefit from an increased sample size to enable the investigation of sex-

specific gene expression responses (especially for estrogen responsive genes).

In addition, future whole animal avian studies should include gonadal histology and
determination of gonadal somatic index to further evaluate reproductive endpoints, and
endocrine disrupting properties of DD-70 and BPAF. Previous studies by Jessl et al. (2018)

found reduced cortex thickness in females and increased cortex thickness of male chicken
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embryos (day 19) exposed to BPA. Moreover, BPA (200 ug/g egg) caused feminization of the
left testis (ovotestis) in male chicken embryos (day 19) (Berg et al. 2001). To serve as a
benchmark comparison to known estrogens, another important consideration for future early-life
stage avian studies would be to perform an egg injection study with estradiol and BPA that
measures the same endpoints (e.g. embryonic viability, growth metrics, gene expression)
evaluated in the present study. In addition, to evaluate disruption to the endocrine system at
another biological level of organization, quantification of plasma vitellogenin (estrogen
biomarker) concentrations could be performed to empirically determine if the gene-level
responses observed following DD-70 exposure are reflected at an additional level of biological

organization.

Due to concerns about the health effects of BPA, there are associated restrictions on its
production and use in consumer goods. BPAF and DD-70 are two BPA replacement compounds,
which are currently in use; however, adequate toxicological characterization is not available.
Both BPAF and DD-70 reduced embryonic viability in developing chicken embryos and DD-70
was more embryo lethal than BPAF and had similar toxicity as another replacement compound,
TGSH. Minimal morphological effects were observed with the exception of gallbladder size
(DD-70 and BPAF) and embryonic mass (DD-70) in exposed chicken embryos. Similarly, based
on the number of gene targets evaluated by two custom PCR arrays, a minimal hepatic
transcriptomic response was observed for either chemical. The present study provides whole-
animal toxicological data for an avian species that can be used to inform chemical regulators on

the suitability of DD-70 and BPAF as BPA replacement alternatives.
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8.0 General Conclusions

The major goals of this thesis were to: 1) determine the applicability of the chicken
Leghorn male hepatoma (LMH) and double-crested cormorant hepatocyte (DCH22) cell lines for
ecotoxicological screening of chemicals; 2) generate and compare toxicity data for five bisphenol
A (BPA) replacement compounds using three different in vitro models; and 3) use the data
generated from in vitro models to prioritize the replacement compounds for in vivo testing. The
metabolic competence and ability to detect metabolism-mediated genotoxicity in the LMH cell
line were investigated. An immortalized hepatic cell line derived from a double-crested
cormorant embryo, DCH22, was established for avian toxicity screening. Cytotoxicity and
modulation of target genes following exposure to five BPA replacement compounds were
compared in primary embryonic hepatocytes of chicken (CEH) and double-crested cormorant
(DCEH), and the LMH cell line. Lastly, two of the replacement compounds were prioritized for
in vitro concentration-dependent gene expression analysis and in vivo chicken egg injection
studies. In addressing these important research questions, this thesis sought to achieve the

objectives that were outlined in the introductory chapter. More specifically, to:

1) generate evidence to support the use of the LMH and DCH22 cell lines as alternatives to

primary hepatocytes for avian ecotoxicological screening

2) generate novel ecotoxicological data for screening and prioritizing five BPA replacement

compounds using cell culture and in vitro toxicogenomics approaches

3) generate in vivo ecotoxicity data using an avian early-stage alternative testing strategy and

toxicogenomics for two prioritized BPA replacement compounds
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8.1 Chapter Summaries Based on Objectives

8.1.1 Generate evidence to support the use of LMH and DCH22 cell lines as alternatives to

primary hepatocytes for avian ecotoxicological screening

The research objectives of Chapters 2 and 3 were to evaluate a) metabolic competency
and b) metabolism-dependent genotoxic endpoints in the LMH cell line cultured as 2D confluent
monolayers or 3D spheroids. To do this, two well-characterized environmental contaminants
were selected for LMH exposure studies: 3,3',4,4',5-pentachlorobiphenyl (PCB-126) and
benzo(a)pyrene (BaP). PCB-126 is a potent aryl hydrocarbon receptor (AhR) agonist, which is
metabolized very slowly resulting in sustained activation of AhR and CYP1A (NTP 2006).
Similarly, BaP is an AhR agonist and activates CYP1A. However, the induction of CYP1A by
BaP produces a DNA-reactive metabolite, benzo(a)pyrene diol epoxide (BPDE), that causes
DNA-damage and activates DNA damage response pathways (Tung et al. 2014). Thus, these two
compounds were selected for determining the metabolic competence and ability to detect
metabolism-dependent genotoxicity of the LMH cell line, respectively. Both PCB-126 and BaP
upregulated the expression of CYP1A4 and CYP1A5 mRNA, and CYP1A activity (measured
using the 7-ethoxy-resorufin-O-deethylase [EROD] assay) in LMH cells cultured as 2D
confluent monolayers and 3D spheroids, but the expression/activity was greater in 3D spheroids.
In addition, CYP1A activity was induced at an earlier time point in 3D spheroids than 2D
confluent monolayers by BaP. The activity of CYP1A in 3D spheroids was lower than CEH;
however, EC50 values of CYP1A activity (0.09 £ 0.04 nM in LMH spheroids vs. 0.05 £ 0.02 nM
in CEH) and the expression profile of other AhR related genes were similar to CEH. Even
though the metabolism of BaP to BPDE was not directly measured in this thesis, there was a

concentration-dependent increase in YH2AX levels indicating the presence of DNA double-
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strand breaks in 3D spheroids. Furthermore, a concurrent upregulation of DNA damage response
genes was observed, suggesting metabolism of BaP to BPDE and resulting DNA double strand

breaks. The results from Chapters 2 and 3 provide evidence of: 1) metabolic competency; and 2)
CYP1A metabolism dependent bioactivation of chemicals with regards to genotoxic endpoints in

the LMH cell line cultured as 3D spheroids.

In Chapter 4, an immortalized DCCO cell line, DCH22, was developed as a possible
alternative to primary double-crested cormorant embryonic hepatocytes for in vitro chemical
screening. In vitro avian toxicity data are often generated using a chicken primary hepatocyte
model. However, studies have found chicken to be more sensitive to toxicants than most wild
species (Head et al. 2008), and therefore, the lab model may not be as suitable for screening for
the ecotoxicological effects of priority chemicals. There are few studies that screen chemicals for
toxic effects in wild avian species, which are exposed in the natural environment. Primary
hepatocytes from DCCO have been used as an ecologically relevant alternative for chemical
screening, but it is difficult to obtain eggs for primary culture. There are currently no cell lines
available for DCCO. Thus, a DCCO hepatic cell line, DCH22, was established from an
embryonic day 22 double-crested cormorant embryo and the cell line was continuously cultured
for a year. Similar to the LMH results, exposure to PCB-126 induced greater CYP1A activity in
the DCH22 cell line cultured as 3D spheroids compared to 2D confluent monolayers. DCH22
confluent monolayers treated with metyrapone, an inducer of CYP3A expression in human and
rat hepatocytes (Harvey et al. 2000), resulted in an increase in CYP3A activity. Future research
is warranted to investigate CYP3A activity in DCH22 3D spheroids. In addition, CYP1A,
CYP2E and CYP3A activities in 2D confluent monolayer cells and 3D spheroids needs to be

further determined by treating the cells with other CYP1A, CYP2E and CYP3A inducers such as
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B napthoflavone, buproprion and midazolam. Albumin and a-1-antitrypsin, markers of
hepatocytes, will be determined using ELISA. Overall, the DCH22 cell line still needs to be
further characterized for Phase | and Il enzyme gene expression and to evaluate the cellular
characteristics of the hepatocytes. However, the establishment of a hepatic cell line for an
ecologically relevant species shows promise for future screening applications once additional

characterization of hepatocyte specific functions are conducted.

8.1.2 Generate novel ecotoxicological data for screening and prioritizing of five BPA

replacement compounds using cell culture and in vitro toxicogenomics approaches

The research objectives of Chapters 5 and 6 were to screen five BPA replacement
compounds, BPF, TGSH, DD-70, BPAF and BPSIP, for effects on cytotoxicity and gene
expression in CEH, LMH spheroids, and DCEH. Cytotoxicity of the replacement compounds

was compared to BPA in CEH and LMH spheroids. BPF was the least cytotoxic compound in

both CEH and LMH spheroids among the replacement compounds and BPA. The cytotoxicity of

BPF was not evaluated in DCEH due to low cytotoxicity in CEH. TGSH, DD-70 and BPAF were

the most cytotoxic replacement compounds in all three models. BPSIP was moderately cytotoxic

in all three models and had similar cytotoxicity as BPA in CEH and LMH spheroids. The relative

cytotoxicity of all five replacements compounds in each of the cell models is summarized in

Table 8.1.
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Table 8.1. Ranking of the relative cytotoxicity, ToxChip and AestroChip gene expression of

BPA replacement compounds and BPA in CEH, LMH spheroids and DCEH.

Compound Cytotoxicity ToxChip AestroChip
CEH LMH DCEH CEH LMH DCEH CEH LMH  DCEH
BPA Moderate Moderate ND Low Low ND Low  Moderate  ND
BPF Low Low ND Low  Moderate ND Moderate = High ND

TGSH High High High High High Low Low Low ND
BPAF High High High | Moderate  Low Low Low High ND
DD-70 High High High High  Moderate Low Low Low ND
BPSIP | Moderate Moderate Moderate [ Low  Moderate Moderate | Moderate  High ND

“ND” indicates not determined

Changes in gene expression were explored using two PCR arrays: 1) species-specific
ToxChips (chicken and DCCO); and 2) a chicken-specific AestroChip. The ToxChip measures
the expression of genes associated with nine toxicologically relevant pathways including
xenobiotic metabolism, lipid homeostasis and the thyroid hormone pathway. The relative
potency of BPA and the five BPA replacement compounds with respect to the induction of
pathways on the ToxChip and AestroChip arrays are summarized in Table 8.1. These relative
rankings were calculated based on the Euclidean distance of each treatment group from the
DMSO control using the average log2 fold change data of each cell type and array, followed by
pooling the Euclidean distances of each in vitro model for each array. Then, the 50th and 75th
percentiles of the pool were calculated. Treatment groups with a Euclidean distance less than or
equal to the 50th percentile were assigned as “low”, groups between the 50th and 75th percentile

were ranked as “medium”, and groups greater than the 75th percentile were ranked as “high”.

Generally, the replacement compounds changed the expression of a greater number of
genes on the ToxChip array in CEH compared to LMH spheroids or DCEH at the same
concentrations. For example, TGSH altered the expression of genes in all pathways included on

the ToxChip for CEH, but modulated fewer genes in LMH spheroids, and had no effect in
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DCEH. The difference in sensitivity between CEH and DCEH was expected. As previously
discussed, many studies have shown that the chicken is generally more sensitive to toxicants than
wild species (Head et al. 2008). The discrepancy between CEH and the LMH cell line could be
the result of several factors. The primary factor may be that the LMH cell line originated from a
chemically transformed hepatocellular carcinoma that has been propagated for many years
(Kawaguchi et al 1987), and may have diverged significantly from its hepatocyte origins.
Another important factor may be the sex and life stage of origin; CEH were cultured from a pool
of embryonic livers from both males and females while the LMH cell line was derived from a
single adult male liver. The toxicity of a chemical usually depends on the life stage at the time of
exposure and in many species, early-life stages are the most vulnerable (Barton et al. 2005;
Birnbaum and Fenton 2003). However, these differences in sensitivity were not reflected in the
cytotoxicity response in either cell line, suggesting that the pathways on the ToxChip array

represent model-specific sub-lethal effects.

With regard to the relative responses of specific compounds, BPA interestingly altered
the least number of genes on the ToxChip in both CEH and LMH spheroids (and was not tested
in DCEH). This indicates that the BPA replacement compounds included in this thesis have
greater non-estrogenic toxicity than BPA. BPF changed the expression of ten genes associated
with different pathways on the ToxChip in CEH and two genes in LMH spheroids. BPF was not
evaluated in DCEH due to the low cytotoxicity reported in CEH. TGSH was the most potent
compound in CEH. TGSH altered fewer ToxChip genes in LMH but with greater fold-change
values, resulting in a “high” relative potency call in LMH. Like other compounds, TGSH had
minimal ToxChip effects in DCEH. DD-70 induced a strong to moderate response in both

chicken models, but had minimal effects in DCEH. BPAF altered a moderate number of
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ToxChip genes related to several pathways in CEH but elicited minimal change in LMH
spheroids and DCEH. Finally, BPSIP induced a moderate response in CEH but a relatively weak
response in LMH. Interestingly, BPSIP was the most transcriptionally active compound in
DCEH. Toxicity data on BPSIP is extremely limited compared to BPA. BPSIP altered mRNA
expression of ERa and ER in zebrafish and was mildly estrogenic compared to BPA (Lee et al.

2018).

Some perturbed pathways in common emerged across multiple BPA replacement
compounds. Both TGSH and DD-70, which were the most potent compounds in CEH, and all the
replacements except BPSIP, affected genes involved in bile acid/cholesterol regulation. For
TGSH, this was only observed in CEH, but for DD-70 this pathway was dysregulated in CEH,
LMH and DCEH. Bile acid is involved in the elimination of lipids, and mediates cholesterol,
glucose and energy homeostasis. Therefore, the bile acid pool is tightly regulated in the liver and
alteration in bile acid regulation can have adverse effects like cholestasis (Staels and Foncesca
2009). Two compounds, TGSH and BPSIP, also dysregulated genes in the thyroid hormone
pathway in CEH (and in DCEH for BPSIP). Thyroid hormone is involved in growth,
development and homeothermy in birds, and disruptions in this pathway can lead to decreased
egg production and pipping, as well as changes in lipid regulation and nervous system

development (McNabb 2007).

In LMH spheroids, DD-70 and BPAF were selected for concentration-dependent gene
expression due to high cytotoxicity in CEH, LMH and DCEH. DD-70 altered the expression of a
higher number of ToxChip genes at lower concentrations compared to the concentration used for

comparison between the two models. It would helpful for future studies to include concentration-

190



dependent gene expression analysis in LMH spheroids in order to compare non-estrogenic

endpoint induction between models.

Using an estrogen pathway-specific PCR array, the AestroChip, we generated evidence
that several BPA replacement compound may be equally, if not more, estrogenic than BPA.
These results are summarized in Table 8.1. The AestroChip array consists of estrogen-responsive
genes including two genes that are considered molecular markers of xenoestrogen exposure in
oviparous wildlife, apovitellenin (APO) and vitellogenin 2 (VTG2). Generally, BPA, BPF,
BPAF and BPSIP were more active in terms of dysregulation of the AestroChip genes in LMH
spheroids compared to CEH (Table 8.1). The LMH cell line originates from a male, as opposed
to a mixed sex pool for hepatocyte preparation, which could help explain the increased response
of LMH cells to the BPA replacements. Since the liver from males and females were combined
(in an unknown ratio) during the preparation of CEH cultures, it may complicate the
determination of estrogenic effects of the compounds. Males are typically more vulnerable to the
adverse effects of xenoestrogens and the induction of estrogen responsive genes (e.g. VTG) are
more evident since the basal expression of these genes are lower in males. For example, serum
concentrations of BPA were higher in male compared to female rats and metabolism of BPA was

slower in males (Caporossi and Papaleo 2015).

Regarding the chemical-specific Aestrochip responses, BPA dysregulated the expression
of both APO and VTG2 in LMH spheroids, but the magnitude of change was smaller than BPF,
BPAF and BPSIP. BPF is potentially a mild estrogenic replacement compound based on the
changes in expression of AestroChip genes, especially APO and VTG2. BPF exposure
upregulated the expression of APO in CEH and both APO and VTG2 in LMH spheroids. Based

on the AestroChip results, TGSH is a non-estrogenic replacement compound in both CEH and
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LMH spheroids. DD-70 did not alter the expression of APO or VTG2 in CEH but upregulated
VTG2 in LMH spheroids. BPAF was the only replacement compound along with BPA to
modulate the expression of VTG2 in CEH. In LMH spheroids, BPAF was the most estrogenic
compound after E2 based on changes in APO and VTG2 expression. BPSIP did not elicit APO
or VTG2 expression in CEH but upregulated other estrogen responsive genes. In LMH
spheroids, BPSIP upregulated both APO and VTG2, and may have estrogenic potential. BPF and
BPAF are replacement compounds with potential estrogenic activities in CEH and LMH

spheroids, and TGSH is non-estrogenic in both models.

8.1.3 Generate in vivo ecotoxicity data using an avian early-life stage test and toxicogenomics

approaches for prioritized BPA replacement compounds

Based on the cytotoxicity, ToxChip and AestroChip gene expression data, two
replacement compounds were prioritized for early-life stage in vivo testing: DD-70 and BPAF.
DD-70 and BPAF were the most cytotoxic replacements in CEH, LMH and DCEH. DD-70
altered the expression of genes on the ToxChip and is likely non-estrogenic. BPAF was the most
estrogenic compound on the AestroChip in LMH spheroids. The research objective of Chapter 7
was to generate in vivo data such as embryo mortality, morphometrics and hepatic gene
expression for DD-70 and BPAF. Fertilized chicken eggs were injected with DD-70 or BPAF, at
concentrations based on previous chicken egg injection studies with BPA and other replacements
(Crump et al. 2017; Berg 2001). Both DD-70 and BPAF were metabolized as concentrations of
the compounds were lower in whole embryo homogenates collected at termination (1 day pre-
hatch) compared to mid-incubation embryos. DD-70 was more embryo lethal than BPAF and
decreased embryo mass, while both compounds caused an increase in gallbladder mass. In terms

of gene expression, DD-70 altered the expression of more genes than BPAF. On the ToxChip
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array, DD-70 induced the expression of FGF19, involved in the bile acid pathway at both
developmental stages. The change in FGF19 is consistent with the changes observed in CEH,
LMH spheroids and DCEH (Chapters 5 and 6). BPAF upregulated the expression of the
xenobiotic metabolizing enzyme, CYP3A7, at mid-incubation. On the AestroChip array, DD-70
down regulated the expression of an estrogen-mediated gene, APOV1, at mid-incubation and
upregulated two genes at termination, whereas BPAF did not change the expression of any
estrogen-responsive genes at either developmental stage. This is in contrast to the AestroChip
results where BPAF was the most estrogenic replacement compound in CEH and LMH
spheroids (Chapters 5 and 6). Due to the small sample size, livers from female and male embryos
were pooled, making it difficult to interpret the endocrine disrupting properties of DD-70 and
BPAF. For example, DMSO control livers were from 4 females and 1 male while BPAF treated
livers were from 2 females and 1 male at termination (1 day pre-hatch). Overall, DD-70 had a

greater impact on lethality, morphometric endpoints and gene expression than BPAF.

8.2 Future Directions

8.2.1 Further Characterization of the LMH and DCH22 Cell Lines

Results from this thesis demonstrate that LMH cells cultured as 3D spheroids have
CYP1A activity that is induced by dioxin-like compounds and can activate promutagens like
BaP. The activity and mRNA expression of only one type of CYP450 was studied, CYP1Al;
however, there are other CYP450s, e.g. CYP2C and CYP3A, which play important roles in
chicken xenobiotic metabolism (Watanabe et al. 2013). There is limited information available on
the activity of CYP2C and CYP3A in the LMH cell line. In a previous study, LMH cells cultured
as 2D monolayer cells had weak mRNA expression of CYP2C45 (the main isoform of CYP2C in

chickens) and CYP3A37 (main isoform of CYP3A in chickens) following exposure to
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phenobarbital and a high concentration (ImM) of metyrapone (Ourlin et al. 2000). In order to
characterize the metabolic competence of the LMH and DDC22 cell lines, the activity and

MRNA expression of CYP2C and CYP3A need to be investigated.

Phase Il enzymes like uridine diphosphate-glucuronosyltransferase (UGT),
sulfotransferase (SULT), glutathione-S-transferase (GST), N-acetyltransferase also play an
important role in the metabolism of chemicals. UGT and SULT are the main phase Il enzymes
that detoxify xenobiotics and endogenous compounds such as bile acid and steroid hormones
(Jancova et al. 2010). Similar to CYP1A metabolism, sulfonation of compounds like N-hydroxy
arylamines can result in DNA reactive metabolites (Gamage et al. 2006). Results from the
ToxChip array in LMH spheroids (Chapter 6) indicate mRNA expression of phase Il enzymes,
especially SULT1E1 and possibly SULT1B1 and UGT1A9. The characterization of the DCH22
cell line in Chapter 4 focuses mainly on the metabolic capacity of phase | enzymes (CYP1A,
CYP2C and CYP3A). Thus, future studies need to determine the mRNA expression and enzyme
activity of the main isoforms of UGT and SULT after exposure to well-established inducers in
the LMH and DCH22 cell lines cultured as 2D monolayers and 3D spheroids to gain insight into
phase Il metabolism of the cell lines. The determination of phase | and 1l enzymes will provide

better perspective on the metabolic competence of the two cell lines.

The metabolism and toxicity of many chemicals are mediated by nuclear receptors, which
are ligand-activated transcription factors involved in regulating expression of genes associated
with a wide variety of pathways (Woods et al. 2007). In avian species, two nuclear receptors are
mainly involved in xenobiotic metabolism, AhR and chicken xenobiotic receptor (CXR). AhR
mediated expression of genes associated with several pathways was investigated using the

customized AhR array in LMH cells cultured as 2D monolayer cells and 3D spheroids in Chapter

194



2 and demonstrated that the AhR gene expression profile of LMH spheroids was similar to CEH.
The expression of the phase | metabolizing enzymes, CYP2C and CYP3A, is mediated by the
CXR, which is analogous to the mammalian pregnane X receptor (PXR) and constitutive
androstane receptor (Handschin et al. 2004). Thus, future studies should assess CXR mediated
gene expression in the LMH cell line cultured as 2D monolayers and 3D spheroids. DCCOs
likely have a homolog of CXR but there is no information on the receptor(s) involved in the
expression of CYP2C and CYP3A. Since nuclear receptors play key roles in xenobiotic
metabolism, the presence and functionality of AhR and CXR are important for the application of

the LMH and DCH22 cell lines for avian toxicity testing.

Nuclear receptors are also the main targets of endocrine disrupting compounds (EDCs)
and impairments in nuclear receptors account for the adverse effects of many EDCs. The
interaction of nuclear receptors and EDCs is important for understanding the mechanisms of
action of EDCs (Toporova and Balaguer 2020). The actions of xenoestrogens, like BPA, are
mediated mostly via binding to estrogen receptors (ER). Based on the modulation of genes on the
AestroChip by the replacement compounds, the LMH cell line expresses ER; however, whether
the cell line is ERa or ERP positive requires further analysis. In Chapters 5 and 6, there were
differences in the modulation of genes on the AestroChip by the five replacement compounds in
CEH and LMH spheroids. The binding of the replacement compounds to ER could account for
the differences in modulation of estrogen-responsive genes. The affinity of bisphenol
replacement compounds to ER could be determined using competitive ligand-binding assays in
the LMH cell line, which could help determine the estrogenic potential of bisphenols and other

xenoestrogens.
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8.2.2 Appropriate Avian In Vitro Model and Method for Identifying Estrogenic Compounds

This thesis utilized two avian in vitro models, CEH and LMH spheroids, to examine the
estrogenic effects of bisphenol replacement compounds using the AestroChip array. There were
some inconsistencies in estrogen-responsive gene expression between the two models. For
example, the direction of fold change in VTG2 expression was different in the two models for
some compounds. BPAF and BPA downregulated the expression of VTG2 in CEH, whereas it
was upregulated by both compounds in LMH spheroids. Upregulation of VTG2 by BPAF and
BPA in LMH spheroids is in agreement with previous in vitro and in vivo studies in various
species (Yamaguchi et al. 2015; Shi et al. 2015; Ma et al. 2015), suggesting it may be a more
reliable model to determine estrogenicity than CEH. This is likely due to the male origin of the
LMH cell line. If CEH are to be used for screening EDCs, it is recommended to only collect

livers from males prior to culture.

The AestroChip was used to determine the estrogenic profile of the five replacement
compounds. The genes on the AestroChip were selected based on an ethinylestradiol study in
Japanese quail (Coturnix japonica). The array consisted of two genes that are highly responsive
to estrogen exposure in oviparous species, APO and VTG2, and the mechanisms of action of
these two genes in response to estrogen are well-studied. However, for some of the genes on the
array, the mechanism behind estrogen-mediated activity is unknown. For example, the
expression of avidin (AVD) in the oviduct of chickens and quails is induced by estrogen and
progesterone (Korpela et al. 1981) but the mechanism of action of AVD in the liver is unknown.
The AestroChip enabled the assessment of the estrogenic potential of the replacement
compounds but could be improved by including estrogen receptor genes (e.g. ESR1 (ERa),

ESR2 (ERP)) and other genes that are well-known markers of estrogen exposure. For example,
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the expression of signal transducer and activator of transcription 3 (STAT3) is regulated by ERa

and is induced by E2 in the liver (Palmisano et al. 2018).

8.2.3 Future Screening of BPA Replacements for Avian Ecotoxicity

This thesis utilized changes in gene expression to screen several BPA replacement
compounds for potential ecotoxicological concern. Changes in gene expression, measured in
vitro, provide an indication of the plausible adverse effects in an organ or individual. Insights
into mechanism of action and adverse effects of chemicals can be gained by integrating changes
in gene expression to higher level of biological organization (Titz et al. 2014). Frameworks such
as the adverse outcome pathway (AOP) can be used for linking molecular events to changes in
the individual and population (Ankley et al. 2009). One of the toxicological concerns regarding
BPA replacement compounds is estrogenic adverse effects, since BPA is considered to be an
estrogenic compound (Pinto et al. 2019). Results from this thesis suggest that BPA replacements
like BPAF and BPF could impair estrogen signalling pathways. Previous studies have found that
BPA replacements bind to ER and modulate the expression of VTG (Pinto et al. 2019; Lee et al.
2018; LeFol et al. 2017). An AOP for the VTG pathway exists for fish and demonstrates
quantitatively that disruption of VTG synthesis can be linked to an apical endpoint, reduced
fecundity, and ultimately a decrease in population (Ankley et al. 2020). There are limited data for
avian species associated with the ER antagonism AOP. A future BPA and 17p-estradiol egg
injection study is required to generate data on different endpoints such as hepatic VTG gene
expression, plasma VTG concentration and gonad histology, which could be used to expand the
ER antagonism AOP (AOP:30, AOP-Wiki) for avian species. This will provide information on
key events, which can be measured in vitro to identify adverse effects of other BPA replacement

compounds.
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One of the findings of this thesis was that all of the replacement compounds evaluated
altered the expression of genes related to cholesterol and bile acid synthesis in CEH, LMH
spheroids and DCEH. Furthermore, gallbladder mass was increased by DD-70 and BPAF in
chicken embryos with a concomitant increase in the expression of genes associated with
gallbladder filling and volume. An AOP exists for cholestasis, which demonstrates the link
between key receptors and genes involved at the cellular level (e.g. inhibition of bile transporter
export pump (BSEP) resulting in upregulation of organic solute transport genes) to changes in
enzyme activity and bile accumulation that ultimately lead to the adverse outcome of liver
cholestasis (Vinken et al. 2013). This AOP can be used to assess in vitro receptor binding and
changes in the expression of genes following exposure to BPA replacement compounds that can

be linked to cholestasis.

8.3 Concluding Remarks

This thesis addressed the need for characterizing avian hepatic cell lines for in vitro
chemical screening and generating avian toxicity data for five BPA replacement compounds. The
chicken LMH cell line, cultured as 3D spheroids, had improved metabolic activity and was a
better alternative for chemical screening compared to LMH cells grown in 2D monolayer culture.
Non-estrogenic and estrogenic activity varied among the replacement compounds and this likely
relates to the differences in chemical structures. Some replacement compounds (BPF, BPAF, and
BPSIP) are potentially more estrogenic than BPA while others (TGSH and DD-70) appear non-
estrogenic but impair other critical pathways such as bile acid and cholesterol regulation. These
in vitro data were used to prioritize two compounds, DD-70 and BPAF, for further in vivo testing
where the generated data are more amendable to traditional risk assessment. One of the most

significant contributions of this thesis was the demonstration that LMH spheroids may provide a
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rapid, animal free alternative model for generating toxicological and estrogenicity data to support

the prioritization and ecological risk assessment of BPA replacements and other compounds.
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Appendix

Supplemental Information

Al. Chapter 2: Evaluating Aryl Hydrocarbon Receptor Response in LMH 3D Spheroids

Table S2.1. List of genes on the chicken AhR array (catalogue number CAPG12083, Qiagen)

Description Symbol Refseq #
ATPase, H+/K+ transporting, nongastric, alpha polypeptide ATP12A NM_001030909
UDP-GIcNACc:betaGal beta-1,3-N-
acetylglucosaminyltransferase 7 B3GNT7 XM_ 422738
Cell wall biogenesis 43 C-terminal homolog (S. cerevisiae) CWH43 XM_420716
Cytochrome P450 1A4 CYP1A4 NM_205147
Cytochrome P450, family 1, subfamily A, polypeptide 5 CYP1A5 NM_205146
Cytochrome P450, family 1, subfamily B, polypeptide 1 CYP1B1 XM_419515
Fibroblast growth factor 19 FGF19 NM_204674
Fibroblast growth factor binding protein 1 FGFBP1 XM_420773
Frizzled-related protein FRZB NM_204772
Kelch domain containing 8B KLHDC8B XM_ 414393
Keratin 20 KRT20 XM_418168
Matrix Gla protein MGP NM_205044
Matrix metallopeptidase 7 (matrilysin, uterine) MMP7 NM_001006278
Phenylalanine hydroxylase PAH NM_001001298
Regucalcin RGN NM_ 204729
Transglutaminase 2 (C polypeptide, protein-glutamine-gamma-
glutamyltransferase) TGM2 NM_205448
TCDD-inducible poly(ADP-ribose) polymerase TIPARP XM_422828
Islet amyloid polypeptide IAPP NM_205397
Similar to type VII collagen COL7A1 XM_425157
EF-hand calcium binding domain 4B EFCAB4B  XM_421040
Amphiregulin B AREGB NM_001031537
Cytochrome P450, family 24, subfamily A, polypeptide 1 CYP24A1 NM_204979
Dapper, antagonist of beta-catenin, homolog 2 (Xenopus laevis) DACT2 XM_419602
Podocalyxin-like PODXL XM_416475
Fatty acid binding protein 3, muscle and heart (mammary-
derived growth inhibitor) FABP3 NM_001030889
Insulin-like growth factor binding protein 4 IGFBP4 NM_204353
Thyroid hormone responsive (SPOT14 homolog, rat) THRSP NM_213577
Eukaryotic translation elongation factor 1 alpha 1 EEF1Al NM_204157
Ribosomal protein L4 RPL4 NM_001007479
Chicken Genomic DNA Contamination GGDC SA_00517
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Reverse Transcription Control

Positive PCR Control

RTC
PPC

SA_00104
SA 00103

Table S2.2 Summary of 2-way Anova and Tukey’s HSD results in 2D confluent cells and 3D

spheroids after exposure to PCB-126 compared to DMSO control

% of total
Source of Variation  variation P value P value Significant?
Interaction 19.97 0.0004 Fkx Yes
Row Factor 42.86 < 0.0001 Fokkx Yes
Column Factor 23.27 < 0.0001 FrAk Yes
ANOVA table SS DF MS F (DFn, DFd) P value
Interaction 168.6 5 33.71 F (5, 24) = 6.895 P =0.0004
Row Factor 361.8 5 72.35 F (5, 24) = 14.80 P < 0.0001
Column Factor 196.5 1 196.5 F (1, 24)=40.18 P < 0.0001
Residual 117.3 24 4.889
Tukey's multiple Adjusted P
comparisons test Mean Diff.  95% CI of diff.  Significant? Summary Value
Confluent
0.0 vs. 0.01 -0.4333 -5.501 to0 4.634 No ns 0.9998
0.0vs. 0.1 -0.7333 -5.801 t0 4.334 No ns 0.9974
0.0vs. 1 -2.333 -7.401t02.734 No ns 0.7129
0.0 vs. 10 -0.5667 -5.634 to 4.501 No ns 0.9993
0.0 vs. 100 1.2 -3.868 to 6.268 No ns 0.9759
Spheroid
0.0 vs. 0.01 -4.3 -9.368 t0 0.7677 No ns 0.1299
0.0vs. 0.1 -1.4 -12.47 to -2.332 Yes ** 0.0018
0.0vs. 1 -14.8 -19.87 t0 -9.732 Yes Fxkx < 0.0001
-10.97 to -
0.0 vs. 10 -5.9 0.8323 Yes * 0.016
0.0 vs. 100 15 -3.568 t0 6.568 No ns 0.9388
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Table 2.3 Summary of 2-way Anova and Sidak’s comparison results between 2D confluent cells

and 3D spheroids.

% of total P value
Source of Variation variation P value summary Significant?
Interaction 20.47 0.0001 falaled Yes
Row Factor 43.93 < 0.0001 Fokkk Yes
Column Factor 23.86 < 0.0001 foleiael Yes
F (DFn,
ANOVA table SS DF MS DFd) P value
F(5,24) = P=
Interaction 168.6 5 33.71 8.366 0.0001
F (5, 24) = P<
Row Factor 361.8 5 72.35 17.96 0.0001
F(1,24)= P<
Column Factor 196.5 1 196.5 48.76 0.0001
Residual 96.71 24 4.03
Sidak's multiple 95% CI of Adjusted
comparisons test Mean Diff. diff. Significant? Summary P Value
Confluent - Spheroid
-4.697 to
0.0 0 4.697 No ns > 0.9999
-8.564 to
0.01 -3.867 0.8308 No ns 0.1504
-11.36 to -
0.1 -6.667 1.969 Yes *x 0.0027
-17.16 to -
1 -12.47 7.769 Yes falaiakad <0.0001
-10.03 to -
10 -5.333 0.6359 Yes * 0.02
-4.397 to
100 0.3 4.997 No ns > (0.9999
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Table S2.4. Comparisons of CYP1A4 gene expression between LMH 2D confluent cells and 3D
spheroids, and CEH following exposure to PCB-126 using generalized linear hypothesis tests.
Resulting p-values were adjusted using Holm method. “*” denotes p <0.05; SE: standard error; c:

confluent; s: spheroids; CEH: chicken embryonic hepatocytes

Comparison Difference SE p_value adj_p _values Significance
c0.1-c0 10.24 1.37 6.48E-14 7.78E-13 *
cl-c0 11.41 27.36 6.77E-01 1.00E+00
c10-c0 25.76 5.98 1.67E-05 1.17E-04 *
s0.1-s0 17.92 1.45 0.00E+00 0.00E+00 *
s1-s0 19.82 27.37 4.69E-01 1.00E+00
s10-s0 47.87 6.01 1.55E-15 2.18E-14 *
CEHO0.1-CEHO 8.59 1.45 3.53E-09 3.88E-08 *
CEH1-CEHO 215.51 27.37 3.33E-15 4.33E-14 *
CEH10-CEHO 208.58 6.01 0.00E+00 0.00E+00 *
s0.1-c0.1 7.68 1.93 6.94E-05 4.17E-04 *
CEHO0.1-c0.1 -1.65 1.93 3.93E-01 1.00E+00
CEHO0.1-s0.1 -9.33 1.93 1.35E-06 1.08E-05 *
sl-cl 8.40 38.70 8.28E-01 1.00E+00
CEH1-c1 204.10 38.70 1.33E-07 1.33E-06 *
CEH1-s1 195.70 38.70 4.26E-07 3.83E-06 *
s10-c10 22.11 8.46 9.00E-03 4.50E-02 *
CEH10-c10 182.82 8.46 0.00E+00 0.00E+00 *
CEH10-s10 160.72 8.46 0.00E+00 0.00E+00 *
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Tab. S2.5 Comparisons of CYP1A5S gene expression between LMH 2D confluent cells and 3D
spheroids, and CEH following exposure to PCB-126 using generalized linear hypothesis tests.
Resulting p-values were adjusted using Holm method. “*” denotes p <0.05; SE: standard error; c:

confluent; s: spheroids; CEH: chicken embryonic hepatocytes

Contrast Difference SE p_value adj p values Significance
c0.1-c0 13.51 2.51 7.03E-08 6.33E-07 *
cl-c0 28.64 6.73 2.07E-05 1.45E-04 *
c10-c0 39.90 5.37 1.06E-13 1.28E-12 *
s0.1-s0 42.25 2.56 0.00E+00 0.00E+00 *
s1-s0 53.77 6.75 1.55E-15 2.18E-14 *
s10-s0 87.84 5.39 0.00E+00 0.00E+00 *
CEHO0.1-CEHO0 2.77 2.56 2.79E-01 8.37E-01
CEH1-CEHO 33.94 6.75 4.86E-07 3.89E-06 *
CEH10-CEHO 40.99 5.39 2.98E-14 3.87E-13 *
s0.1-c0.1 28.74 3.54 4.44E-16 6.66E-15 *
CEHO0.1-c0.1 -10.74 3.54 2.45E-03 1.47E-02 *
CEHO0.1-s0.1 -39.48 3.54 0.00E+00 0.00E+00 *
sl-cl 25.13 9.51 8.25E-03 4.12E-02 *
CEH1-cl 5.31 9.51 5.77E-01 1.00E+00
CEH1-s1 -19.82 9.51 3.72E-02 1.49E-01
s10-c10 47.93 7.59 2.73E-10 3.00E-09 *
CEH10-c10 1.08 7.59 8.87E-01 1.00E+00
CEH10-s10 -46.85 7.59 6.80E-10 6.80E-09 *
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Figure S2.1. Heatmap of significant gene changes on the chicken AhR pathway PCR array for
LMH cells exposed to 0.1 nM PCB-126 for 24h, hierarchically clustered by gene expression.

Blue represents up-regulation and yellow represents down-regulation. The scale represents the

log2 fold change.

207



A2. Chapter 3: Concentration- and Time-Dependent Induction of CYP1A and DNA Damage
Response by Benzo(a)pyrene in LMH 3D Spheroids
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Figure S3.1. Concentration dependent effects of benzo(a)pyrene on cell viability in LMH A) 2D

monolayer cells and B) 3D spheroids after 8, 24 and 48h exposure. ‘*’ denotes significant

difference from untreated cells.
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Table S3.1 List of genes on the chicken DNA damage PCR array

Description Symbol RefSeq
Cytochrome P450 Family 1 Subfamily A Member 4 CYP1A4 NM_205147
Cytochrome P450 Family 1 Subfamily A Member 5 CYP1A5 NM_205146
Cyclin Dependent Kinase Inhibitor 1A CDKN1A  NM_204396
Growth Arrest And DNA Damage Inducible Alpha GADD45 NM_001044678
Damage Specific DNA Binding Protein 2 DDB2 NM_ 001039301
DNA Polymerase Beta POLB XM 004947614
DNA Polymerase Kappa POLK NM_ 204183
Xeroderma Pigmentosum Group C-Complementing Protein ~ XPC NM_ 204853
Eukaryotic Translation Elongation Factor 1 Alpha 1 EEF1A1 NM_204157
60S ribosomal protein L4 RPL4 NM_ 001007479

Table S3.2. FDR adjusted P-value of gene expression in LMH 2D monolayer cells after

exposure to BaP.

FDR adjusted p-value

Experiment Concentration CDKN1A CYP1A4 CYP1A5 DDB2 GADD45 POLB POLK XPC

BaP_Conf_4 0.1 0.809 0.814 0.797 0.566 0.903 0.727 0.250 0.890
BaP_Conf_4 1 0.727 0.731 0.693 0.708 0.727 0.920 0.955 0.914
BaP_Conf_4 10 0.595 0.955 0.844 0.865 0.955 0.565 0.068 0.187
BaP_Conf_4 100 0.031 0.845 0.565 0.988 0.914 0.164 0.565 0.071
BaP_Conf_8 0.1 0.838 0.903 0.838 0.865 0.833 0.693 0.214 0.438
BaP_Conf_8 1 0.745 0.955 0.107 0.565 0.708 0.968 0.955 0.283
BaP_Conf_8 10 0.745 0.838 0.031 0.885 0.954 0.745 1.000 0.602
BaP_Conf_8 100 0.082 0.565 0.005 0.934 0.565 0.708 0.833 0.243
BaP_Conf_24 0.1 0.693 0.983 0.791 0.595 0.708 0.865 0.874 0.708
BaP_Conf_24 1 0.068 0.068 0.955 0.573 0.366 0.418 0.418 0.547
BaP_Conf_24 10 0.173 0.068 0.376 0.194 0.164 0.173 0.708 0.708
BaP_Conf_24 100 0.357 0.055 0.030 0.420 0.565 0.727 0.565 0.745
BaP_Conf_48 0.1 0.740 0.173 0.438 0.845 0.727 0.677 1.000 0.595
BaP_Conf_48 1 0.380 0.031 0.826 0.771 0.565 0.954 0.849 0.438
BaP_Conf_48 10 0.091 0.002 0.002 0.708 0.107 0.708 0.399 0.924
BaP_Conf_48 100 0.071 0.000 0.000 0.833 0.046 0.547 0.066 0.855
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Table S3.3. FDR adjusted P-value of gene expression in LMH spheroids after exposure to BaP

FDR adjusted p-value

Experiment Concentration CDKN1A CYP1A4 CYP1A5 DDB2 GADD45 POLB POLK XPC

BaP_Sph_4 0.1 0.708 0.858 0.669 0.868 0.403 0.725 0.943 0.967
BaP_Sph_4 1 0.669 0.433 0.385 0.494 0.494 0.708 0.443 0.740
BaP_Sph_4 10 0.920 0.965 0.669 0.740 0.793 0.708 0.613 0.935
BaP_Sph_4 100 0.869 0.773 0.578 0.954 0.954 0.708 0.806 0.888
BaP_Sph_8 0.1 0.057 0.195 0.331 0.667 0.982 0.140 0.967 0.634
BaP_Sph_8 1 0.115 0.000 0.790 0.205 0.663 0.051 0.685 0.194
BaP_Sph_8 10 0.276 0.000 0.816 0.148 0.354 0.443 0.059 0.725
BaP_Sph_8 100 0.094 0.000 0.107 0.264 0.497 0.059 0.740 0.109
BaP_Sph_24 0.1 0.022 0.012 0.005 0.022 0.953 0.000 0.101 0.000
BaP_Sph_24 1 0.869 0.000 0.000 0.019 0.965 0.026 0.667 0.000
BaP_Sph_24 10 0.033 0.000 0.000 0.001 0.168 0.001 0.026 0.000
BaP_Sph_24 100 0.005 0.000 0.000 0.202 0.051 0.071 0.497 0.000
BaP_Sph_48 0.1 0.101 0.954 0.354 0.148 0.003 0.007 0.041 0.134
BaP_Sph_48 1 0.082 0.232 0.010 0.063 0.002 0.000 0.004 0.043
BaP_Sph_48 10 0.024 0.002 0.000 0.002 0.000 0.000 0.000 0.005
BaP_Sph_48 100 0.000 0.000 0.000 0.001 0.000 0.000 0.000 0.000
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Figure S3.2. BMD ranges (BMDL-BMDU) for the expression of eight genes across three time

points (8, 24 and 48h) after expsoure to benzo(a)pyrene (BPA) in LMH 2D monolayer and 3D

spheroids. BMD ranges determined using PROAST (v.70.1).
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A3. Chapter 5: Toxicity Screening of Bisphenol A Replacement Compounds: Cytotoxicity and
mRNA Expression in Primary Hepatocytes of Chicken and Double-Crested Cormorant

Table S5.2. List of Pathways and Genes on the Chicken ToxChip Array (Qiagen catalogue #

CLAG22572).
Pathway Description Symbol RefSeq
Cytochrome P450, family 7, subfamily
B, polypeptide 1 CYP7B1 XM_ 418276
Fibroblast growth factor 19 FGF19 NM_204674
Bile acids/cholesterol  Forkhead box Al FOXAL XM_004941922
regulation Apolipoprotein B (including Ag(x)
antigen) APOB NM_001044633
Lanosterol synthase (2,3-
oxidosqualene-lanosterol cyclase) LSS NM_001006514
Cdk inhibitor CIP1 (p21) CDKN1A NM_204396
Cell cycle Tumor protein p63 TP63 NM_204351
Amine oxidase, copper containing 1 AOC1 XM 015281151
Growth arrest and DNA-damage-
inducible, alpha GADD45A NM_001044678
0-6-methylguanine-DNA
] methyltransferase MGMT XM 421823
DNA repair MutS homolog 2, colon cancer,
nonpolyposis type 1 (E. coli) MSH2 XM_426110
Polymerase (DNA directed), beta POLB XM 004947614
Polymerase (DNA directed) kappa POLK NM_204183
Pyruvate dehydrogenase kinase,
Glucose metabolism  isozyme 4 PDK4 NM_001199909
Glucose-6-phosphatase-like G6épc XM 003642817
Basic leucine zipper transcription
factor, ATF-like 3 BATF3 XM_419428
Interleukin 16 (lymphocyte
chemoattractant factor) IL16 NM_204352

Immune response

Liver expressed antimicrobial peptide
2 LEAP2

NM_001001606

Interleukin 1, beta IL1B NM_204524
Nitric oxide synthase 2, inducible NOS2 NM_204961
Acyl-CoA synthetase long-chain
family member 5 ACSL5 NM_001031237
Solute carrier organic anion transporter

Lipid homeostasis family, member 1A2 SLCO1A2 XM_416421
Stearoyl-CoA desaturase (delta-9-
desaturase) SCD NM_204890
Liver basic fatty acid binding protein LBFABP NM_204634
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Thioredoxin TXN NM_205453
Carbonic anhydrase I11-like
(LOC420209) CA3B NM_001277410.1
Oxidative stress Metallothionein 4 MT4 NM_205275
Heme oxygenase 1 HMOX1 NM_205344
Microsomal glutathione S-transferase
3 MGST3 NM_001277533
Crystallin, alpha B CRYAB NM_205176
Thyroid hormone ~ Transthyretin TTR NM_205335
pathway Thyroid hormone responsive (SPOT14
homolog, rat) THRSP NM_213577
Insulin-like growth factor 1
(somatomedin C) IGF1 NM_001004384
Cytochrome P450 A 37 CYP3A7 NM_001001751
Cytochrome P450 1A4 CYP1A4 NM_205147
UDP glucuronosyltransferase 1 family,
polypeptide A9 UGT1A9 XM_001234353
Sulfotransferase family, cytosolic, 1B,
Xenaobiotic member 1 SULT1B1 NM_ 204545
metabolism Sulfotransferase family 1E, estrogen-
preferring, member 1 SULT1EL XM_420616
Aminolevulinate, delta-, synthase 1 ALAS1 NM_001018012
Fibrinogen alpha chain FGA NM_001271911
Methionine adenosyltransferase I,
alpha MAT1A NM_001199519
N-acetyltransferase 2 (arylamine N-
acetyltransferase) NAT2 XM_001232799
Aldehyde dehydrogenase 1 family,
member Al ALDH1A1l NM_ 204577
Eukaryotic translation elongation
factor 1 alpha 1 EEF1A1 NM_204157
Ribosomal protein L4 RPL4 NM_001007479
Control Chicken Genomic DNA
Contamination GGDC SA 00517
Reverse Transcription Control RTC SA 00104
Positive PCR Control PPC SA 00103
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Table S5.3. List of Pathways and Genes on the Double-Crested Cormorant ToxChip Array

Pathway Description Symbol GenBank #
Fibroblast growth factor 19 FGF19 KT886904.1
Cytochrome P450, family 7, subfamily B,
polypeptide 1 CYP7B1 KT886919.1
Bile acids/cholesterol ~ Apolipoprotein B APOB -
regulation Lanosterol synthase (2,3-oxidosqualene-
lanosterol cyclase) LSS -
Forkhead box Al FOXAl -
Lipase, hepatic LIPC -
Calcium regulation Regucalcin RGN KT886902.1
E3 ubiquitin-protein ligase MDM?2 KT886914.1
0O-6-methylguanine-DNA methyltransferase =~ MGMT -
Cyclin-dependent kinase inhibitor 1A CDKN1A -
Cell cycle i . .
Amine oxidase, copper containing 1 AOC1 -
Frizzled-related protein FRZB -
Beta-2-microglobulin M2B -
MutS homolog 2 MSH2 -
DNA repair Polymerase (DNA directed), beta POLB -
Polymerase (DNA) kappa POLK -
Pyruvate dehydrogenase kinase, isozyme 4 PDK4 KT886905.1
Glucose metabolism  Glucose-6-phosphatase-like G6PC -
Hexokinase 1 HK1 -
Basic leucine zipper transcription factor,
ATF-like 3 BATF3 -
Interleukin 16 (lymphocyte chemoattractant
Immune response factor) IL16 KT886907.1
Nuclear receptor coactivator 3 NCOA3 KT886912.1
Liver expressed antimicrobial peptide 2 LEAP2 -
Nitric oxide synthase 2, inducible NOS2 -
3-hydroxy-3-methylglutaryl-Coenzyme A
reductase HMGCR KT886908.1
Liver basic fatty acid binding protein LBFABP -
Lipid homeostasis Acyl-CoA synthetase long-chain family
member 5 ACSL5 KT886909.1
Solute carrier organic anion transporter
family, member 1A2 SLCO1A2 -
Metallothionein 4 MT4 -
Glutathione peroxidase 3 GPX3 -
Oxidative stress Glutathione s-transferase GSTM3 -
Heme oxygenase 1 HMOX1 -
Microsomal glutathione S-transferase 3 MGST3 -
Transthyretin TTR KT886921.1
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Insulin-like growth factor 1 (somatomedin

Thyroid hormone C) IGF1 KT886911.1
pathway Thyroid hormone responsive (SPOT14
homolog, rat) THRSP -
Cytochrome P450 1A4 CYP1A4 -
Aminolevulinate, delta-, synthase 1 ALAS1 KT886906.1
Cytochrome P450 A 37 CYP3AT7 KT886910.1
UDP glucuronosyltransferase 1 family,
polypeptide Al UGT1Al KT886918.1
Xenobiotic metabolism  Sulfotransferase family 1E, estrogen-
preferring, member 1 SULT1E1 KT886920.1
Fibrinogen alpha chain FGA -
Aldehyde dehydrogenase 1 family, member
Al ALDH1A1 -
Methionine adenosyltransferase I, alpha MATI1A -
Eukaryotic translation elongation factor 1
alpha 1 EEF1A1 KT886916.1
Control Ribosomal protein L4 RPL4 KT886917.1
Glyceraldehyde-3-phosphate
dehydrogenase GAPDH -
No Template Control NTC -
"- "GenBank number is unavalaible
Table S5.4. List of Genes on the Chicken AestroChip Array
Pathway Description Symbol RefSeq
Vitellogenin-1 VTGl NM_001004408
Cathepsin D-like CTSD NM_205177
Apovitellenin-1 APOV1 NM_205483
ELOVL fatty acid elongase 2 ELVOL2 NM_001197308
Estrogen responsive Cholesterol 7-alpha-monooxygenase CYP7A1 NM_001001753
genes Vitellogenin-2 VTG2 NM_001031276
Orosomucoid 1 ORM1 NM_ 204541
Carnitine O-palmitoyltransferase 1 CPT1A NM_001012898
Avidin AVD NM_205320
Vascular cell adhesion molecule 1, transcript
variant X2 VCAM1 XM 004936551
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Figure S5.1. Cell viability (%) of CEH exposed to various concentrations of A) BPF, B) TGSH,

C) DD-70, D) BPAF and E) BPSIP.
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Figure S5.2. Cell viability (%) of DCEH exposed to various concentrations of A) TGSH, B)

DD-70, C) BPAF, and D) BPSIP.
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Table S5.5. Mean log2 fold changes of all genes on the chicken ToxChip array, unadjusted p-

values and false discovery rate (FDR) adjusted p-values.

Log2 Fold Change

Genes BPF TGSH DD-70 BPAF BPSIP BPA E2
ACSL5 0.20 1.03 0.34 0.09 0.11 -0.64 -0.92
ALAS1 0.22 1.28 0.46 0.28 0.11 -0.21 0.72
ALDH1A1 0.57 0.23 0.57 -0.25 -0.08 0.05 -0.11
AOC1 -1.18 -2.21 -2.47 -2.74 0.00 0.52 0.19
APOB -1.05 -1.11 -0.68 -0.32 -0.04 0.14 0.95
BATF3 0.05 0.63 -0.27 0.32 0.41 0.33 0.34
CA3B -0.46 0.08 0.31 0.35 -0.32 -0.96 -0.95
CYP1A4 1.57 3.94 1.53 1.21 2.36 0.08 0.92
CYP3A7 -0.64 -0.90 0.10 0.56 -0.43 -0.02 0.35
CYP7B1 -0.41 -1.41 -1.03 -0.95 0.06 0.75 1.24
CYPAB 0.80 -0.19 0.34 0.62 0.74 -1.51 -0.87
FGA -0.26 0.37 -0.63 -0.17 1.09 0.78 0.46
FGF19 -0.97 1.79 -1.09 -0.38 -0.31 -1.26 -0.34
FOXA1l -1.41 -1.35 -1.45 -1.38 0.30 0.23 0.44
G6PC 0.76 0.45 0.23 0.00 -0.12 -0.59 -1.12
GADD45 -0.92 -0.81 -1.63 -1.09 -0.07 0.36 0.56
HMOX1 -1.10 -0.73 -0.85 -0.31 -0.07 0.41 1.23
IGF1 -0.63 -2.13 -0.22 -1.14 -0.94 0.67 -0.31
IL16 0.11 -0.02 0.60 0.03 -0.17 -0.73 -1.22
IL1B -0.19 -0.90 -0.37 -0.29 0.61 -0.24 -0.57
LBFABP 0.91 0.94 0.96 0.17 0.52 -0.39 -0.93
LEAP2 0.73 1.74 0.44 0.58 0.39 -0.65 -0.28
LSS -0.89 -1.65 -1.91 -2.17 -0.11 0.09 -0.10
MAT1A -0.13 -0.25 -0.01 -0.09 0.56 0.05 0.66
MGMT 0.23 0.12 0.10 -0.03 0.27 0.20 0.56
MGST3 0.54 0.64 0.49 0.17 0.24 -0.66 -1.05
MSH2 -0.63 -0.09 -0.55 -0.41 0.12 -0.12 0.02
MT4 0.10 -0.33 0.21 -0.70 0.25 -0.90 -0.43
NAT2 0.09 1.05 0.36 0.03 -0.46 -0.04 -0.17
NOS2 -0.01 0.23 0.51 -0.21 0.07 -0.05 -0.14
PDK4 0.63 2.06 0.82 0.30 1.15 0.36 0.42
POLB -0.66 -0.70 -0.94 -0.87 -0.09 -0.26 -0.08
POLK -0.50 -0.24 -0.47 -0.60 0.11 -0.08 -0.88
SCD -1.27 -1.89 -1.39 -1.15 -0.15 -0.09 -1.59
SLCO1A5 0.24 0.46 0.60 0.36 0.18 -0.11 -0.07
SULT1B1 0.00 -0.21 -0.32 0.13 0.34 0.39 0.73
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SULT1E1 0.62 0.64 0.32 -0.06 0.04 -0.56 -0.64
THRSP -0.24 -2.65 -0.17 0.01 -0.84 -0.40 -1.11
TP63 -0.63 -0.22 -0.76 -0.87 -0.43 -0.68 -0.36
TTR -0.09 -0.81 0.01 -0.13 -0.20 0.72 0.18
TXN 0.39 1.72 0.25 -0.15 -0.17 -0.53 0.55
UGT1A9 -1.18 -1.65 0.14 -0.77 -0.23 0.31 0.34
EEF1A1 0.21 0.16 0.03 0.16 0.40 -0.13 -0.03
RPL4 0.5 0.8 0.3 0.7 0.3 -0.4 -0.3
Unadjusted p-values

Genes BPF TGSH DD-70 BPAF BPSIP BPA E2
ACSL5 0.26 0.00 0.01 0.42 0.31 0.47 0.32
ALAS1 0.28 0.00 0.07 0.25 0.62 0.29 0.01
ALDH1A1 0.00 0.11 0.01 0.17 0.65 0.96 0.90
AOC1 0.03 0.00 0.01 0.01 1.00 0.21 0.61
APOB 0.01 0.01 0.01 0.16 0.86 0.60 0.01
BATF3 0.80 0.02 0.30 0.23 0.13 0.15 0.14
CA3B 0.14 0.77 0.42 0.35 0.40 0.22 0.22
CYP1A4 0.01 0.00 0.00 0.00 0.00 0.93 0.36
CYP3A7 0.00 0.00 0.56 0.01 0.03 0.92 0.09
CYP7B1 0.12 0.00 0.01 0.02 0.84 0.08 0.01
CYPAB 0.20 0.74 0.67 0.44 0.36 0.12 0.33
FGA 0.28 0.14 0.03 0.50 0.00 0.01 0.04
FGF19 0.03 0.00 0.00 0.14 0.21 0.04 0.51
FOXA1l 0.00 0.00 0.00 0.00 0.30 0.35 0.10
G6PC 0.01 0.09 0.46 0.99 0.71 0.08 0.01
GADD45 0.01 0.01 0.00 0.00 0.75 0.09 0.02
HMOX1 0.01 0.06 0.00 0.10 0.67 0.22 0.01
IGF1 0.03 0.00 0.41 0.00 0.01 0.03 0.23
IL16 0.76 0.95 0.12 0.93 0.63 0.13 0.03
IL1B 0.36 0.00 0.54 0.64 0.33 0.55 0.19
LBFABP 0.00 0.00 0.00 0.37 0.02 0.04 0.00
LEAP2 0.01 0.00 0.03 0.01 0.05 0.02 0.20
LSS 0.02 0.00 0.00 0.00 0.82 0.78 0.76
MATI1A 0.37 0.11 0.93 0.53 0.00 0.87 0.05
MGMT 0.03 0.17 0.42 0.81 0.06 0.34 0.02
MGST3 0.00 0.00 0.05 0.44 0.29 0.45 0.25
MSH2 0.12 0.81 0.10 0.20 0.70 0.52 0.91
MT4 0.36 0.02 0.53 0.06 0.47 0.03 0.25
NAT2 0.78 0.02 0.25 0.92 0.16 0.75 0.21
NOS2 0.97 0.47 0.05 0.35 0.76 0.82 0.58
PDK4 0.09 0.00 0.02 0.29 0.00 0.23 0.16
POLB 0.06 0.05 0.00 0.00 0.67 0.48 0.82
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POLK 0.11 0.40 0.09 0.04 0.66 0.93 0.38
SCD 0.00 0.00 0.00 0.01 0.65 0.92 0.14
SLCO1A5 0.22 0.04 0.01 0.08 0.34 0.44 0.60
SULT1B1 1.00 0.20 0.02 0.25 0.01 0.02 0.00
SULT1E1 0.00 0.00 0.04 0.67 0.78 0.56 0.51
THRSP 0.53 0.00 0.47 0.97 0.01 0.20 0.01
TP63 0.13 0.57 0.01 0.00 0.07 0.23 0.51
TTR 0.62 0.00 0.95 0.39 0.18 0.01 0.38
TXN 0.07 0.00 0.41 0.61 0.56 0.03 0.02
UGT1A9 0.10 0.04 0.66 0.03 0.47 0.38 0.33
EEF1A1 0.49 0.59 0.95 0.74 0.42 0.24 0.75
RPL4 0.019 0.003 0.191 0.003 0.128 0.003 0.012
False discovery rate (FDR) adjusted p-value

Genes BPF TGSH DD-70 BPAF BPSIP BPA E2
ACSL5 0.42 0.01 0.04 0.58 0.49 0.63 0.49
ALAS1 0.45 0.01 0.18 0.41 0.75 0.46 0.04
ALDH1A1 0.02 0.24 0.04 0.32 0.77 0.97 0.96
AOC1 0.08 0.02 0.04 0.03 1.00 0.37 0.74
APOB 0.04 0.03 0.04 0.31 0.92 0.73 0.04
BATF3 0.88 0.07 0.48 0.40 0.27 0.30 0.28
CA3B 0.27 0.85 0.58 0.53 0.56 0.38 0.39
CYP1A4 0.04 0.00 0.01 0.02 0.00 0.96 0.53
CYP3A7 0.02 0.01 0.70 0.04 0.09 0.96 0.21
CYP7B1 0.25 0.01 0.04 0.06 0.90 0.19 0.05
CYPAB 0.37 0.84 0.77 0.60 0.53 0.25 0.51
FGA 0.45 0.28 0.09 0.66 0.02 0.03 0.11
FGF19 0.10 0.02 0.02 0.28 0.38 0.11 0.66
FOXA1 0.02 0.02 0.01 0.01 0.48 0.53 0.22
G6PC 0.05 0.21 0.62 1.00 0.81 0.18 0.03
GADDA45 0.03 0.05 0.00 0.01 0.85 0.20 0.06
HMOX1 0.05 0.14 0.01 0.23 0.78 0.39 0.03
IGF1 0.09 0.00 0.58 0.02 0.03 0.09 0.40
IL16 0.85 0.97 0.26 0.96 0.76 0.27 0.08
IL1B 0.53 0.02 0.69 0.76 0.51 0.69 0.35
LBFABP 0.01 0.01 0.01 0.54 0.06 0.11 0.01
LEAP2 0.04 0.01 0.10 0.04 0.14 0.06 0.37
LSS 0.06 0.01 0.02 0.02 0.88 0.86 0.85
MAT1A 0.54 0.24 0.96 0.67 0.02 0.93 0.13
MGMT 0.08 0.32 0.58 0.88 0.14 0.51 0.08
MGST3 0.02 0.01 0.13 0.60 0.46 0.61 0.41
MSH2 0.25 0.88 0.22 0.37 0.81 0.66 0.96
MT4 0.53 0.06 0.68 0.16 0.63 0.10 0.41

220



NAT2
NOS2
PDK4
POLB
POLK
SCD
SLCO1A5
SULT1B1
SULT1E1
THRSP
TP63
TTR
TXN
UGT1A9
EEF1A1
RPL4

0.86
0.98
0.21
0.14
0.25
0.02
0.39
1.00
0.01
0.68
0.27
0.75
0.18
0.22
0.64
0.063

0.06
0.63
0.01
0.12
0.57
0.01
0.10
0.37
0.01
0.01
0.70
0.02
0.00
0.10
0.73
0.021

0.42
0.12
0.06
0.01
0.21
0.02
0.04
0.06
0.10
0.63
0.03
0.97
0.58
0.77
0.97
0.356

0.96
0.53
0.47
0.02
0.12
0.03
0.19
0.41
0.77
0.98
0.02
0.55
0.73
0.10
0.84
0.020

0.30
0.85
0.02
0.77
0.77
0.77
0.52
0.05
0.86
0.03
0.16
0.34
0.70
0.63
0.58
0.267

0.85
0.88
0.39
0.63
0.96
0.96
0.60
0.07
0.70
0.37
0.40
0.04
0.08
0.54
0.40
0.020

0.38
0.71
0.32
0.88
0.54
0.27
0.73
0.01
0.66
0.03
0.66
0.54
0.07
0.51
0.85
0.046
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Table S5.6. Mean log2 fold changes of all genes on the chicken AestroChip array, unadjusted p-values

and FDR adjusted p-values

Log2 Fold Change

Genes BPF TGSH DD-70 BPAF BPSIP BPA E2

APO 5.8 1.1 0.4 0.0 1.4 2.2 9.8
CATH 0.4 0.4 -1.2 1.1 1.3 0.7 1.8
CYP7A 1.1 2.6 -1.3 -0.2 2.1 1.4 2.8
ELV 0.0 -0.4 1.1 1.0 2.0 0.3 1.0
VTG 0.6 0.7 -2.1 -1.1 -1.5 -0.3 -0.2
AVD 2.8 1.2 0.0 -1.1 -2.4 0.4 -2.7
CPT 1.0 0.7 1.2 -1.8 4.1 1.0 3.2
ORMI 1.6 1.6 1.5 -0.1 1.5 0.3 1.6
VCAM -0.6 -0.6 1.6 0.9 4.5 -0.5 34
VTG2 1.6 0.9 1.8 -2.9 1.5 -2.8 9.3

Unadjusted p-value

Genes BPF TGSH DD-70 BPAF BPSIP BPA E2

APO 0.000 0.036 0.637 1.000 0.161 0.017 0.000
CATH 0.484 0.436 0.020 0.036 0.016 0.261 0.018
CYP7A 0.149 0.008 0.136 0.790 0.035 0.266 0.054
ELV 0.930 0.376 0.132 0.179 0.018 0.189 0.002
VTG 0.256 0.165 0.139 0.397 0.265 0.420 0.580
AVD 0.000 0.004 0.925 0.039 0.001 0.401 0.002
CPT 0.187 0.318 0.039 0.004 0.000 0.035 0.000
ORMI 0.042 0.044 0.014 0.844 0.016 0.589 0.032
VCAM 0.404 0.347 0.152 0.388 0.003 0.706 0.050
VTG2 0.042 0.190 0.037 0.005 0.081 0.004 0.000

False discovery rate (FDR) adjusted p-value

Genes BPF TGSH DD-70 BPAF BPSIP BPA E2

APO 0.000 0.091 0.697 1.000 0.268 0.060 0.000
CATH 0.555 0.509 0.064 0.091 0.060 0.365 0.060
CYP7A 0.260 0.037 0.249 0.838 0.091 0.365 0.108
ELV 0.943 0.487 0.249 0.283 0.060 0.283 0.016
VTG 0.365 0.269 0.249 0.488 0.365 0.498 0.654
AVD 0.000 0.022 0.943 0.091 0.010 0.488 0.016
CPT 0.283 0.428 0.091 0.022 0.000 0.091 0.000
ORMI 0.092 0.093 0.060 0.882 0.060 0.654 0.091
VCAM 0.488 0.458 0.260 0.488 0.021 0.760 0.103
VTG2 0.092 0.283 0.091 0.025 0.158 0.022 0.000
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Table S5.7. Mean log2 fold changes of all genes on the double-crested cormorant ToxChip

array, unadjusted p-values and FDR adjusted p-values.

Mean log2 Fold Change

Gene TGSH DD-70 BPAF BPSIP E2
ACSL5 0.1 1.0 0.2 0.1 0.8
ALAS1 -0.9 0.4 0.4 0.4 0.7
ALDH1A1 0.9 -0.7 0.0 -0.8 2.1
AOC1 -0.3 -0.3 1.6 -0.1 0.0
APOB 0.3 0.1 0.3 -0.1 0.9
BATF3 0.0 0.9 0.1 -0.9 -0.4
CDKN1A 0.1 -0.3 1.0 -0.9 -0.3
CYP1A4 0.4 0.3 2.4 1.5 0.8
CYP3A7 2.0 0.5 1.0 1.5 1.4
CYpP7B1 -0.5 0.0 0.3 -0.4 -0.1
EEF1A1 -0.4 0.2 -0.1 -0.4 -0.6
FGA 0.4 0.2 0.1 -0.5 0.2
FGF19 0.0 0.7 0.7 1.9 -0.4
FOXA1l -0.2 -0.2 0.7 0.0 0.0
FRZB -0.4 -0.3 -0.1 -0.9 0.1
G6PC -0.3 -1.6 1.0 -0.9 1.2
GAPDH -0.3 0.1 -0.3 -0.2 -0.3
GPX3 0.7 -1.1 1.0 -0.2 1.2
GSTM3 0.2 0.3 0.4 -0.2 0.3
HK1 -0.5 -0.6 -0.2 -0.6 -0.3
HMGCR -0.1 0.1 -0.1 0.3 -0.1
HMOX1 0.3 -0.2 0.0 1.0 0.6
IL16 -0.9 -0.2 0.0 0.0 -0.2
LBFABP 0.1 0.3 -0.5 -1.3 -0.3
LEAP2 0.1 0.0 0.5 -0.6 -0.7
LIPC -0.8 -0.1 -0.3 -1.9 -1.1
LSS -0.1 0.5 0.8 0.6 0.3
M2B 0.1 -0.1 0.0 -0.7 -0.2
MAT1A 0.2 0.0 0.8 0.4 0.8
MDM2 0.3 0.3 0.0 -0.3 0.2
MGMT -0.1 0.2 0.5 -0.4 -0.2
MGST3 0.2 0.2 -0.1 -0.5 -0.1
MSH2 0.1 -0.1 0.0 -0.4 0.0
MT4 -0.4 0.0 -0.7 2.6 -0.3
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NCOA3 0.0 -0.2 0.0 -0.8 0.5
NOS2 -0.7 -0.8 0.1 -1.1 -0.2
PDK4 -1.0 -0.2 1.0 0.1 0.6
POLB -0.1 -0.1 0.0 -1.1 0.1
POLK 0.3 -04 0.5 -1.0 0.5
RGN -0.8 0.4 0.1 -0.2 0.0
RPL4 0.1 -0.1 -0.1 0.3 1.0
SLCO1A2 0.1 0.2 1.1 -0.3 0.2
SULT1E1 0.4 0.0 0.5 0.5 0.4
THRSP -0.2 -1.4 0.5 -0.9 -0.1
TTR 0.2 -0.3 -0.5 -1.1 0.2
UGT1A1 0.8 0.2 0.7 0.3 0.6
Unadjusted p-value
Gene TGSH DD-70 BPAF BPSIP E2
ACSL5 0.834 0.004 0.774 0.835 0.268
ALAS1 0.440 0.082 0.076  0.103 0.515
ALDH1A1 0.062 0.007 0.928 0.005 0.002
AOC1 0.494 0.641 0.201 0.895 0.950
APOB 0.440 0.851 0.498 0.707 0.046
BATF3 0.916 0.011 0.812 0.009 0.387
CDKN1A 0.903 0.694 0.120 0.293 0.554
CYP1A4 0.254 0.457 0.143 0.010 0.064
CYP3A7 0.074 0.078 0.002 0.001 0.171
CYP7B1 0.377 0.988 0.138 0.457 0.860
EEF1A1 0.362 0.370 0.638 0.070 0.195
FGA 0.066 0.271 0.679 0.021 0.348
FGF19 0.880 0.001 0.057 0.000 0.246
FOXA1l 0.568 0.549 0.020 0.859 0.974
FRZB 0.557 0.194 0.747 0.002 0.891
G6PC 0.766 0.163 0.512 0.410 0.282
GAPDH 0.377 0.766 0.698 0.597 0.484
GPX3 0.280 0.023 0.167 0.595 0.085
GSTM3 0.356 0.163 0.367 0.384 0.188
HK1 0.019 0.005 0.529 0.006 0.095
HMGCR 0.833 0.512 0.648 0.202 0.776
HMOX1 0.365 0.586 0.477 0.010 0.050
IL16 0.041 0.294 0.973 0.826 0.552
LBFABP 0.822 0.086 0.223 0.000 0.224
LEAP2 0.886 0.801 0.058 0.012 0.235
LIPC 0.377 0.778 0.720 0.000 0.248
LSS 0.672 0.174 0.036 0.103 0.355
M2B 0.243 0.607 0.957 0.036 0.115
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MATI1A 0.712 0.857 0.011 0.160 0.109
MDM?2 0.192 0.338 0.933 0.275 0.371
MGMT 0.720 0.611 0.289 0.306 0.417
MGST3 0.641 0.232 0.665 0.023 0.795
MSH2 0.716 0.535 0.842 0.083 0.927
MT4 0.131 0.698 0.003 0.000 0.233
NCOA3 0.956 0.542 0.910 0.062 0.117
NOS2 0.250 0.090 0.897 0.030 0.685
PDK4 0.306 0.267 0.006 0.673 0.511
POLB 0.807 0.704 0.829 0.010 0.908
POLK 0.572 0.068 0.308 0.002 0.410
RGN 0.069 0.082 0.169 0.354 0.897
RPL4 0.678 0.876 0.613 0.395 0.004
SLCO1A2 0.617 0.354 0.140 0.239 0.475
SULT1E1 0.482 0.903 0.226 0.035 0.383
THRSP 0.667 0.005 0.285 0.038 0.859
TTR 0.488 0.111 0.011 0.000 0.338
UGT1A1l 0.011 0.517 0.088 0.362 0.035
False discovery rate (FDR) adjusted p-value

Gene TGSH DD-70 BPAF BPSIP E2

ACSL5 0.946 0.072 0.927 0.946 0.611
ALAS1 0.738 0.330 0.323 0.366 0.788
ALDH1A1 0.305 0.081 0.957 0.072 0.048
AOC1 0.783 0.867 0.534 0.951 0.970
APOB 0.738 0.947 0.784 0.886 0.250
BATF3 0.953 0.093 0.946 0.093 0.679
CDKN1A 0.951 0.886 0.396 0.621 0.811
CYP1A4 0.590 0.757 0.445 0.093 0.308
CYP3A7 0.323 0.325 0.048 0.038 0.493
CYP7B1 0.678 0.988 0.441 0.757 0.947
EEF1A1 0.678 0.678 0.867 0.308 0.528
FGA 0.308 0.611 0.882 0.148 0.678
FGF19 0.951 0.038 0.296 0.000 0.586
FOXA1 0.822 0.811 0.148 0.947 0.978
FRZB 0.811 0.528 0.914 0.048 0.951
G6PC 0.927 0.487 0.788 0.704 0.618
GAPDH 0.678 0.927 0.886 0.842 0.778
GPX3 0.618 0.158 0.493 0.842 0.331
GSTM3 0.678 0.487 0.678 0.679 0.527
HK1 0.143 0.072 0.800 0.072 0.347
HMGCR 0.946 0.788 0.872 0.534 0.927
HMOX1 0.678 0.837 0.778 0.093 0.266
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IL16
LBFABP
LEAP2
LIPC

LSS
M2B
MAT1A
MDM2
MGMT
MGST3
MSH2
MT4
NCOA3
NOS2
PDK4
POLB
POLK
RGN
RPL4
SLCO1A2
SULT1E1
THRSP
TTR
UGT1A1

0.232
0.946
0.951
0.678
0.882
0.586
0.886
0.528
0.886
0.867
0.886
0.423
0.970
0.586
0.633
0.946
0.822
0.308
0.882
0.850
0.778
0.882
0.779
0.093

0.621
0.331
0.945
0.927
0.495
0.849
0.947
0.678
0.849
0.581
0.804
0.886
0.810
0.334
0.611
0.886
0.308
0.330
0.951
0.678
0.951
0.072
0.381
0.788

0.978
0.578
0.298
0.886
0.212
0.970
0.093
0.958
0.621
0.882
0.947
0.059
0.951
0.951
0.076
0.946
0.633
0.493
0.849
0.441
0.578
0.618
0.093
0.331

0.946
0.007
0.097
0.007
0.366
0.212
0.487
0.614
0.633
0.158
0.330
0.000
0.305
0.198
0.882
0.093
0.048
0.678
0.688
0.585
0.212
0.220
0.016
0.678

0.811
0.578
0.581
0.586
0.678
0.387
0.381
0.678
0.711
0.943
0.957
0.581
0.390
0.885
0.788
0.951
0.704
0.951
0.072
0.778
0.679
0.947
0.678
0.212
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A4. Chapter 6: Toxicity Screening of Bisphenol A Replacement Compounds: Cytotoxicity and
mMRNA Expression in LMH 3D Spheroids

Table S6.1. List of Pathways and Genes on the Chicken ToxChip Array (catalogue #

CLAG22572; Qiagen).

Pathway Description Symbol RefSeq
Cytochrome P450, family 7, subfamily B,
polypeptide 1 CYP7B1 XM_418276
Bile Fibroblast growth factor 19 FGF19 NM_204674
acids/cholt_asterol Forkhead box Al FOXA1 XM_004941922
regulation Apolipoprotein B (including Ag(x) antigen) APOB NM_001044633
Lanosterol synthase (2,3-oxidosqualene-
lanosterol cyclase) LSS NM_ 001006514
Cdk inhibitor CIP1 (p21) CDKN1A NM_204396
Cell cycle Tumor protein p63 TP63 NM_204351
Amine oxidase, copper containing 1 AOC1 XM_015281151
Growth arrest and DNA-damage-inducible,
alpha GADD45A  NM_001044678
0-6-methylguanine-DNA methyltransferase MGMT XM 421823
DNA repair MutS homolog 2, colon cancer, nonpolyposis
type 1 (E. coli) MSH2 XM_426110
Polymerase (DNA directed), beta POLB XM_004947614
Polymerase (DNA directed) kappa POLK NM_204183
Glucose Pyruvate dehydrogenase kinase, isozyme 4 PDK4 NM_001199909
metabolism Glucose-6-phosphatase-like G6pc XM 003642817
Basic leucine zipper transcription factor,
ATF-like 3 BATF3 XM_419428
Interleukin 16 (lymphocyte chemoattractant
Immune response factor) IL16 NM_204352
Liver expressed antimicrobial peptide 2 LEAP2 NM_001001606
Interleukin 1, beta IL1B NM_204524
Nitric oxide synthase 2, inducible NOS2 NM_204961
Acyl-CoA synthetase long-chain family
member 5 ACSL5 NM_001031237
L . Solute carrier organic anion transporter
Lipid homeostasis  family, member 1A2 SLCO1A2  XM_416421
Stearoyl-CoA desaturase (delta-9-desaturase) SCD NM_204890
Liver basic fatty acid binding protein LBFABP NM_204634
Thioredoxin TXN NM_205453
Oxidative stress  Carbonic anhydrase I11-like (LOC420209) CA3B NM_001277410.1
Metallothionein 4 MT4 NM_205275
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Heme oxygenase 1 HMOX1 NM_205344
Microsomal glutathione S-transferase 3 MGST3 NM_001277533
Crystallin, alpha B CRYAB NM_205176
Thyroid hormone  Transthyretin TTR NM_205335
pathway Thyroid hormone responsive (SPOT14
homolog, rat) THRSP NM_ 213577
Insulin-like growth factor 1 (somatomedin C) IGF1 NM_001004384
Cytochrome P450 A 37 CYP3AT7 NM_001001751
Cytochrome P450 1A4 CYP1A4 NM_205147
UDP glucuronosyltransferase 1 family,
polypeptide A9 UGT1A9 XM_001234353
Sulfotransferase family, cytosolic, 1B,
Xenobiotic member 1 SULTI1B1 NM_204545
metabolism Sulfotransferase family 1E, estrogen-
preferring, member 1 SULTILEL XM_420616
Aminolevulinate, delta-, synthase 1 ALAS1 NM_001018012
Fibrinogen alpha chain FGA NM_001271911
Methionine adenosyltransferase I, alpha MAT1A NM_001199519
N-acetyltransferase 2 (arylamine N-
acetyltransferase) NAT2 XM_001232799
Aldehyde dehydrogenase 1 family, member
Al ALDH1A1 NM_204577
Eukaryotic translation elongation factor 1
alpha 1 EEF1A1 NM_204157
Ribosomal protein L4 RPL4 NM_001007479
Control Chicken Genomic DNA Contamination GGDC SA 00517
Reverse Transcription Control RTC SA_00104
Positive PCR Control PPC SA 00103
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Table S6.2. List of Genes on the Chicken AestroChip Array

Pathway Description Symbol RefSeq
Vitellogenin-1 VTG1 NM_001004408
Cathepsin D-like CTSD NM_205177
Apovitellenin-1 APOV1 NM_205483
ELOVL fatty acid elongase 2 ELVOL2 NM_001197308
Estrogen responsive Cholesterol 7-alpha-monooxygenase CYP7A1 NM_001001753
genes Vitellogenin-2 VTG2 NM_001031276
Orosomucoid 1 ORM1 NM_204541
Carnitine O-palmitoyltransferase 1 CPT1A NM_001012898
Avidin AVD NM_205320
Vascular cell adhesion molecule 1, transcript
variant X2 VCAM1 XM 004936551

Table S6.3. List of genes on the Chicken ComboChip array.

Pathway Description Symbol RefSeq
Fibroblast growth factor 19 FGF19 NM_204674
Forkhead box Al FOXA1 XM_004941922
Bile acid and lipid Lanosterol synthase (2,3-
regulation oxidosqualene-lanosterol cyclase) LSS NM_001006514
Stearoyl-CoA desaturase (delta-9-
desaturase) SCD NM_204890
DNA repair Polymerase (DNA directed), beta POLB XM_004947614
Apovitellenin-1 APOV1 NM_205483
. Cathepsin D-like CTSD NM_205177
Estrogen responsive genes
Cholesterol 7-alpha-monooxygenase CYP7A1l NM_001001753
Vitellogenin-2 VTG2 NM_001031276
Xenobiotic metabolism Cytochrome P450 1A4 CYP1A4 NM_205147
Eukaryotic translation elongation
Control factor 1 alpha 1 EEF1A1 NM_204157
Ribosomal protein L4 RPL4 NM_001007479
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Table S6.4. Mean log2 fold changes of all genes on the chicken AestroChip array and FDR

adjusted p-values

Log 2 fold change

Genes BPF TGSH DD70 BPAF BPSIP BPA E2
APO 5.76 0.06 -0.29 6.36 3.21 2.29 6.98
AVD 2.82 1.71 0.73 1.87 2.30 2.55 1.21
CPT1A 3.65 3.79 3.24 4.07 3.59 3.45 2.35
CTSD 3.82 3.48 3.72 3.73 4.25 2.96 3.08
CYP7A 2.94 1.55 2.89 3.22 0.90 1.82 1.71
EEF1A1l -0.26 -0.58 -0.17 0.70 0.17 141 0.26
ELVL 2.61 2.50 1.96 -0.18 2.62 2.31 1.32
ORM1 2.49 1.51 0.89 2.54 2.46 2.03 1.39
VCAM 1.28 -0.20 -0.88 0.91 0.28 -0.43 -0.33
VTG2 4.18 0.74 2.56 4.41 3.74 3.76 6.68
FDR adjusted p-value

Genes BPF TGSH DD70 BPAF BPSIP BPA E2
APO 1.8E-07 9.1E-01 6.8E-01 8.6E-08 7.6E-05 1.5E-03 3.3E-08
AVD 1.6E-02 1.3E-01 5.3E-01 9.6E-02 4.3E-02 2.6E-02 2.8E-01
CPT1A 2.6E-07 1.8E-07 7.7E-07 9.8E-08 2.8E-07 4.4E-07 2.6E-05
CTSD 2.2E-06 5.4E-06 2.7E-06 2.7E-06  7.1E-07 3.3E-05 2.3E-05
CYP7A 1.6E-04 2.0E-02 1.8E-04 7.0E-05 1.6E-01  7.8E-03 1.2E-02
EEF1A1 5.3E-01 1.5E-01 6.9E-01 8.7E-02 6.9E-01 1.6E-03 5.3E-01
ELVL 1.6E-04 2.1E-04 1.7E-03  7.6E-01 1.6E-04 4.5E-04 2.3E-02
ORM1 1.4E-03 3.3E-02 2.0E-01 1.2E-03 1.5E-03 6.2E-03 4.7E-02
VCAM 2.6E-01 8.5E-01 45E-01 4.3E-01 7.9E-01 7.1E-01 7.7E-01
VTG2 1.2E-06 2.0E-01 2.0E-04 7.1E-07 3.8E-06 3.8E-06 2.2E-08
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Table S6.5. Mean log2 fold changes of all genes on the chicken ToxChip array and false

discovery rate (FDR) adjusted p-values.

Log2 fold change

Genes BPF TGSH DD70 BPAF BPSIP BPA E2

ACSL5 -0.63 -1.85 -0.03 -0.08 -0.28 0.08 -1.03
ALAS1 0.09 0.52 0.31 0.61 1.21 -0.09 0.65
ALDH1A1 -1.70 -1.69 -0.50 0.03 -0.45 0.12 1.31
AOC1 0.14 -0.92 -1.22 -0.90 -1.78 -0.17 0.58
APOB 0.42 1.48 -0.88 0.65 1.00 -0.06 0.55
BATF3 0.31 0.72 0.37 0.46 0.30 0.06 0.36
CA3B 0.22 -0.20 -0.30 0.73 0.21 -1.29 0.90
CDKN1A 0.26 0.25 -0.29 1.03 -0.81 0.06 0.43
CYP1A4 2.57 2.13 2.20 1.95 2.62 0.99 0.24
CYP3A7 0.05 -0.15 0.67 0.70 0.22 0.47 1.12
CYPAB 1.80 1.10 1.35 1.37 1.57 0.93 0.82
EEF1A1 0.01 -0.06 0.19 0.05 0.07 0.21 0.00
FGA 0.00 -0.33 0.02 0.34 0.45 -0.18 0.17
FOXA1 -0.38 -1.84 -2.15 1.60 -0.79 -0.24 0.24
G6PC 0.25 -0.39 -0.25 -0.15 0.19 -0.81 -0.02
GADD45 0.92 1.10 1.35 1.37 0.05 0.56 1.96
HMOX1 0.64 -0.01 1.80 0.77 0.85 0.10 0.24
IL16 0.23 0.04 -0.92 -0.20 0.24 0.40 -0.11
IL1B 0.27 -0.07 -0.25 -0.64 -0.58 -0.37 0.16
LEAP2 1.01 1.55 0.38 1.18 1.51 0.83 0.80
LBFABP 0.83 -0.31 0.84 0.77 0.04 0.11 -1.25
LSS 0.23 -1.75 -2.09 -0.97 -0.68 -0.19 0.17
MAT1A 1.44 0.43 1.33 1.26 1.14 0.78 0.73
MGMT 0.22 -1.03 0.25 -0.18 0.80 -0.12 -0.99
MGST3 -1.85 -1.22 -0.54 -0.42 0.11 -0.02 -0.93
MSH2 0.39 -0.07 -1.07 0.82 0.68 -0.15 -0.29
MT4 0.20 0.97 0.60 1.55 2.80 0.94 1.59
NAT2 0.11 0.47 -0.50 1.41 -0.21 0.46 1.14
NOS2 0.35 0.57 -0.01 -0.56 -0.19 0.77 0.94
PDK4 1.56 -1.69 0.78 1.95 2.22 1.11 0.64
POLB 1.61 1.24 1.67 141 -0.32 0.71 1.64
POLK -2.47 -2.26 -0.78 -0.40 0.04 -0.14 -0.34
SCD 0.54 1.60 2.20 1.39 1.72 2.06 1.15
SLCO1A5 -1.11 -0.22 1.47 1.21 1.20 0.13 -1.21
SULT1B1 0.52 0.14 0.19 0.03 0.02 0.34 0.76
SULT1E1 -1.09 -2.11 -0.40 -0.56 -0.58 -0.07 0.60
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THRSP 0.35 -0.52 -0.02 0.04 1.28 0.15 0.11
TP63 -1.22 -0.30 -1.01 -0.42 -1.65 -0.32 0.23
TTR 0.03 -1.89 0.70 1.66 1.80 -0.10 -0.07
TXN 0.19 0.58 -0.20 0.23 -0.56 -0.03 1.35
UGT1A9 -0.23 -1.22 -0.64 -0.32 -0.50 -0.73 0.41
FDR adjusted p-value

Genes BPF TGSH DD70 BPAF BPSIP BPA E2

ACSL5 0.59 0.05 0.99 0.99 0.91 0.99 0.28
ALAS1 0.96 0.47 0.75 0.35 0.06 0.96 0.31
ALDH1A1 0.23 0.23 0.87 0.99 0.90 0.99 0.37
AOC1 0.99 0.71 0.54 0.71 0.30 0.99 0.88
APOB 0.69 0.05 0.24 0.42 0.18 0.99 0.53
BATF3 0.80 0.31 0.72 0.61 0.81 0.99 0.72
CA3B 0.94 0.94 0.91 0.59 0.94 0.24 0.46
CDKN1A 0.91 0.93 0.91 0.30 0.47 0.99 0.80
CYP1A4 0.02 0.05 0.04 0.05 0.02 0.29 0.91
CYP3A7 0.99 0.97 0.71 0.69 0.94 0.86 0.38
CYPAB 0.17 0.44 0.30 0.30 0.23 0.55 0.63
EEF1A1 1.00 0.99 0.93 0.99 0.99 0.91 1.00
FGA 1.00 0.71 0.99 0.71 0.54 0.91 0.91
FOXA1 0.87 0.08 0.05 0.13 0.52 0.93 0.93
G6PC 0.90 0.75 0.90 0.94 0.93 0.31 0.99
GADD45 0.34 0.25 0.16 0.15 0.99 0.66 0.05
HMOX1 0.35 0.99 0.02 0.26 0.21 0.96 0.87
IL16 0.91 0.99 0.27 0.93 0.91 0.75 0.97
IL1B 0.86 0.99 0.87 0.40 0.48 0.72 0.93
LEAP2 0.20 0.05 0.75 0.14 0.06 0.30 0.31
LBFABP 0.14 0.70 0.14 0.17 0.99 0.94 0.05
LSS 0.93 0.08 0.05 0.34 0.57 0.94 0.94
MAT1A 0.15 0.80 0.18 0.20 0.25 0.48 0.53
MGMT 0.94 0.46 0.94 0.96 0.61 0.99 0.48
MGST3 0.20 0.43 0.86 0.91 0.99 0.99 0.61
MSH2 0.94 0.99 0.71 0.82 0.88 0.99 0.96
MT4 0.96 0.55 0.80 0.26 0.05 0.57 0.25
NAT2 0.99 0.90 0.88 0.35 0.96 0.90 0.51
NOS2 0.93 0.86 1.00 0.86 0.97 0.72 0.63
PDK4 0.13 0.10 0.52 0.06 0.05 0.28 0.63
POLB 0.10 0.20 0.09 0.15 0.90 0.54 0.09
POLK 0.04 0.05 0.53 0.86 0.99 0.96 0.90
SCD 0.81 0.20 0.08 0.27 0.17 0.10 0.38
SLCO1A5 0.20 0.92 0.09 0.17 0.17 0.96 0.17
SULT1B1 0.53 0.94 0.91 0.99 0.99 0.73 0.27
SULT1E1 0.27 0.05 0.82 0.69 0.66 0.99 0.63
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THRSP
TP63
TTR
TXN

UGT1A9

0.88
0.28
0.99
0.94
0.94

0.72
0.91
0.06
0.72
0.29

0.99
0.38
0.57
0.94
0.70

0.99
0.86
0.10
0.94
0.91

0.20
0.14
0.08
0.72
0.80

0.96
0.91
0.99
0.99
0.61

0.99
0.94
0.99
0.22
0.87

Table S6.6. Mean log2 fold changes of all genes on the chicken AestroToxChip array and FDR

adjusted p-values

Log2 fold change

Chemical Dose APO CTSD CYP1A4 CYP7A1 EEF1A1 FGF19 FOXAl1l LSS POLB SCD VTG2
DD-70 0.01 0.26 0.87 1.58 0.57 -0.05 0.89 0.44 1,51 151 036 0.71
DD-70 0.1 0.19 1.25 0.55 -0.70 0.61 0.29 132 081 156 135 -0.35
DD-70 1 -0.28 1.56 2.27 2.98 0.33 4.90 343 124 251 3.21 0.33
BPAF 0.01 420 1.04 1.26 0.67 0.66 1.87 1.01 0.74 153 0.65 1.06
BPAF 0.1 4.36 1.64 0.33 0.94 0.45 0.04 1.54 1.00 1.38 1.18 0.34
BPAF 1 5.18 2.16 2.05 241 0.72 0.58 1.20 131 235 274 1.70

FDR adjusted p-value

Chemical Dose APO CTSD CYP1A4 CYP7A1 EEF1A1 FGF19 FOXAl1l LSS POLB SCD VTG2
DD-70 0.01 0.72 0.32 0.06 0.69 0.96 0.31 0.70 0.19 0.08 0.70 0.48
DD-70 0.1 0.79 0.18 0.48 0.61 0.60 0.71 0.24 0.48 0.08 0.17 0.70
DD-70 1 0.72 0.10 0.01 0.05 0.72 0.00 0.01 0.27 0.01 0.01 0.71
BPAF 0.01 0.00 0.15 0.10 0.23 0.54 0.21 0.31 0.53 0.08 0.27 0.24
BPAF 0.1 0.00 0.04 0.68 0.10 0.69 0.97 0.15 0.39 0.10 0.08 0.70
BPAF 1 0.00 0.01 0.02 0.00 0.51 0.70 0.24 0.25 0.02 0.00 0.08
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A5. Chapter 7: Effects of DD-70 and BPAF on mRNA Expression and Developmental Toxicity in

Chicken Embryos

Table S7.1. List of Pathways and Genes on the Chicken ToxChip Array (Qiagen catalogue #

CLAG22572).
Pathway Description Symbol RefSeq
Cytochrome P450, family 7, subfamily
B, polypeptide 1 CYP7B1 XM_ 418276
Fibroblast growth factor 19 FGF19 NM_204674
Bile acids/cholesterol  Forkhead box Al FOXAL XM_004941922
regulation Apolipoprotein B (including Ag(x)
antigen) APOB NM_001044633
Lanosterol synthase (2,3-
oxidosqualene-lanosterol cyclase) LSS NM_001006514
Cdk inhibitor CIP1 (p21) CDKN1A NM_204396
Cell cycle Tumor protein p63 TP63 NM_204351
Amine oxidase, copper containing 1 AOC1 XM 015281151
Growth arrest and DNA-damage-
inducible, alpha GADD45A NM_001044678
0-6-methylguanine-DNA
] methyltransferase MGMT XM 421823
DNA repair MutS homolog 2, colon cancer,
nonpolyposis type 1 (E. coli) MSH2 XM_426110
Polymerase (DNA directed), beta POLB XM 004947614
Polymerase (DNA directed) kappa POLK NM_204183
Pyruvate dehydrogenase kinase,
Glucose metabolism  isozyme 4 PDK4 NM_001199909
Glucose-6-phosphatase-like G6épc XM 003642817
Basic leucine zipper transcription
factor, ATF-like 3 BATF3 XM_419428
Interleukin 16 (lymphocyte
chemoattractant factor) IL16 NM_204352

Immune response

Liver expressed antimicrobial peptide
2 LEAP2

NM_001001606

Interleukin 1, beta IL1B NM_204524
Nitric oxide synthase 2, inducible NOS2 NM_204961
Acyl-CoA synthetase long-chain
family member 5 ACSL5 NM_001031237
Solute carrier organic anion transporter

Lipid homeostasis family, member 1A2 SLCO1A2 XM_416421
Stearoyl-CoA desaturase (delta-9-
desaturase) SCD NM_204890
Liver basic fatty acid binding protein LBFABP NM_204634
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Thioredoxin TXN NM_205453
Carbonic anhydrase I11-like
(LOC420209) CA3B NM_001277410.1
Oxidative stress Metallothionein 4 MT4 NM_205275
Heme oxygenase 1 HMOX1 NM_205344
Microsomal glutathione S-transferase
3 MGST3 NM_001277533
Crystallin, alpha B CRYAB NM_205176
Thyroid hormone ~ Transthyretin TTR NM_205335
pathway Thyroid hormone responsive (SPOT14
homolog, rat) THRSP NM_213577
Insulin-like growth factor 1
(somatomedin C) IGF1 NM_001004384
Cytochrome P450 A 37 CYP3A7 NM_001001751
Cytochrome P450 1A4 CYP1A4 NM_205147
UDP glucuronosyltransferase 1 family,
polypeptide A9 UGT1A9 XM_001234353
Sulfotransferase family, cytosolic, 1B,
Xenaobiotic member 1 SULT1B1 NM_ 204545
metabolism Sulfotransferase family 1E, estrogen-
preferring, member 1 SULT1EL XM_420616
Aminolevulinate, delta-, synthase 1 ALAS1 NM_001018012
Fibrinogen alpha chain FGA NM_001271911
Methionine adenosyltransferase I,
alpha MAT1A NM_001199519
N-acetyltransferase 2 (arylamine N-
acetyltransferase) NAT2 XM_001232799
Aldehyde dehydrogenase 1 family,
member Al ALDH1A1l NM_ 204577
Eukaryotic translation elongation
factor 1 alpha 1 EEF1A1 NM_204157
Ribosomal protein L4 RPL4 NM_001007479
Control Chicken Genomic DNA
Contamination GGDC SA 00517
Reverse Transcription Control RTC SA 00104
Positive PCR Control PPC SA 00103
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Table S7.2. List of Genes on the Chicken AestroToxChip Array

Pathway Description Symbol RefSeq
Vitellogenin-1 VTG1 NM_001004408
Cathepsin D-like CTSD NM_205177
Apovitellenin-1 APOV1 NM_205483
ELOVL fatty acid elongase 2 ELVOL2 NM_001197308
Estrogen responsive Cholesterol 7-alpha-monooxygenase CYP7A1 NM_001001753
genes Vitellogenin-2 VTG2 NM_001031276
Orosomucoid 1 ORM1 NM_204541
Carnitine O-palmitoyltransferase 1 CPT1A NM_001012898
Avidin AVD NM_205320
Vascular cell adhesion molecule 1, transcript
variant X2 VCAM1 XM 004936551
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A) 100,

LD50=128.6ug/g
(30.94-534.419/9)

Survival (%)
3
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DD-70 (ng/9)

B) 100, »—\_\

50 LD50=210.4ug/g
(89.3-495.71g/g)
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0 06 6 55 114
BPAF (ng/g)

Figure 7.1 Lethal median 50 (LD50) values and confidence intervals of (A) DD-70 and (B)

BPAF in mid-incubation chicken embryos.
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Figure S1. Morphometric effects of in ovo 1,7-bis (4-Hydroxyphenylthio)-3,5-
dioxaheptane(DD-70) exposure on (A) head and bill length, (B) tarsus length, (C) liver mass,
and (D) liver somatic index. Endpoints were determined for all embryos that pipped (n= 4-
13/dose group). Error bars represent the standard deviation, and significant changes are indicated

relative to the dimethyl sulfoxide (DMSO) control(*p < 0.05; one way ANOVA).
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Figure S2. Morphometric effects of in ovo Bisphenol AF (BPAF) exposure on (A) embryo mass,
(B) head and bill length, (C) tarsus length, (D) liver mass, and (E) liver somatic index.

Endpoints were determined for all embryos that pipped (n=4-13/dose group). Error bars
represent the standard deviation, and significant changes are indicated relative to the dimethyl

sulfoxide (DMSO) control (*p < 0.05; one way ANOVA).
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Table 7. 3. Mean log2 fold change, standard deviation and Bonferroni adjusted p-values of

genes on the ToxChip and AestroChip array following expsosure to DD-70 and BPAF.

DD-70 M DD-70 T BPAF M BPAF T
100 114
Log?2 fold change
ToxChip ACSL5 -0.04 0.27 0.97 -0.04
ALAS1 0.15 0.38 0.68 0.21
ALDHIAL  -1.93 -0.57 0.44 -0.64
AOC1 3.01 1.00 1.05 0.27
APOB -0.08 -0.54 0.94 0.28
BATF3 0.27 -0.08 0.42 -1.70
CDKNIA 093 031 0.32 0.48
CRYAB -0.53 0.63 176 0.44
CYP1A4 1.06 0.85 0.60 -0.10
CYP3A7 2.40 1.98 2.50 1.83
CYP7B1 0.30 0.31 1.50 0.35
FGA -0.32 0.17 0.41 0.02
FGF19 6.81 3.53 251 NA
FOXAL -0.02 -0.05 0.80 0.14
G6PC -0.37 0.17 0.70 0.91
GADD45A  0.29 -0.09 -0.24 0.11
HMOX1 0.80 -0.40 -0.20 0.26
IGF1 -0.04 -0.41 -2.02 0.71
IL16 0.55 -0.27 -0.18 -0.16
IL1B 0.45 077 0.08 0.25
LBFABP 0.73 -0.48 0.24 -2.08
LEAP2 -0.68 -0.12 0.87 121
LSS 1.15 0.14 0.49 0.41
MAT1A -0.09 -0.50 0.50 -0.35
MGMT 0.17 0.13 0.84 0.08
MGST3 -0.81 0.51 -0.24 -0.39
MSH2 1.49 0.46 1.28 -0.40
MT4 0.07 0.62 1.40 -2.06
NOS2 -0.03 -0.06 0.28 0.07
PDK4 0.96 -0.33 1.26 0.41
POLB 0.08 0.70 0.02 1.14
POLK 0.48 0.16 -0.44 -0.24
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RPL4 0.53 0.02 0.38 0.22
scD 1.02 05315 | 0.68416667 1.8
SLCO1A2 237 0.06 111 2.86
SULTIBL  0.99 0.14 0.76 0.26
SULTIEL  -0.03 021 0.03 0.19
TP63 0.94 0.88 0.87 055
TTR 0.72 051 0.22 0.47
TXN 0.91 0.43 053 -0.19
UGTIA9  -0.37 0.34 NA 175
AestroChip APOV1 4.04 NA 2.68 1.26
CATH 0.97 021 0.43 -0.88
CYP7AL 0.38 045 0.68 110
ELV 11.89 1.09 0.17 10.80
VTG 1.47 0.35 0.34 -0.94
AVD 0.85 1.54 0.23 0.06
CPTIA 0.12 1.30 0.75 1.62
ORM1 1.31 1.05 -1.20 0.35
VCAML 0.05 0.67 0.85 0.45
VTG2 4.14 NA NA NA
ToxChip Standard deviation
ACSL5 0.52 0.32 0.58 0.51
ALASL 0.41 0.71 1.26 0.44
ALDHIAL  2.43 1.17 1.57 0.55
AOC1 2.87 221 113 0.82
APOB 0.45 0.69 0.34 0.08
BATF3 0.50 0.74 1.01 0.30
CDKNIA  0.70 0.97 0.82 0.48
CRYAB 212 0.90 0.56 1.15
CYP1A4 0.45 0.98 0.94 0.99
CYP3A7 1.53 1.73 0.99 2.22
CYP7BL 0.89 0.64 1.03 0.34
FGA 0.43 0.36 0.60 0.14
FGF19 0.93 0.63 1.78 NA
FOXAL 0.64 0.22 0.93 0.24
G6PC 0.82 0.34 1.25 0.27
GADD45A  0.60 0.55 0.33 0.60
HMOX1 0.61 0.36 0.77 0.51
IGF1 1.45 0.85 0.72 1.15
IL16 0.83 1.01 0.59 0.20
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IL1B 0.80 1.13 0.54 0.85
LBFABP 0.60 0.1 0.94 1.81
LEAP2 0.28 0.72 0.83 0.64
LSS 0.85 0.68 1.43 0.20
MATI1A 0.28 0.58 0.52 0.83
MGMT 0.40 0.35 0.58 0.26
MGST3 0.83 0.38 0.45 0.36
MSH2 3.03 0.68 2.72 0.27
MT4 2.46 1.41 0.62 1.16
NOS2 0.28 0.51 0.56 0.10
PDK4 0.81 1.15 0.66 0.62
POLB 0.14 0.75 0.35 0.50
POLK 0.47 0.39 0.35 0.22
RPL4 0.50 0.15 0.64 0.15
SCD 0.54 0.87 0.70 0.13
SLCO1A2 252 1.50 0.59 0.60
SULT1B1 048 0.29 0.67 0.09
SULT1EL 0.64 0.25 0.85 0.10
TP63 0.98 0.26 1.11 0.48
TTR 0.45 0.70 0.56 0.54
TXN 0.73 0.23 0.65 0.50
AestroChip UGT1A9 0.18 0.64 NA 0.54
APOV1 0.61 NA 1.83 1.22
CATH 0.26 0.46 0.33 0.57
CYP 1.77 1.88 2.28 0.88
ELV 0.28 1.43 0.85 1.71
VTG 1.42 1.09 0.54 1.37
AVD 1.21 0.89 0.52 1.18
CPT1A 0.54 0.49 0.29 0.60
ORM1 0.67 0.87 0.63 0.28
VCAM1 0.82 0.77 0.57 0.15
VTG2 3.87 NA NA NA
Bonferroni adj p value (by gene)

ToxChip ACSL5 1.000 0.968 0.376 1.000
ALAS1 1.000 1.000 1.000 1.000
ALDHIAL  1.000 1.000 1.000 0.888
AOC1 0.680 1.000 1.000 1.000
APOB 1.000 0.588 0.460 0.948
BATF3 1.000 1.000 1.000 0.144
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CDKN1A 0.724 1.000 1.000 1.000

CRYAB 1.000 1.000 0.536 1.000
CYPIA4 0272 1.000 1.000 1.000
CYP3A7  0.236 0.620 0.036 1.000
CYP7BL 1000 1.000 0.680 1.000

FGA 1.000 1.000 1.000 1.000
FGF19 0.003 0.009 0.309 NA
FOXAL 1.000 1.000 1.000 1.000
G6PC 1.000 1.000 1.000 0.160

GADD45A  1.000 1.000 1.000 1.000
HMOX1  0.464 0.532 1.000 1.000

IGF1 1.000 1.000 0.244 1.000

IL16 1.000 1.000 1.000 1.000

IL1B 1.000 0.728 1.000 1.000

LBFABP 0796 1.000 1.000 0.312
LEAP2 0.324 1.000 0.832 0.244

LSS 0.352 1.000 1.000 1.000
MATLA 1.000 0.756 1.000 1.000
MGMT 1.000 1.000 0.584 1.000
MGST3 0.772 0.444 1.000 1.000
MSH2 1.000 1.000 1.000 1.000

MT4 1.000 1.000 0.772 0.124
NOS2 1.000 1.000 1.000 1.000
PDK4 0.772 1.000 0.180 1.000
POLB 1.000 0.348 1.000 0.132
POLK 0.992 1.000 0.456 1.000

RPL4 0.636 1.000 1.000 1.000

ScD 0.876 1 0.66 0.104

SLCO1A2  1.000 1.000 0.356 0.108
SULTIBL  0.244 1.000 0.548 1.000
SULTIEL  1.000 1.000 1.000 1.000

TP63 0.784 0.024 1.000 1.000

TTR 0.232 0.688 1.000 0.544

TXN 0.424 0.844 1.000 1.000

UGTLA9  1.000 1.000 NA 0.438

AestroChip APOV1 0.012 NA 0.195 0.642
CATH 0.396 1.000 1.000 1.000

CYP 1.000 1.000 1.000 1.000

ELV 0.080 1.000 1.000 1.000
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VTG
AVD
CPT1A
ORM1
VCAM1
VTG2

0.448
0.856
1.000
0.472
1.000
0.079

1.000
0.048
0.028
0.552
0.512
NA

1.000
1.000
0.036
1.000
0.540
NA

1.000
1.000
0.240
1.000
0.132
NA
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